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Abstract 
Risk assessment methodologies that can distinguish between adverse and acceptable chemical 
induced biological effects will provide powerful tools for environmental agencies to use in conjunction 
with standardised technologies to manage chemical contamination effectively. To advance this 
technology in New Zealand, the following research describes a step-wise approach to develop and 
establish a suite of biological effect tests in the indigenous shortfinned eel (Anguilla australis) and 
the laboratory mouse (C57BU6 strain). 
Mice were exposed to polyaromatic hydrocarbons (PAHs) directly (via intraperitoneal [ip.] injection 
to benzo[a]pyrene [B[a]P or benz(a)anthracene [BA]), or indirectly (via clean soil spiked with B[a]P 
or BA and to soil from contaminated sites). Mice treated with multiple ip. doses of B[a]P (1 OOmg/kg) 
had significantly increased liver microsomal ethoxyresorufin O-deethylase (EROD) activity and 
cytochrome P450 concentration (P450 content), and hepatic-somatic index (HSI) compared to 
control. In contrast, EROD activity following ip. exposure to BA (1 OOmg/kg) was 1 0-15-fold less than 
for B[a]P, suggesting a higher affinity of B[a]P to the Ah receptor. 
When mice were exposed to soil artificially contaminated with two environmentally relevant doses 
of B[a]P and BA biomarker responses were not significantly different from controls. The inherent 
ability of soil to reduce chemical bioavailability, is probably the major contributing factor for this result. 
However, mice exposed to contaminated soil from a fuel loading site (MP 0) and soil, from the gas-
works site (PW) resulted in a significant increase in EROD activity of 2-fold and 4-fold respectively, 
compared to the controls. The total petroleum hydrocarbon (TPH) concentration of MP 0 soil was 
two times higher than the PW soil, which also directly correlates to the difference in EROD activity 
between mice exposed to these two soils. Although PW soil had a total PAH loading that was two 
orders of magnitude greater than MP 0 soil, the body burdens in mice exposed to these two soils 
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were similar. 
Eels were exposed to one of a range of compounds (B[a]P, Aroclor 1254, 17~-estradiol [E2], 4-
nonylphenol [4-NP], or chlorpyrifos [CP]) via ip. injection, or caged at sites that were potentially 
contaminated. Liver microsomal EROD activity of eels treated with multiple doses of B[a]P (1 and 
1 Omg/kg) and Aroclor 1254 (10 and 1 OOmg/kg) was significantly increased compared to the controls. 
Total P450 levels followed similar trends to EROD activity, but were not statistically significant. The 
induction of eel plasma vitellogenin (Vtg) following multiple ip. doses of E2 (1 OOmg/kg) was marked 
in ip. experiment 1. However, a reduction in Vtg induction following an identical E2 exposure in ip. 
experiment 2 suggests that other cues such as seasonal changes, and or, sexually immature 
dimorphism may be involved. A small increase in plasma Vtg concentration was measured following 
exposure to 4-NP but this was not significant. Plasma acetylcholinesterase (AChE) activity of eel 
was slightly inhibited following ip. exposure to CP, but brain AChE was not affected by this or any 
other test compound. Similarly liver glutathione S-transferase (GST) did not respond to any 
treatments. 
Eels caged at a potentially impacted site on the Heathcote river showed significantly greater levels 
of EROD activity compared to an upstream site on the Heathcote river. While trends in the other 
biomarker responses were apparent in the eels caged at the potentially impacted Heathcote site, 
none were significant. Similarly, no significant differences between other potentially impacted and 
pristine sites were observed for any of the other biomarkers tested. 
The sensitivity of EROD activity to a range of compounds when exposed in the laboratory and field 
was demonstrated in both animal models. While mixed responses were observed for the other 
biomarkers, it is clear that further research is required to determine their suitability as a monitoring 
tool in these two test species. 
Key words: C57BU6 mice, Anguilla australis, shortfinned eel, biomarkers, cytochrome P450, 
vitellogenin, glutathione S-tranferase, acetylcholinesterase, environmental contaminants, 
intraperitoneal exposure, ex situ exposure, in situ exposure 
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1.1 Background 
Chapter 1 
INTRODUCTION 
"Ko te toto 0 te tangata 
He kai 
Ko te oranga 0 te tangata 
He whenua" 
Food supplies the 
blood of humankind 
Our well-being is reliant 
on the land 
(Maori Proverb, Brougham & Reed 1963) 
In every respect, human development and security are intricately linked to the productivity of 
ecosystems and therefore our future depends on their continued viability (United Nations 
Development Programme et al. 2000). However, scientific and technological developments in the 
twentieth century have heralded unprecedented changes in human society and the global 
environment. While these changes have, for the most, effected many positive developments for 
society they have also created an increasing number of negative impacts on the global environment. 
A modern values system where cost benefit analyses often favour societal demands and economic 
wealth over sustainable environmental capacity and well-being is a noticeable trend. This can be 
illustrated by the plethora of sophisticated economic indicators that have been developed to regularly 
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chart economic health. A similar commitment to the environment is not as forthcoming. High on the 
agendas of many countries is a concern for the state of the worlds environment due to current 
industrial, agricultural and urban practices combined with the effects of a growing world population. 
However, maintaining or improving the current state of the environment is proving very difficult due 
to the inherent complex nature of environmental processes, the extent of environmental damage at 
the local or global levels, and the underlying social and economic considerations (United Nations 
Development Programme et al. 2000). 
The wide-spread acclaim of landmark publications like 'Silent Spring' (Carson 1962) and more 
recently 'Our Stolen Future' (Colborn et al. 1997) have propelled the issue of world-wide 
environmental damage resulting from chemical pollution into the critical spotlight of scientific, political 
and public forums. Chemicals have played an integral role in human society for thousands of years. 
The usefulness and indispensable value that they have in modern society can be illustrated by the 
estimated 10 million natural and synthesised chemicals that have been used by humans (Zelikoff 
1997). Furthermore, approximately 70,000 of these are used on a regular basis, while 200-1000 
new compounds are thought to be synthesised annually (Connell et al. 1999). However, the 
unintended results of over-enthusiastic and indiscriminate use of chemicals during industrialisation, 
and intensified application and utilisation of natural resources by agriculture, forestry, mining, and 
urbanisation have been counter-productive and have resulted in a wide range of adverse 
environmental effects (Francis 1994). In the past, chemical damage to the environment has largely 
been identified retrospectively and in response to acute and localised events such as industrial 
accidents (Seveso and Bhopal), oil spills (Amoco Cadiz and Exxon Valdez) and chemical pollution 
of the Great Lakes of North America. Generally these events have been measured in terms of 
human health impacts and visible changes resulting from the loss of particular populations or 
communities. However, long term and chronic exposure to sub-lethal environmental stress caused 
by pollutants, including chemicals, will seldom result in rapid and catastrophiC change. Rather, the 
impact will be gradual, subtle, and frequently difficult to identify from the myriad of natural and other 
human factors and processes that modulate environmental change (ozone hole, global warming). 
This latter problem has been a significant limitation in assessing environmental impact since 
investigations began in the 1960's (Moore et al. 1999). 
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1.2 Ecotoxicology 
The increase in scientific effort that was directed towards understanding the nature and extent of 
chemical impacts on the environment began shortly after the Second World War. The field of 
toxicology expanded from studying the impacts of human exposure to chemicals to studies related 
to the impacts of chemicals on the environment, the latter becoming known as 'Environmental 
Toxicology'. The major tools available to environmental toxicologists were detection of toxic residues 
in the environment or in individual organisms and testing for the toxicity of chemicals on a selected 
number of animals other than man. However, to predict the impact of pollutants on wildlife species, 
populations, and whole ecosystems a much more multi-disciplinary approach was needed {Forbes 
& Forbes 1994}. In the 1960's, convergence of a number of scientific disciplines to address these 
issues denoted the genesis of a new branch of science. The term 'ecotoxicology' was first coined 
by Professor Truhaut in 1969 {Zelikoff 1997; Connell et al. 1999}. He described the essence of this 
scientific field as the study of the environment {ecology} combined with the study of the effects of 
chemicals on individual living organisms {toxicology}. Amongst the array of ecotoxicological 
techniques that have been developed, biological effects based tests at the organism level have risen 
to prominence in the last decade. The principle underlying these tests relies on measurable changes 
in physiological, biochemical, and/or molecular structure or function that occur in an individual after 
a period of exposure to a sub-lethal or lethal concentration of chemical contaminant/so 
In contrast to other countries the application of ecotoxicology and its related techniques in New 
Zealand, such as biological effects tests to understand pollution effects, is in its infancy. However, 
there is an increasing acceptance of the value of ecotoxicology and the potential it offers which also 
coincides with efforts to collate existing New Zealand specific data and generate new high quality 
environmental data. Through continued effort in these areas, it is envisioned that the significant 
information gap regarding the state and current impacts of chemicals in New Zealand can be 
addressed. 
1.3 Research Objectives 
The overall objective was to develop New Zealand specific information on the utility of biological 
effects testing to characterise chemical contamination effects by using at least one native species 
as a test model and employing New Zealand test sites in the concluding phases of the experimental 
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testing framework. 
1.3.1 Broad Research Objectives 
To investigate the utility and sensitivity of selected biological effects based tests in two animal 
models (the shortfinned eel and laboratory mouse), to sub-lethal chemical exposures via a series 
of laboratory and field based experiments. 
1.3.2 Specific Research Objectives 
A. To optimise the following assays: 
i) A spectrophotometric assay to determine total hepatic microsomal cytochrome 
P450 concentration (P450 content) in eels and mice. 
ii) A biochemical assay to measure hepatic microsomal cytochrome P450 
1A1P4501A1 activity (EROD activity) in eels and mice respectively. Pooled liver 
tissue will be used to optimise the assay parameters; protein and substrate 
concentration, pH , and temperature, in each test species. 
iii) A biochemical assay to measure serum and brain acetylcholinesterase (AChE) and 
hepatic S-9 fraction glutathione-S-transferase (GST) activity in eels. 
B. To develop an enzyme linked immunosorbant assay (ELISA) that is specific for eel 
vitellogenin (Vtg) by: 
i) Inducing the production of Vtg in eels via intraperitoneal (ip.) administration of 
pharmacological doses of the female sex steroid 17~-estradiol (E2). Plasma will 
be collected and the Vtg purified by chromatographic techniques. The isolated Vtg 
protein was characterised by gel electrophoresis. 
ii) The isolated Vtg protein will be used to raise polyclonal antibodies in rabbits, which 
was used to develop an ELISA to measure eel Vtg. 
iii) Optimise the ELISA 
C. To measure biomarker responses in eels and mice exposed to selected chemical 
contaminants under controlled laboratory conditions 
i) Identify key chemical compounds of environmental concern in New Zealand 
terrestrial and surface water environments that will be used as positive controls for 
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the laboratory exposure experiments. 
ii) Measure biomarker responses in eels and mice following ip. administration of 
selected chemical compounds that are also present in the environment. 
iii) Determine the actual and temporal responses of mouse liver EROD activity and the 
P450 content following exposure, via an ecologically relevant route, to sub-lethal 
doses (ecologically relevant high and low doses), of one of two organic test 
compounds. 
D. Application of the test species and selected biomarkers to: 
i) ex situ exposures in mice (EROD activity and P450 content) that are exposed to 
soil from 'real' sites contaminated with organic compounds. 
ii) in situ exposures in eels (hepatic EROD activity, P450 content, and GST activity, 
plasma Vtg concentration, -brain and plasma AChE activity) caged at various 
locations upstream and downstream of pOint/non point sources of contamination. 
Chapter 2 
LITERATURE REVIEW 
2.1 State of the New Zealand Environment 
New Zealand's 'clean green' environmental reputation is heavily marketed overseas to sustain 
growing tourism, agricultural, and horticultural industries. However, comments made in an 
Organisation for Economic Co-operation and Development (OECD) commissioned report refute 
these claims because of a paucity of high quality, centralised, and standardised environmental data 
(Taylor et al. 1997). Despite innovative environmental legislation (Resource Management Act [RMA] 
1991; Fisheries Act 1996), and a commitment to international declarations (Rio Declaration 1992), 
the need to consolidate and strengthen the knowledge base with respect to the New Zealand 
environment, has been identified as a key issue underpinning future economic growth in New 
Zealand [Ministry of Research Science and Technology (MRST) 1995, 1996]. To facilitate this 
vision, the Environment 2010 Strategy (E201 0) was developed (MRST 1995) which in turn was aided 
by the release of significant government funds in the form of the 'Green Package' in 1996. 
In 1997, the Ministry for the Environment (MfE) published a comprehensive review of the state of the 
New Zealand environment (Taylor et al. 1997) as part of their obligation under E2010. Reference 
within the review to New Zealand's level of waste in production as comparable to other OECD 
countries, combined with estimates that New Zealand has an "ecological footprint"(the land needed 
to supply resources and absorb wastes) that is almost twice the average for OECD countries (Taylor 
et al. 1997), support calls for more data on environmental quality trends. One issue driving these 
concerns is chemical contamination of the New Zealand environment. Although chemical 
contamination in New Zealand is generally lower compared with other countries (Hickey 1995), 
scientific research (Worley Consultants Ltd 1992; reviewed in MfE 1998) coupled with numerous 
media reported examples of industrial and urban environmental contamination (Szabo 1993; Watts 
1994) (Table 2.1), suggest that current primary industry inputs and a number of specific geographical 
sites warrant scientific investigation. 
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Table 2.1: The nature and source of chemical contamination in New Zealand 
Sector Activity Chemicals of Concern (major groups) 
Industrial Chemical manufacturing acids/alkalis, heavy metals, non-metals (boron, arsenic, 
(paint, pesticide and pharmaceutical sulphides, chlorides), solvents (toluene, benzene), 
manufacturing and use) organochlorines (dichlorodiphenyl trichloroethane [DDT], 
dieldrin), other organic compounds (phenols, 
carbamates, organochlorines, creosote) 
Petrochemical, gas, coal and energy (oil hydrocarbons (petrol, diesel, polyaromatic hydrocarbons 
refineries, fuel storage tanks, bitumen [PAHs], tars), phenols, phthalates, alkyl phenol 
production, power stations, oil refining, ethoxylates, acid/alkalis, metals, asbestos, fuel and coal 
gasworks) products, cyanide and sulphur compounds, other organic 
and inorganic chemicals 
Transport sector (fuel depots, service hydrocarbons, asbestos, polychlorinated biphenyls 
stations, automotive repair shops, railway (PCBs), pesticides, metals, acids, solvents 
yards, airports) 
Waste disposal (Ieachates from landfills inorganics, gases (methane), cyanides, phenol, PCBs, 
and waste dumps) acids 
Urban Sewage (domestic, some industrial) numerous (including endocrine disruptors) 
Storm-water run-off (oil products, dust PAHs, heavy metals, organics, inorganics 
from vehicle exhausts, industrial 
chemicals) 
Pesticides (animal poisons; insecticides, organochlorines, organophosphates, carbamates, 
herbicides, fungicides) ammonia, hydrogen sulphide, cadmium 
Agricultural Fertiliser residues organochlorines 
Storage areas and dumps organochlorines 
Sewage (animal poisons, insecticides, organochlorines, organophosphates, carbamates, 
herbicides, fungicides and antihelmetic ammonia, hydrogen sulphide, cadmium 
pesticides) 
Forestry Pulp and paper, timber treatment, forestry resin acids, chlorinated organics, dioxins, copper, 
operations chromium, arsenic, pentachlorophenol (PCP), chlordane 
Table sourced from Macintyre et al. 1989; Williamson 1991; Sinner 1992; Worley Consultants Ltd 1992; Hickey 1995; 
Aislabie et al. 1997; Auckland Regional Council 1995; Taylor et al. 1997; Jones 1998; MfE 1998; Timperly & Kuschel 
2000. 
Landfills, industrial sites, chemical manufacturers and storage facilities, sawmills and timber 
treatment facilities, urban sites, and agricultural chemical use, storage and disposal sites are the 
major sources of terrestrial contamination. The number of potentially contaminated industrial sites 
and landfills in New Zealand are estimated to be 7,800 (Worley Consultants Ltd 1992; Taylor et al. 
1997). Approximately 20% of these sites are considered to pose a high risk to human health or the 
environment (Worley Consultants Ltd 1992). Sites listed as hazardous include landfills, timber 
treatment facilities, service stations and gas sites. In many cases, the activity causing the pollution 
has ceased. However, environmentally perSistent chemicals that have contaminated soil through 
spills, seepage, and transportation can still pose risks years after the initial contamination event. For 
example, recent concerns about human dioxin exposures from a decommissioned Ivon Watkins-Dow 
chemical manufacturing plant coincide with media reports that New Zealanders are exposed to 70 
times the recommended level of dioxins (McCurdy 2001). However, a report commissioned by the 
MfE to investigate the risk to New Zealanders from dioxin-like compounds concludes that the levels 
of dioxin-like compounds, while lower than in North America and Europe, are still cause for concern. 
Especially when it was shown that some subjects had body burdens of dioxin-like compounds that 
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were within a factor of 10 of body burdens that have been shown to cause reproductive and immune 
effects in laboratory animals (Smith & Lopipero 2001). Similarly cancer risk estimates for the New 
Zealand population that have been based on other human or animals studies suggest that there is 
a high potential risk of environmental exposure to carcinogenic chemicals (Smith & Lopipero 2001). 
Chemical inputs onto the land from agricultural activities are much less well characterised despite 
the wide use and high application rates of pesticides (Macintyre et al. 1989). It is estimated that 
there could be as many as 1,000 ineffective chemical storage areas and dump sites containing 
unwanted pesticides and herbicides and a further 1,000 private and farm landfills in existence (MfE 
1992b In Taylor et al. 1997). In addition, the existence of up to several thousand contaminated 
sheep and cattle dips are also having an unknown impact on the environment. Environmental data 
does exist for organochlorine compounds which were used heavily in agricultural applications 
between 1940 and 1970. Although organochlorine compounds were banned in 1989, their 
environmental persistence (parent compounds and metabolites) combined with the historical use 
of specific organochlorine compounds in agriculture have resulted in high soil concentrations and 
detectable levels in products grown or raised on these soils. 
Ironically, chemical pollution in the aquatic environment is usually a consequence of land based 
activities. In New Zealand, the agricultural sector utilises over half of the available land area and is 
the predominant industry in the middle and lower catchments of stream and rivers. Non-point source 
chemical inputs (paddock run-off) from this sector is postulated to be the leading source of pollution 
to rivers, lakes and streams (Taylor et al. 1997). However, there is little information available that 
quantifies the extent and impact of agricultural pollution. In contrast, urban pressures on water 
quality have been better characterised. It is estimated that chemical contamination from sewage 
disposal, and storm-water run-off, ranks second and third respectively behind agricultural pollution 
(Sinner 1992). Urban chemical pollution is particularly prevalent around estuaries, harbours and river 
mouths where over 80% of the New Zealand population live. Sewage from households and 
workplaces discharge vast amounts of human excreta, detergents and other substances (500 million 
tonnes produced annually) into one of the more than 220 sewage treatment facilities nationwide 
(Taylor et al. 1997). Treatment plants differ in the degree of treatment (primary, secondary, and 
tertiary) and treatment efficacy at periods of peak loadings, when treatment capabilities may be 
exceeded, resulting in sub standard discharges into rivers, estuaries and the ocean. Industrial 
discharges into sewers is location dependent and range from 0% to 35%. However, most major 
industries discharge their effluent separately under a special permit from local councils (Taylor et al. 
9 
1997). Pollution from storm-water run-off is problematic for three reasons. Firstly, storm-water 
run-off is channelled into gutters and drainage pipes before discharging, untreated, through outfall 
pipes into streams, rivers, lakes and coastal water (Taylor et al. 1997). Secondly, storm-water 
run-off contains a cocktail of contaminants from roadways, construction and industrial sites 
(Williamson 1991, Auckland Regional Council 1995). Thirdly, stormwater infiltration into many 
sewage systems through faulty pipework, or illegal connections can overload sewage systems and 
significantly reduce the efficiency of treatment facilities (Taylor et al. 1997). 
2.2 Biological Effects Based Testing 
2.2.1 Classical environmental tests 
To more accurately characterise chemical contamination in New Zealand, the MfE was given the 
responsibility (under the auspices of the E2010 strategy) to develop and implement a range of 
national environmental performance indicators. Classically, methods of monitoring chemical 
contamination on the environment have focused on residue analysis of environmental media and 
tissue samples. This analytical approach can demonstrate the presence or absence of a wide range 
of contaminants, with high selectivity and sensitivity. Risk assessors and environmental managers 
then relate individual contaminant concentration to toxicity data derived from laboratory animal 
exposure to singular chemicals, to predict adverse health effects (Peakall & Walker 1994). However, 
this approach alone does not reveal the full biological significance of chemical concentrations 
measured in environmental samples (Shugart et al. 1992). In addition, chemical residue analysis 
only offers a snapshot in time and space, and therefore may not be able to affectively detect the 
presence of chemical contaminants that do not bioaccumulate and/or are rapidly metabolised and 
excreted. Furthermore, to measure chemical residues in environmental matrices is difficult and 
requires specialist equipment and knowledge. Therefore, to fully assess complex mixtures of 
contaminants a significant effort and financial outlay is required making the monitoring of temporal 
and spatial concentrations of contaminants by means of chemical analysis logistically and financially 
difficult. Residue analysis of environmental matrices alone is unable to answer the question of how 
much of the chemical is available to the biological receptor (bioavailability). Depending on the 
chemical, environmental matrix and biological receptor the amount of chemical that is available can 
vary by orders of magnitude (Kendall et al. 1996). Residue analYSis of tissue samples does provide 
information about bioavailability but it does not reflect the effective impact of any compound that can 
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be metabolised by the organism, while the relationship between tissue concentration and toxic effect 
is often complex and not well understood (Shugart et al. 1992; Kendall et al. 1996). 
2.2.2 Ecotoxicological tests 
While residue analysis methodology forms the foundation of most environmental monitoring in New 
Zealand, it is accepted that there is a lack of data and standardised tests linking the entry of 
chemicals into the environment with the biological fate and biological impacts of these chemicals 
(Taylor et al. 1997). In order to address these concerns, the main areas of scientific investigation 
have focussed on: a) the continuation of toxicity tests to investigate toxicological effects of individual 
chemicals to fulfil regulatory and registration requirements, b) the entry, distribution and fate of 
pollutants in the environment, (entry, movement, storage and transformation), and c) the effects of 
pollutants on living organisms (at the level of the individual animal or at the population level) (Sol be 
1993; Forbes & Forbes 1994; Walker et al. 1996). 
In recent times, considerable research effort has been directed towards understanding the biological 
effects of chemical exposure. Population monitoring as a means of measuring the effects of 
pollutants on living organisms can provide the ultimate indicator of undesirable ecological effects. 
At this level, it may be possible to detect changes in the numbers of individuals, species occurrence, 
reproductive capacity, and gene frequency (eg. resistance of insects to insecticides) and correlate 
these to community or ecosystem effects (e.g. soil nitrification) that are attributable to pollution. 
However, its value as a early warning system is limited because at this stage irreversible damage 
(organism death or impaired function) may have already occurred (Mayer et al. 1992) thus making 
it difficult to establish causality (Shugart 1993). In addition, population responses are also influenced 
by natural variation in wild populations and imprecision in field sampling techniques making them 
equivocal indicators of effect (McCarthy & Shugart 1990). 
2.2.3 Biomarkers 
Biological effects testing at the organism level and below, although not a new concept (Kloepper-
Sams & Owens 1993; PeakaIl1994), has recently been an area of intense research activity and 
critical evaluation, especially with respect to their functional value to ecological risk assessment 
(Weeks 1995; Holdway 1996; McCarty & Munkittrick 1996). Ascribed the term "biomarkers", a 
succinct definition for these biological effects based tests is still the cause of much debate. In 1987 
the National Research Council (NRC) proposed, with an emphasis on human health, the following 
definition of a biomarker: Biomarkers are "indicators signalling events in biological systems or 
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samples following chemical exposure" (Schlenk 1999). In 1990, Adams modified this definition to 
encompass characteristics of organisms, populations, or communities that respond in measurable 
fashion to changes in the environment (Adams 1990). This definition was altered further by 
Depledge (Depledge 1993; Depledge et al. 1994) who added behavioural responses and included 
ecotoxicological concepts such as latency and genetic diversity. Following on from the NRC 
definition, three classes of biomarker have been defined. The first called 'biomarker of exposure' 
estimates the internal dose or bioavailability of a chemical or its metabolite in an organism via a 
response to the initial interaction of the chemical contaminantls and the target cell, or molecule 
(Schlenk 1999). The second class is called 'biomarkers of effect'. The fundamental concept of 
these biomarkers follows the hypothesis that adverse environmental effects are preceded by the 
induction of cellular defence or adaptation responses at the sub-organism level. However, if the 
capacity of these mechanisms are exceeded then higher level damage will occur. Whether this 
damage is reversible or irreversible depends on the nature of the damage and capacity of the 
damaged system. Irreversible damage can result in further impairment at higher levels depending 
on the developmental, reproductive, nutritional status of the organism (Brewster-et al. 1992; Schlenk 
1999). The third class, biomarkers of susceptibility, differs from the previous two classes in that they 
do not represent stages along the dose-effect continuum but are conditions that increase the rate 
of transition between these steps (Brewster et al. 1992; Barrett et al. 1997). Therefore, biomarkers 
of susceptibility can be defined as indicators of the mechanistic processes that cause variability 
among the compartment in the continuum between exposure and effect (Brewster et al. 1992; Travis 
1993; Timbrell et al. 1994; Barrett et al. 1997). 
Biomarkers have also been classified according to their specificity. Nonspecific biomarkers are 
indicative of a nonspecific response to stress and include any measure that is altered by exposure 
to a variety of stressors, and therefore can integrate the simultaneous impacts of multiple toxicants 
or environmental factors on the organism. Well known examples of these biomarker types include 
physiological responses (Handy & Depledge 1999), histopathological responses (Hinton et al. 1992) 
stress proteins (Lewis et al. 1999), and deoxyribonucleic acid (DNA) damage (Garte 1994; Shugart 
2000). In contrast, specific biomarkers can involve the quantification of specific enzymes or 
biomolecules in a tissue and they can indicate exposure to a specific chemical or a related group of 
compounds (Shugart et al. 1992). Examples of these include the inhibition of AChE by carbamates 
and organophosphates (OP) where the degree of inhibition is closely related to tissue exposure 
(Mineau 1998), and metallothionein proteins which are induced by exposure to heavy metals 
(Benson et al. 1990; Garvey 1990). 
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For the purposes of my research I have subscribed to the definition of a biomarker as a biological 
indicator of change, an early, sensitive, quantifiable measure of altered function in an organism in 
response to an environmental stressor such as chemical contaminants (Kloepper-Sams & Owens 
1993). 
In human and veterinary medicine, and clinical toxicology, the concept of biomarkers has been in 
existence for many years. The ideology of routine clinical tests is generally understood to be a 
method where measurements that occur outside a range of well established 'normal values' 
(background) can be interpreted as an indicator of serious higher level health effects (Kloepper-
Sams & Owens 1993). This model of biomarker application in human health, veterinary toxicology 
and drug testing underlays the vision for the future implementation of biomarkers in environmental 
health management. However, the increasing emphasis towards establishing causative links with 
higher order and more ecologically relevant effects appears to be the greatest challenge facing 
researchers (Clements 1994; Summers et al. 1997; Mineau 1998; De Coen 2000). 
The application of biomarker techniques can provide useful information about the bioavailability of 
bioactive compounds. In some instances, a biomarker response can confer evidence that an 
organism has been exposed to toxicants at levels that exceed normal detoxification capacity 
inducing responses at a higher level of biological organisation (Kloepper-Sams & Owens 1993). 
However, for many biomarkers, a causative link has yet to be established. So, while population 
stresses will be preceded by a biochemical response, all biochemical responses may not result in 
population stress. In addition, some biomarkers can respond rapidly and with a high degree of 
sensitivity to chemical contaminants, or classes of contaminants. Together, these can form the basis 
of an 'early warning system' of potential long term effects (McCarthy & Shugart 1990; Peaka1l1994; 
Bucheli & Fent 1995). In addition, they can provide evidence of exposure to compounds that do not 
bioaccumulate or are rapidly metabolised and eliminated (Fossi et al. 1994; McCarthy & Shugart 
1990). The inherent nature of biomarkers also reflects the capability of integrating exposure to an 
entire range of contaminants present in the environment (McCarthy & Shugart 1990; Peaka1l1994; 
Kloepper-Sams & Owens 1993) through cumulative, synergistic, or antagonistic effects of a complex 
mixture of contaminants on biological systems (Walker 1998). Furthermore, spatial and temporal 
variation of any influential factor is also incorporated (Mayer et al. 1992; McCarthy & Shugart 1990). 
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2.2.4 Implementation of biomarker technologies 
Like with other monitoring technologies, careful consideration of the scientific limitations, financial, 
and logistical ideals will aid in the effectual implementation of biomarker technologies. For example, 
the biomarker should be easy and inexpensive to measure. Many simple biomarker technologies 
are currently available and there is an increasing emphasis towards creating novel biomarkers or 
adapting existing technologies to user friendly "low tech" tools. Ideally, the technology should be 
capable of processing a large number of samples, or individuals, quickly and easily but more 
importantly the response should be repeatable. The biomarker should also be sensitive enough to 
respond to sub-lethal or environmentally relevant concentrations of the chemical compound/s of 
concern. Where possible, biomarker selection should be based on the known toxicological 
mechanism of action of the contaminant, thus maximising the probability of signalling a response. 
The measured response should be dose or time-dependent so that the magnitude of the exposure 
or effect can be verified and measured (Shugart 1993; Mayer et al. 1992). It is also important to 
understand the kinetics of the biomarker response as this will influence the sampling regime and 
biomarkers employed for a specific study (Shugart 1993). Not all of these criteria need to be fulfilled 
for a biomarker to be useful but they will assist in biomarker selection, study planning, 
implementation and data interpretation. 
All biomarkers demonstrate variability. Variability of response can be divided into two categories; 
those due to endogenous factors such as genetic heterogeneity, diversity of age and size classes 
and those due to exogenous factors like methodological variability (sample collection and storage, 
errors in assay analysis and instrumentation, reagent purity), and chemical and environmental 
stressors (temperature, predation, disease) (Figure 2.1). Biomarker response variability is more 
prevalent in field studies compared with laboratory studies (Lockhart & Metner 1985) due to a larger 
variability in food quality, effects of sampling and handling, and a host of other factors (Mayer et al. 
1992). Biomarker variation that is intrinsic to the species is more difficult to predict. However, it can 
be accounted for by establishing baseline data from appropriate uncontaminated or reference sites 
in a larger sample (Shugart 1993). In addition careful planning and thoughtful experimental design 
can minimise these effects (collecting samples between reproductive seasons, controlling ambient 
temperature) (Bucheli & Fent 1995). 
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Figure 2.1: Factors influencing biomarker responses and possible interactions 
among factors. (Adapted from Bucheli & Fent 1 H95; Van Der Kraak 1998). 
Biomarker technologies can be incorporated into a range of in vitro and in vivo experimental 
frameworks depending on the experimental objectives. In vivo experiments can vary according to 
the following exposure regimes: 
1. Artificial laboratory exposures that control exogenous variation (temperature, light, humidity, 
nutritional status) and in some instances endogenous variation (age, sex, genetic stock). 
Xenobiotic exposure routes can be environmentally relevant (water bourne exposures, soil 
exposures) or they can be non relevant (intraperitoneal injections). In these instances the 
chemical is always added to the experimental system. 
2. Laboratory controlled conditions where organisms are exposed to environmental matrices 
that have been derived from contaminated sites and which contain complex mixtures of 
chemicals/effluent (ex situ). 
3. In situ contaminated site exposures where organisms are caged or housed (endogenous 
variation controlled). 
4. Field sampling using animals that have been livin~1 at the contaminated site (endogenous 
and exogenous variation not controlled). 
Despite the wealth of information that laboratory models have yielded through identification and 
characterisation of individual chemicals there is an increasing trend towards assessing the effects 
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of chemical mixtures and complex effluents as well as progressing to the more realistic in situ 
exposure studies (McBee & Bickham 1990). However, the greater the realism of exposure and 
ecological relevance the greater the variation in the biomarker responses are likely to be. Logistical 
effort and financial cost also tend to increase with increasing environmental relevance. 
2.3 Biomarkers of the Biotransformation Pathways 
The biotransformation pathway represents the process where foreign compounds that are constantly 
being absorbed by organisms, particularly lipophilic compounds, are converted into products which 
are readily excreted. The reactions catalysed by xenobiotic-biotransforming enzymes are generally 
divided into two classes termed Phase I and Phase II reactions (Eaton & Klaassen 1996). Animal 
studies of the metabolism pathways can provide useful information about the capacity of individuals 
of different species to metabolise xenobiotics and their susceptibility to these compounds (Stegeman 
& Kloepper-Sams 1987). The measurement of detoxifying enzymes in animals as indicators of 
environmental contamination has both practical and conceptual appeal. Firstly, these enzyme are 
usually measured in hepatic tissue. Secondly, the constituative levels of these enzymes are high 
enough to measure. Thirdly, these enzyme systems can be induced by a variety of environmental 
contaminants and finally, the induction of these enzyme systems by specific environmental 
contaminants may significantly alter susceptibility to repeated exposure (Lubet et al. 1990a). 
2.3.1 Phase I biotransformation reactions 
Phase I reactions mostly involve hydrolysis, reduction, and oxidation where a functional group (-OH, 
-NH2' -SH, or -COOH) is introduced or exposed on the xenobiotic resulting in a small increase in 
hydrophilicity. The functional groups exposed by phase I reactions are often the active site for a 
phase II reaction. Among the Phase I enzymes, the P450 superfamily of enzymes has the greatest 
catalytic versatility and number of xenobiotics it detoxifies, or activates to reactive intermediates 
(Parkinson 1996). 
2.3.1.1 Cytochrome P450 
In 1996, a comprehensive review of the P450 enzyme families documented a total of 481 P450 
genes and 22 pseudo genes in 85 eukaryotic and 20 prokaryotic species organised into 74 families 
(Nelson et al. 1996). In 2000, these statistics had increased to 251 gene families (Nelson 2000). 
Amongst the array of mammalian gene families, it is postulated that only four families react towards 
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xenobiotics (families 1-4) (Stegeman 1993) while the remaining families are thought to act mainly 
on endogenous substrates (Guengerich 1994). Individual P450 enzymes are grouped together into 
families and subfamilies based on the degree of primary sequence similarity (Stegeman & Hahn 
1994). Enzyme protein nomenclature operates according to the following system. Cytochrome 
P450 is abbreviated as CYP. Following the CYP designation will be a number identifying the family, 
a letter identifying the subfamily, and another number identifying the individual enzyme (Nelson et 
al.1996). 
The P450 system is located in the endoplasmic reticulum and is involved in various endobiotic and 
xenobiotic metabolic pathways through one of three distinctive reaction pathways. They are; a) 
mixed function oxidase or monooxygenase activity; b) the uncoupling of the P450 reaction cycle or 
oxidase activity (metabolism of aniline and benzene); and c) reductase activity (under anaerobic 
conditions P450 can metabolise specific substrates using this reaction pathway) (Wislocki et al. 
1980; Vermeulen 1996). Despite the existence of other reaction pathways P450's are generally 
classed as monooxygenase. In the presence of O2 and NADPH, monooxygenase can perform 
hydroxylation, epoxidation, 0-, or S-dealkylation, deamination, sulfoxidation, desulfuration, and 
oxidative dehalogenation (Wislocki et al. 1980; Vermeulen 1996) of a wide range of endogenous 
(steroids and steroid derived compounds, fatty acids and fatty acid derivatives, plant secondary 
metabolites) and exogenous (industrial chemicals, pesticides, synthetic intermediates and 
byproducts, chemical carcinogens, fungal and plant derived compounds, drugs, other natural 
products) chemicals (Stegeman & Hahn 1994). 
Depending on the rate of formation of the reactive intermediates, the presence of nearby Phase II 
enzymes, and the inherent chemical stability of the oxygenated intermediate, two possible pathways 
exist. There can be further metabolism (eg hydration or conjugation with glucuronic acid, glutathione 
or sulphate) and excretion of innocuous highly polar products from the cell or, covalent binding of 
the oxygenated intermediate to proteins and nucleic acids (responsible for drug toxicity, 
carcinogenesis, mutagenesis, teratogenesis). Though primarily a pathway of detoxification the P450 
biotransformation of inert parent compounds into bioactive metabolites can also elicit toxic effects 
(Table 2.2). 
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Table 2.2: Toxic effects that can be elicited by P450 
1 The conversion of protoxicants, promutagens, and procarcinogens to bioactive products which can lead to impairment of DNA integrity which in turn can lead to higher order effects. 
2 Induction of P450 can alter the rate of endogenous substrate metabolism either direclly or indirectly through competition for reducing (NADPH) equivalents. 
3 Direct or Indirect inhibition of P450 itself could affect the capacity for xenobiotic metabolism of 
endogenous compounds which in turn could impair function (depending on the type of P450 that is 
inhibited). 
4 Failure to complete a catalytic cycle substrate binding, electron transfer, and O2 binding can result in the formation of oxygen radicals which can themselves be toxic and/or mutagenic. 
Sourced from Lubet et al. 1990a, b; Stegeman et al. 1992; Stegeman & Hahn 1994 
Carcinogen bioactivation of a number of chemical contaminants (polyaromatic hydrocarbons [PAHsj, 
ego benzo[ajpyrene [B[ajPj; organochlorines [OCj, ego dichlorodiphenyldichloroethane [DDEj; 
polychlorinated biphenyls [PCBsj, ego Aroclor 1254; alkyl nitrosamines, barbituates ,ego 
phenobarbitol; aflatoxin B1) by P450 isozymes has been characterised for mammalian laboratory 
species (Conney 1982) and more recently for fish species (Stegeman 1993; Stegeman & Hahn 
1994). The P450 bioactivation of B[ajP has been well studied in many organisms. In a 
concentration of research effort in the 1970's the elucidation of the metabolic pathways and fate of 
the carcinogenic metabolites of B[ajP was finally achieved and now serves as a model for the 
metabolism of other compounds. 
One of the most characteristic features of P450 enzyme systems in mammals as well as fish, is their 
inducibility by substrates, and compounds structurally related to substrates (Stegeman et al. 1992). 
For example, in a non-induced animal the constitutive levels of CYP IA 1 and CYP2A are found at 
very low levels (less than 5% total P450 protein) but are markedly induced (up to 80% of total P450 
protein) by the appropriate inducing agents (Ionnides & Park 1990), a feature which is also reflected 
in the respective enzyme activities (Andersson & Forlin 1992). However, P450llE and P450111 are 
present in substantial amounts in non-induced animals (Ioannides & Parke 1990). The induction 
response of CYP1A is classically a process by which a chemical(s) bind to an intracellular receptor 
called the aryl hydrocarbon (Ah) receptor (Andersson & Forlin 1992; Guengerich 1994; Stegeman 
& Hahn 1994; Denison & Heath-Pagliuso 1998) which then stimulates the rate of gene transcription, 
resulting in increased levels of messenger RNA (mRNA) and synthesis of P450 protein. Based on 
the induction of CYP1A protein in fish and CYP1A1 protein in mammals the following sequence of 
events are thought to occur. Induction is initiated by the binding of PAH and halogenated 
hydrocarbon (HAH) compounds to the aryl hydrocarbon receptor complex (AHRC), a multimeric 
protein consisting of the Ah receptor, one or two heat shock 90 proteins (hsp 90), and possibly a 
46kDa may be a component of the unliganded complex (Hankinson 1995). Binding of the ligand 
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causes the release of aryl hydrocarbon receptor (AhR) from the AHRC. This process is postulated 
to occur either within the cytosol or within the nuclear envelope (Hankinson 1995). The AhR then 
associates with the AHR nuclear translocator protein (AR T), in an energy dependent process, to 
form a heterodimer. This complex then binds xenobiotic responsive elements (XRE) in responsive 
genes, via basic helix-loop-helix structures at the amino termini ends of both the AhR and ARNT 
(Hankinson 1995) allowing the cells transcription machinery access to the promoter region of the 
gene and the gene itself. This process is also energy dependent. The resulting mRNA transcript 
are transported to the cytoplasm where the message is translated into protein that is post-
translationally modified and inserted into the endoplasmic reticulum (Figure 2.2) (Andersson & F6rlin 
1992; Guengerich 1994; Stegeman & Hahn 1994; Denison & Heath-Pagliuso 1998). 
Endogenous ligand 
D 
~ AHRC · 
--
• 
~ I 
Xenobiotic 
I 
£ Excretable metabolite 
, 
") . ... . ~ . ~ 
_ _ Al..... I ~ TranSlatiOn~' ~~;::--
insert~on  
NUCLEUS 
Figure 2.2: P450 1A protein induction. Mechanis s controlling PAH induced gene 
expression in hepatocytes. 
This induction process affects multiple P450 genes and it is rare that only one isoenzyme is induced 
(Guengerich 1994). Control of this process is thought to occur at multiple levels. While most P450 
proteins have a similar half-life, there exists evidence that certain inducers have a stabilising effect 
on mRNA transcripts (Guengerich 1994). 
The induction phenomenon displayed by this enzyme underlay its utility for monitoring environmental 
contamination from specific chemicals. From extensive laboratory research it is evident that the 
P4501A enzyme system is inducible, in a dose dependent fashion, to specific classes and mixtures 
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of environmental chemicals such as PAHs, coplanar PCBs, and polychlorinated dibenzofurans and 
dibenzodioxins (Bucheli & Fent 1995). Furthermore, data suggests that the induction of this isozyme 
is more sensitive than other biomarkers at the biochemical, physiological, histopathological levels 
(Bucheli & Fent 1995). This sensitivity has also been shown in field studies. Induction has been 
repeatedly tested and proven as a biomarker in many different vertebrate models. However, both 
laboratory and field studies have demonstrated that several factors can modulate the induction 
response (Figure 2.1). Ambient temperature, will playa major role in poikilothermic organism 
metabolism, physiology and behaviour and the uptake of xenobiotics. Indirect effects on this system 
can also impact on bioavailability of contaminants from environmental matrices or the food chain 
(Buche Ii & Fent 1995). Seasonal variation in P4501A1 activity over a three year period was also 
observed in cotton rats inhabiting contaminated industrial sites (Lochmiller et al. 1999). Similarly, 
differences in P450 levels or activity have been reported between males and females. In mammals 
and also fish, males seem to contain higher hepatic P450 levels than females (Andersson & Forlin 
1992). In mammals numerous reports have documented differences between of sexual 
development with significantly higher enzyme content and activity in the livers of males compared 
with females during the reproductive season (Bucheli & Fent 1995). Nutritional status can also 
modulate this enzyme system. Levine et al. (1995) demonstrated a direct correlation between a 
decreasing condition factor and hepatic-somatic index (HSI) and a decrease in 7 -ethoxyresorufin-O-
deethylase (EROD) activity in fish. Likewise, fasting and dietary restriction in mammals increases 
the amount of specific P450 enzymes (Yang & Yoo 1988; Imoaka et al. 1990; Sohn & Fiala 1995). 
Furthermore, dietary fatty acid composition has been shown to increase EROD activity in fish 
(Bucheli & Fent 1995) and mammals (Yang & Yoo 1988; Shavila et al. 1994). 
2.3.2 Phase II biotransformation reactions and glutathione·Stransferase 
Several phase II reaction pathways exist for the biotransformation of compounds. These include 
conjugation with glutathione, conjugation with amino acids, glucuronidation, sulphation, acetylation, 
and methylation (Parkinson 1996). The co-factors for these reactions react with the functional 
moeity that is exposed during phase I reactions to increase the excretability of the compound 
(Parkinson 1996; Vermeulen 1996). In general, phase I reactions precede phase II reactions 
although some exceptions do exist (Parkinson 1996). 
2.3.2.1 Glutathione S-transferases 
Glutathione S-transferases are a mUlti-gene family of enzymes that catalyse the conjugation of 
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glutathione (GSH) with many foreign compounds (Chasseaud 1973; George et al. 1989; Picket & 
Lu 1989). Specifically, they catalyse the nucleophilic addition of a thiol group of GSH to electrophilic 
acceptors which include aryl and alkyl halides, olefins, organic peroxides, quinones, and sulphate 
esters (Chasseaud 1973; Picket & Lu 1989). It is postulated that these enzymes have three 
functions. The first is the conjugation of xenobiotic electrophiles with the endogenous nucleophile 
GSH to produce more soluble, excretable adducts, thereby protecting other nucleophillic centres in 
the cell such as proteins, nucleic acids (Chasseaud 1973; George et al. 1989). The second is the 
provision of a means of excretion for these electrophiles, since once conjugated with GSH, they 
acquire the necessary physicochemical properties for secretion into the bile (Chasseaud 1973; 
George et al. 1989). Lastly, they can covalently bind with highly reactive electrophiles in a 'suicide' 
reaction (George et al. 1989). 
Glutathione-Stransferase enzymes exists as a dimeric proteins made up of identical (homodimers) 
or different subunits (heterodimers). The existence of multiple isoforms of cytosolic GST has been 
shown in mammalian model species (rats, mice and human). Based on the primary sequence 
similarities of the proteins (Daniel 1993), at least 13 isoforms have been shown in the rat liver 
(George et al. 1989; Picket & Lu 1989), and four isoforms of cytosolic GST have been characterised 
in porcine liver extracts (Camacho et al. 2000). The subunits of these isoforms have been further 
classes into groups based on substrate specificity, purification and immunochemical studies. These 
classes are called alpha (a), mu (P), pi (IT), and theta (8) (Camacho et al. 2000). A further 
membrane bound isoform of GST has been isolated in rat, mouse and human liver preparations and 
is called microsomal GST (Daniel 1993). Evidence for the presence of multiple isoforms of fish 
cytosolic GST enzymes has been derived from substrate specificity (Donnarumma et al. 1988; 
George et al. 1989), purification and immunological studies (Leaver et al. 1992a). For example 10 
hepatic and 8 kidney GST isoforms have been isolated in the carp using glutathione affinity 
chromatography and chromatofoccusing (Noble et al. 1998). In addition isoforms which conform to 
the mammalian classes 1T (Machala et al. 1998; Gadagbui & James 2000; Perez-Lopez et al. 2000), 
f.I (Galagher et al. 1996; Washburn et al. 1996; Perez-Lopez et al. 2000),a (Galagher et al. 1996; 
Camacho et al. 2000), and 8 (Angelucci et al. 2000) have been identified in a range of fish species. 
For many toxic xenobiotics, glutathione S-conjugation represents a detoxification pathway (Pickett 
& Lu 1989). The glutathione conjugate is converted to the corresponding cysteine conjugate 
following sequential removal of glutamate and glycine. The cysteine conjugate is either metabolised 
to a mercapturate by acetylation or cleaved to mercaptan by ~-Iyase. In addition to the mercapturic 
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acid pathway, methylation of the thiol to form the methylthio-containing metabolite and the 
glucuronidation of the mercaptan to form the thioglucuronide represent important metabolic steps 
for the biotransformation of the cysteine conjugate. Thus, excretion of mercapturate and the CH3S-, 
CH3S0-, and CH3S02- containing metabolites are indicative of the in vivo formation of glutathione 
S-conjugates of xenobiotics (Pickett & Lu 1989). 
However, some glutathione and cysteine conjugates (mostly conjugates of halogenated 
hydrocarbons) are associated with the formation of unstable thiols, which may be converted to 
alkylating reagents or to stable but toxic metabolites which may have cytotoxic, (hepatotoxic, and 
nephrotoxic), carcinogenic, and mutagenic properties (Pickett & Lu 1989; Oekant & Vamvakas 
1993). 
Similar to the P450 enzyme system, GST isoforms can be induced by certain classes of xenobiotic. 
Studies conducted during the mid 80's to early 90's recorded the responses of total hepatic GST 
activity (using 1-Chloro-2,4-dinitrobenzene [CONS] as a substrate) to various substrates in a range 
of fish species (Fair 1986; Forlin et al. 1986; James et al. 1988; George 1989; Jensen et al. 1991; 
Oikari & Jimenez 1992; Noble et al. 1996). Results from these studies indicated that there was 
significant species and tissue induction variation. It has been suggested that the GST enzyme 
system is differentially regulated because changes in the different GST isoforms of plaice and 
flounder have been observed following single exposure to various xenobiotic compounds. (Leaver 
et al. 1992a; Leaver et al. 1992b; Scott et al. 1992). More recent studies using molecular and 
immunological techniques have confirmed this phenomenon (Machala et al. 1998; Noble 1998; 
Egaas et al. 1999; Camacho et al. 2000; Lenartova et al. 2000; Perez-Lopez 2000; van Schanke et 
al.2000). 
Like P450, the modulation of GST activity also occurs through xenobiotic independent mechanisms 
(Figure 2.1). The nutritional status has been shown to affect GST activity. Total GST activity 
increased in rainbow trout that were deprived of food and subjected to handling stress (Slom et al. 
2000). In addition, fish that were maintained on a low protein diet for 1 year had a higher ratio of 
homodimer:heterodimer GST enzymes compared to control indicating changes in the expression 
pattern of isoforms (Noble et al. 1998). Sex differences in cytosolic GST activities were observed 
in untreated plaice where immature males had twice the GST activity of immature females (George 
et al. 1990). In addition, marked seasonal differences in cytosolic GST activity have been recorded. 
Glutathione S-transferase activity was lowest in the summer months and highest during winter 
(George et al. 1990). Age is also another confounding variable. The differential expression of GST 
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Figure 2.3: GST subunit induction: Postulated mechanisms of halogenated 
hydrocarbon induced gene activation in rat hepatocytes. 
isoforms at different early life stages of zebrafish (Dania rerio) was postulated to have caused 
different patterns of uptake, toxicity and excretion of specific xenobiotic compounds (Wiegand et al. 
2000). In contrast, no difference in GST enzyme activity could be distinguished between mature and 
immature plaice (George et al. 1990). In contrast to the mechanism and regulation of P450 enzyme 
induction, no firm mechanism for GST induction has been elucidated (Talalay et al. 1987; Pickett & 
Lu 1989). In studies using rat Ya gene constructs that ha e been fused with the chloramphenicol 
acetyl transferase detection system and then transfected into the human hepatoma cell line (HepG2), 
a number of possible regulatory mechanisms have been proposed with respect to induction by 
planar aromatic hydrocarbons (Rushmore et al. 1993). 0 e mechanisms describes the formation 
of the ligand Ah receptor complex which is transported acro s the nuclear membrane where it binds 
to a xenobiotic responsive element to initiate transcription of the GST subunit gene. In another 
mechanism, the Ah receptor-ligand complex up regulates CYP 1A 1 which leads to the conversion 
of the planar aromatic to oxidation-reduction labile species, diphenols, animophenols, quinones. 
These 'active' metabolites then interact directly with an antioxidant responsive element (ARE) to 
initiate transcription of the GST subunit gene (Talalay et al. 1987; Rushmore et al. 1993), or create 
a 'pro-oxidative' environment within the cell which could activate transcription through the ARE. The 
third mechanism proposes that phenol antioxidants or pro-oxidative treatments create an 
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oxidative stress that induces transcription through an ARE mediated event that is independent of an 
Ah receptor and P450 {Pickett & Lu 1989; Rushmore et al. 1993} {Figure 2.3}. 
According to the enzyme induction patterns the chemical inducers have been classified by Talalay 
et al. {198?} into bifunctional inducers that induce both phase I and phase II enzymes {planar 
aromatic hydrocarbons for example}, and those that induce only phase II enzymes {diphenols, 
thiocarbamates, isothiocyanates, 1,2-dithio-3-thiones} {Daniel 1993}. 
The central role the GST enzyme system plays in the detoxification, and in some instances 
bioactivation, of a great number of xenobitoic and endogenous chemicals, coupled with the unique 
patterns of GST isoform induction, underlie its utility and use in the plethora of reported laboratory 
and field studies. The sensitivity and response patterns have been used to interpret the effects of 
xenobiotics under controlled conditions and at chemically impacted sites in the aquatic environment. 
2.4 Biomarkers of the Endocrine System 
The endocrine system of vertebrate organisms is a complex network of chemical signals and 
messages that work in conjunction with the nervous system to control and coordinate many short-
term, intermediate, and long-term functions {including regulating nutrition, metabolism, growth and 
sexual development, excretion, mineral homeostasis, reacting to external stimuli, and the production 
and utilisation of energy} {Hill & Wyse 1989}. The endocrine system consists of endocrine glands 
that secrete the hormones and target cells. Glands and nerve cells integrate and relay 
external/internal stimuli to the endocrine glands which respond by releasing hormones. Hormones 
then interact with specific receptors located on or in the target cells. The interaction of the hormone 
with a receptor in the target cell initiates a molecular event such as regulating gene expression to 
affect long-term changes, or modifying the activity of existing cellular proteins to produce rapid 
responses {Alberts et al. 1989; Hill & Wyse 1989}. Given the complexity of the signalling pathways 
and the critical nature of endocrine processes, each step is tightly regulated, through internal and 
external central nervous system cues and hormones via positive and negative feedback loops {Hill 
& Wyse 1989}. In recent times there has been a great deal of interest surrounding xenobiotics that 
modulate the endocrine system and these have been collectively called endocrine disrupting 
chemicals {EDCs}. These chemicals can alter endocrine function through a variety of mechanisms 
{Cooper & Kavlock 199?} and are thought to be responsible for at least some of the developmental, 
reproductive and other health problems that are associated with wildlife, laboratory animals and 
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human exposures to these chemicals (Kavlock et al. 1996; Toppari et al. 1996). The most 
characterised mechanism of action of EDCs is at the level of target cell interactions and it has been 
postulated that EDCs alter endogenous control by: 
1. Mimicking or partially mimicking hormones by binding to hormone receptors or influencing 
specific signalling pathways (hormone agonists). 
2. Blocking, preventing and altering hormonal binding to the hormone receptors or influencing 
cell signalling pathways (hormone antagonists). 
3. Altering the production and/or breakdown of natural hormones. 
4. Modifying the production and functional status of hormone receptors. 
Diethylstilbestrol (DES) is often proclaimed as a classic example of an EDC. Diethylstilbestrol was 
administered to millions of pregnant women during 1930s to insure a healthy full term pregnancy 
(McLachlan & Dixon 1976). Unfortunately, a large number of women prescribed DES developed 
breast and reproductive cancers as well as an increased incidence of problems during pregnancy. 
Children born to mothers taking DES showed a higher incidences of reproductive abnormalities at 
birth and developing reproductive cancers later in life (McLachlan & Dixon 1976). Examples of EDC 
impacts on wildlife have also been documented. A major chemical spill in the 1980's combined with 
continued sewage and agricultural inputs into Lake Apopka, Florida, are linked to a number of 
localised reproductive abnormalities in the local alligator population (Guillette et al. 1994). Similarly, 
wide scale pollution in the North American Great Lakes region has been linked to reproductive 
disorders in a variety of avian species (Mineau et al. 1984; Rattner et al. 1984). Furthermore, a high 
incidence of hermaphrodite fish downstream of major sewage effluent discharge points has been 
associated to EDCs (Harries et al. 1996; Montagnani et al. 1996; Harries et al. 1997). 
2.4.1 Teleost reproductive pathway and vitellogenin expression 
Coinciding with reports of EDC impacts on wildlife a major research effort to characterise these 
effects in wildlife was initiated in the 1990s. One area of active research has included the impacts 
of EDCs in teleost species. Reproduction in teleost fishes is a cyclic event, although the length of 
the cycle can vary dramatically as is the case for eels which mature once and then die. The 
reproductive cycle involves several distinct hormone controlled processes (Reviewed in Dodd & 
Sumpter 1984) that include formation of gametes (gametogenesis), production and release of eggs 
(spawning), fertilisation ofthe eggs, and hatching and larval development. Hormonal control ofthese 
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processes have been modeled largely using the rainbow trout (Bromage & Cumaranatunga 1988; 
Heath 1995) although evidence suggests similarities exist between many fish species including eels 
(Burzawa-Gerard & Dumas-Vidal 1991 ; Kwon & Mugiya 1994; Andersen et al. 1996; Komatsu et al. 
1996; Peyon et al. 1996; Luizi et al. 1997; Peyon et al. 1997; Huang et al. 1998; Lokman et al. 
1998). The production of eggs and sperm is triggered by abiotic factors, such as environmental 
cues, and biotic factors such as nutritional status. These factors are integrated by the hypothalamus 
which releases gonadotropin-releasing hormones (GnRH) and gonadotropin release inhibiting factor 
(GRIF). These peptide hormones modulate the pituitary to release one gonadotropin (GtH I) (Dodd 
& Sumpter 1984) and possibly a second gonadotropin (GtH II) (Ng & Idler 1983). Evidence suggests 
that GtH I, or GtH I and II maybe homologous in function to the mammalian follicle stimulating 
hormone and luteinizing hormone respectively. Together they stimulate gametogenesis in the sex 
organs and the production of the sex steroids which in turn feedback to the hypothalamus and 
pituitary to modulate hormone release. In females, each ovum develops an ovarian follicle which 
is composed of the central ovum surrounded by follicular (granulosa) cells and thecal layers which 
are instrumental in forming the yolk and secreting the ovarian sex steroids respectively. Production 
and release of the sex steroids serves two functions. Firstly, it stimulates the production of 
vitellogenin (Vtg) in the liver and its subsequent uptake into the ovary. Secondly, sex steroids are 
important determinants of sexual behavior. Other pituitary hormones which are thought to be play 
a role in this process include growth hormone, thyrotropin and other pituitary factors. The thyroid 
hormones (T3 and T4) cycle in parallel with the sex steroids and along with the progestins from the 
ovary are thought to interact with the pituitary gonadotropins in oocyte maturation (Ng & Idler 1983; 
Dodd & Sumpter 1984; Heath 1995). In vitro, primary hepatocyte research has demonstrated that 
growth hormone has a potentiating affect on 17~-estradiol (E2) mediated Vtg production (Kwon & 
Mugiya 1994; Peyon et al. 1996) and are therefore postulated to playa role in oocyte maturation. 
Testosterone plasma profiles often parallel rises in estradiol suggesting that testosterone may be 
acting as a substrate for E2 production or that it may prepare the liver for E2 induction (Ng & Idler 
1983; Burzawa-Gerard & Dumas-Vidal 1991 ; Peyon et al. 1997; Lokman et al. 1988). 
In its entirety, the teleost reproductive system is an extremely complex network of finely balanced 
controls and counter-controls and therefore presents a number of potential target sites for the 
induction of adverse effects by EDCs. Confirmation of the ability of EDCs to disrupt reproductive 
function came with the discovery of xenobiotics that mimic estrogen-like actions. Since then such 
xenobiotics have become one of the most extensively studied EDCs. Estrogen is a sex steroid 
hormone that is produced in the ovaries, testes, and brain by the aromatisation of the male sex 
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steroid testosterone into various forms (17p-estradiol, estrone, and estriol) (Nimrod & Benson 1996). 
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Figure 2.4: Multi-hormone control of vitellogenisis in sexually mature female fish 
(based on trout and eel endocrine physiological research). 
Although classified as the female sex steroid, estrogen is p oduced by both sexes albeit in different 
amounts. A large number of chemicals have been shown to display estrogenic properties in vitro 
and in vivo (Table 2.3). 
Detecting the presence of and level of exposure to environmental estrogens can be performed using 
a number of in vitro and in vivo bioassays (Shelby et al. 1996; Montagnani et al. 1996). The 
viteliogenin assay has been utilised in both in vitro (Peyon et al. 1996) and in vivo (Norberg 1995) 
test systems as a biomarker of estrogenic exposure in oviparous organisms (Montagnani et a/. 
1996). 
2.4.1 .1 Viteliogenin 
Viteliogenin is a yolk pre-cursor molecule that is composed of protein, lipid, and carbohydrate [in the 
Japanese eel (Anguilla japonica) these components constitute 86, 13, and 1 %, respectively of the 
Vtg molecule (Komatsu et a/. 1996)). The expression of Vtg at the genetic level is under multi-
hormonal control (Figure 2.4) with E2 playing a major role. In brief, E2 is produced by the granulose 
celis of the ovary and secreted into circulation where it binds with a sex steroid binding protein. This 
27 
complex (or any estrogenic xenobiotics that act through the estrogen receptor) travels to the liver 
where the estrogen diffuses through the cell membrane into the cytoplasm and binds with a specific 
unliganded receptor protein. The unliganded receptors are maintained in an inactive confirmation 
through interactions with a number of associated proteins. Upon estrogen binding the associated 
proteins 
Table 2.3: Classes of compounds which have exhibited estrogenic activity. 
Chemical Class Specific Examples Source 
Alkylphenol polyethoxylates non ionic surfactants, breakdown products of detergents, paints, herbicides, 
(APEOs) APEOs including alkyl phenols (nonylyphenol, pesticides, cosmetics 
octylphenol) and alkyphenol carboxylic acids 
Phthalates di-n-butyl pthalate, butylbenzylpthalate, bis(2- plasticizers in food packaging, 
ethylhexyl)pthalate PVC, elastomers, insect 
repellent 
Natural and synthetic estradiol, estrone, ethinyl estradiol secreted by humans into 
estrogens (component of contraceptive pill) sewage systems 
Polychlorinated biphenyls Arochlor 1254 heat transfer, hydraulic, and 
dielectric fluids, flame 
retardants, adhesives, waxes. 
Dioxins and furans pulp and paper production 
Organochlorines dichlorodiphenylethanes (DDT, methoxychlor) agricultural pesticides 
cyclodienes (chlordane heptachlor, dieldrin (insecticides) 
aldrin), hexachlorocyclohexanes 
Phytoestrogens genistein, coumetrol, biochanin A, 13- alfalfa, soya beans, red clover, 
sitosterol, indolo[3,2-b] carbazole plant oils, legumes, wood, 
vegetables of the Brassica 
genus 
Sourced from Pelissero et al. 1993; Safe & Krishnam 1995; Nimrod & Benson 1996; Toppari et al. 1996; Routledge & 
Sumpter 1997; Liehr et al. 1998; Mazur & Adlercreutz 1998; Larsson et al. 1999; Folmar et al. 2000 
dissociate allowing the receptor to adopt an activated conformation. Once activated these receptors 
form dimers which trans locate into the cell nucleus and bind to DNA motifs termed estrogen 
responsive elements (ERE). This interaction cause chromatin rearrangement allowing the 
transcriptional machinery access to the promoter regions of the gene. Messenger RNA transcripts 
are produced and translated into pre Vtg proteins (Figure 2.5) (Nimrod & Benson 1996; Sumpter & 
Jobling 1995; Gillesby & Zacharewski 1998). Vitellogenin is then post-translationally modified by the 
addition of lipid and phosphate functional groups. Vitellogenin is then released into circulation as 
a large lipophospholprotein-calcium complex. Under the influence of hormones, the Vtg is 
sequestered by the developing oocyte by receptor mediated endocytosis where it is cleaved into 
major yolk proteins lipovitellin and phosvitin by the protease lysosomal cathespin D ready for 
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utilisation as an energy store for the developing embryo (Komatsu et al. 1996). The total molecular 
weight of these complex varies widely across species but eel Vtg has been shown to consist of two 
major subunits, one of 200kDa and the other 110 kDa (Kwon & Mugiya 1994) . 
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Figure 2.5: Vitellogenin induction. Mechanisms controlling 17~-estradiol, or 
estrogenic xenobiotic, induced gene expression in hepatocytes. 
Plasma concentrations ofVtg increase during the sexual maturation offemale fish , concomitant with 
rising E2 concentrations. Vitellogenin concentrations increase to a point where Vtg can be the major 
blood protein. In juvenile eels administered three doses of E2 (2mg/kg) ip, Vtg constituted 30% of 
plasma protein (Komatsu 1996). In fish that invest up to 25% of their own body weight in eggs this 
is not surprising (Sumpter & Jobling 1995). In contrast, very low concentrations are present in male 
and sexually immature fish because of correspondingly low E2 concentrations (Sumpter 1995). 
However, the Vtg gene can be induced in males and juvenile fish following exposure to endogenous 
(Ng & Idler 1983) or exogenous (Pelissero et al. 1993) estrogens to produce Vtg which could be 
detected in the plasma (Bromage & Cumaranatunga 1988). Therefore, measurement of plasma Vtg 
concentrations, especially in juvenile and male fish, provi es an ideal basis for a very sensitive 
bioassay of estrogen exposure. 
While the physiological costs of Vtg induction in males and immature fish have not been fully 
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established a number of possibilities have been suggested. In females, vitellogenesis itself can be 
a target of endocrine disruption by disrupting and altering the nutritional stores that are available to 
embryos and larvae (Nimrod & Benson 1996). In males, there is some evidence that Vtg production 
can lead to accumulation in and damage to the kidneys because there is no depository for Vtg 
(Webster & Canton 1986; Folmar et al. unpublished observation In Denslow et al. 1999), and 
shunting of essential nutrients to excess protein production, and calcium deficiency (Vtg binds 
calcium) Herman & Kincaid 1988). Furthermore, it was shown that in trout treated with E2, the 
serum Vtg protein concentration increased at the expense of other proteins (Ng & Idler 1983). The 
Vtg response may also be linked to an alteration of gamete quality and interruption of sexual 
differential and development and therefore possible population effects. For example, blood 
concentration of Vtg in rainbow trout exposed to two estrogenic compounds was inversely correlated 
with testicular size (Jobling et al. 1996). 
Laboratory exposure experiments have shown that when adult male rainbow trout (Oncorhynchus 
mykiss) were exposed to environmentally relevant concentrations of alkylphenolic compounds, Vtg 
concentrations increased compared to the controls. For one compound (octylphenol), a marked 
increase (7 orders of magnitude) was observed (Jobling et al. 1996). Recent in situ experiments 
reported that when male caged trout were placed in sewage-treatment works effluent, the synthesis 
of Vtg increased 500-1000 fold (Purdom et al. 1994). Subsequent research using caged male 
rainbow trout in certain rivers in England has demonstrated Vtg concentrations increased in fish 
caged immediately downstream from a major effluent source (Harries et al. 1996). Vitellogenin 
concentration in fish placed at other sites was less with levels inversely related to the distance away 
from the treatment plant (Harries et al. 1997; Harries et al. 1996). The Vtg induction response varied 
with season with winter Vtg concentrations being 2 orders of magnitude lower compared to summer 
(Harries et al. 1996), which further highlights the importance of the impact of environmental factors 
on biomarker responses. Several other research groups have also reported reproductive 
abnormalities, consistent with exposure to estrogenic compounds, in different fish species exposed 
to sewage effluent. For example, Vtg levels in wild populations of flounder (Platichthys f/esus) were 
elevated between 25-70% and 5-40% above control female and male fish respectively in areas 
receiving effluents from treatment facilities (Lye et al. 1997). In contrast to these reports, male carp 
(Cyprinus carpio) caged near a sewage plant showed no increased levels of plasma Vtg (Folmar et 
al. 1996). Similarly Vtg levels in immature European eels (Anguilla anguilla) caged at sites in 
Norway were unchanged after exposure (pers com. Lars Mehyr). 
30 
2.5 Biomarkers of Nervous System Function 
Working in conjunction with the endocrine system to control and modulate a plethora of body 
functions, the nervous system of vertebrate organisms acts as a sensory, integrative and 
transmission network (Hill & Wyse 1989). Similar to the messenger role that hormones fulfil for the 
endocrine system, nerve impulses facilitate communication between sensory and nerve cells and 
other proximate nerve cells, muscle cells, or effector glands. Despite the electrical nature of nerve 
impulses nerve endings are electrically insulated from each other by small spaces called synapses. 
The transmission of nerve impulses across synapses (synaptic cleft) between one nerve cell 
(presynaptic) and its proximate target cell (postsynaptic) is achieved by the release of specific 
chemical substances called neurotransmitters. An increasing number of compounds are being 
implicated as neurotransmitters but the most extensively studied have been the cholinergic (synapse 
transmission involving acetylcholine [ACh]) and adrenergic (synapse transmission involving 
noradrenaline) (Alberts et al. 1989; Hill & Wyse 1989). 
2.5.1 Teleost nervous function and acetylcholinesterases 
The vertebrate nervous system function and components are conserved across all vertebrate groups 
(Hill & Wyse 1989). One of the major signalling molecules is ACh. Acetylcholine is an excitatory 
transmitter for muscle, acting upon nicotinic receptors and also some critical regions of the central 
nervous system. Acetylcholine also acts as a transmitter for nicotinic and muscarinic receptors in 
the autonomic nervous system (Habig & Giulio 1991). The mechanism of nerve transmission across 
the synapse is indirect. A charge of electrical potential travels down the presynaptic cell where it 
triggers the exocytosis release of ACh from vesicles located close to the membrane. The ACh 
diffuses across the synaptic cleft where it binds to specific receptors to elicit an intracellular event 
which perpetuates an electrical signal or causes an effect (Alberts et al. 1989). Regulation of ACh 
and other choline type neurotransmitter-mediated signalling is carried out by a class of enzyme 
called cholinesterases. Excess ACh is removed from the synaptic cleft primarily by hydrolysis 
through the action these enzymes resulting in the termination of the biological activity of ACh (Alberts 
et al. 1989). Subcellular fractionation studies have shown that most of this activity is localised to 
synaptosomal and microsomal fractions (Habig & Guilio 1991; Wilson et al. 1992) and most likely 
occurs on the postsynaptic membranes of nerves, muscles (Walker & Thompson 1991). Substantial 
enzyme activity is also localised in the plasma and blood cells, although the physiological 
significance of this is unknown (Wilson et al. 1992). Cholinesterases have been classified as either 
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true acetylcholinesterases or butyryl cholinesterases (BChE) according to substrate specificity, 
isoelectric focussing and chromatofocussing techniques (Walker & Thompson 1991 ). 
Cholinesterases are composed of mulitple molecular forms consisting of asymmetric and globular 
forms (Wilson et al. 1992). These forms consist of multiple subunits of ca. 80kDa in size that may 
be held together by disulfide linkages and van der Waals interactions (Ferenczy et al. 1997). 
Research on AChE purified from the electric eel revealed a protein of approximately 250kDa in size 
(which may consist of four subunits) that had a high specificity for ACh (Walker & Thompson 1991). 
In contrast, BChE has a much broader substrate affinity. In teleosts AChE appears to be the 
dominant form in brain and muscle tissue. Compared to other vertebrates the ratio of ACh E to BCh E 
activity in teleosts is very low (Ferenczy 1997). Acetylcholinesterase and BChE subunits are 
synthesised within excitable cells and post-translationally modified within the endoplasmic reticulum. 
Vesicles derived from the endoplasmic reticulum move through the cytoplasm and fuse with the post-
synaptic membrane. Some forms of enzyme released by this process become attached to the cell 
surface at specific binding sites, while globular forms circulate in the interstitial fluid and plasma or 
are attached to cell surfaces via ionic bonds (Wilson et al. 1992). 
2.5.1.1 Effects of organophosphates on acetylcholinesterases 
Organophosphate compounds bind irreversibly with this class of enzyme thus inactivating it which 
results in an accumulation of ACh, causing an uncontrolled flow of nerve transmissions in the 
parasympathetic, sympathetic and somatic nerve fibres, and brain, resulting in toxicological 
symptoms in a number of tissues which can impair performance and possibly lead to death 
(reviewed in Minneau 1991; Chambers & Levi 1992). Inhibition occurs when the OP molecule 
mimics ACh and transphosphorylation of a serine hydroxyl group in the active site of the enzyme 
occurs. Hydrolysis of the AChE-phosphoryl bond to release the OP is exceedingly slow compared 
to the endogenous substrate (ACh) (60h compared to 0.15 msec) and so the catalytic activity of the 
enzyme is effectively lost (Chambers 1992). The reactive nature of OPs also leads to other toxic 
effects, other than acute lethality due to AChE in hibition. Neurobehavioural changes, teratogenicity 
and delayed neuropathy which may be mediated through the detoxification pathways, while less 
prevalent than AChE inhibition, can still impact on organism fitness (Chambers 1992). 
Sublethal exposures of fish to OPs has been shown to reduce reproductive fitness in both males and 
females in addition to affecting behaviour (Zinkl et al. 1991). The inhibition of cholinesterases, 
particularly AChE, has been used as a biomarker to diagnose OP poisoning in many teleost species 
(Cer6n et al.1996a; Zinkl et al. 1991). AcetylchOlinesterase has also been used as an indicator of 
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environmental contamination by this class of insecticide (Hooper et al. 1990; Zinkl et al. 1991). 
Similar to the previous biomarkers there are a number of endogenous and exogenous factors which 
have been shown to affect the activity of cholinesterases (Figure 2.1) (reviewed in Zinkl et al. 1991; 
Thompson 1999). Environmental factors such as water temperature were shown to affect AChE 
activity in bluegill fish (Lepomis macrochirus) but not trout (Oncorhynchus mykiss) indicating that this 
response may be species specific. However, there is a greater agreement on the effect of age on 
AChE activity with older and larger fish exhibiting lower AChE activities. Based on extensive data 
generated for other vertebrate species data it seems unlikely that there will be sex related 
differences in AChE activity in fish (reviewed in Zinkl et al. 1991). 
2.6 The Use of Animals in Environmental Research 
Animals are an essential component of environmental research. Despite the evolution and 
development of alternative strategies that do not rely on the use of animals (in vitro techniques) 
many of these methodologies lack ecological realism. Animals inhabiting, or that are translocated, 
to contaminated environments can integrate contaminant exposure spatially, temporally, and across 
media. Therefore, animal body burdens, population, physiological, biochemical and molecular 
responses are uniquely realistic indicators of an organisms environmental exposure to chemical 
contaminants (Talmage & Walton 1991, McBee & Bickham 1990). The recent advent of non-
invasive and non-destructive sampling techniques in animal research is gaining considerable support 
(Kendall & Akerman 1992; Fossi et al. 1993; Fossi et al. 1999). 
Selecting animal species for biomarker studies is often determined by a number of factors such as 
biomarker responsiveness to xenobiotics, ease of handling, and population abundance (Kendall & 
Akerman 1992). However, it is also possible that a species that is hypersensitive to the contaminant, 
and therefore a good sentinel for biomarker studies, may no longer be represented on site due to 
the negative effects of contaminantis and/or other factors (Kendall 1982; Walker 1992). The 
selected species should represent the trophic level and be part of the food chain under study. For 
example, if site contaminants are water soluble or have been detected in water then the chosen 
species should be directly or indirectly exposed to the aquatic environment. Conversely, air, soil and 
vegetation contamination can be assessed using terrestrial wildlife species. Choosing a selection 
of animals that encompass an entire food chain is valuable because it will allow an evaluation of food 
chain transfer, bioaccumulation, and biomagnification in food chains (Kendall & Akerman 1992; 
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Walker 1992). While indigenous species offer the advantage of having a potential lifetime exposure, 
the introduction of a species on site provides researchers with a greater measure of control. The 
species selected can be based upon the amount of toxicological information that has been 
generated from previous field and laboratory studies. In field-pen studies, animals with known 
histories can be placed on site and the exposure rate controlled (Kendall et al. 1990). Organisms 
higher in the food chain are often the most appropriate to study in situations where contaminants 
biomagnify. However, individuals occupying higher trophic levels are usually less abundant than 
those in lower trophic levels. 
2.6.1 C57BU6 Mice 
Small mammals have been used widely in lab-based contaminant exposures and larger field studies 
(reviewed in McBee & Bickham 1990; Talmage & Walton 1991; Shore & Douben 1994; Gray et al. 
1998). Information on toxicant-induced effects on terrestrial mammalian community and population 
dynamics is relatively sparse compared to the abundance of laboratory studies that have used 
mammalian species to establish dose effect relationships, and mechanisms of action of 
environmental contaminants. These mechanisms are particularly well characterised in rodents 
(Rattus novegicus and Mus musculus/domesticus) because of their widespread use as human 
surrogates in laboratory toxicity testing (Smith 1993). The extensive use of mice in both laboratory 
in vitro (Bigelow & Nebert 1982; Alfred & Wojdani 1983; Koistinen et al. 1998) and in vivo (Burke & 
Mayer 1983; Raunio & Pelkonen 1983; Griffin et al. 1986; Lubet et al. 1990; Simmons & McKee 
1992; Miyanshi et al. 1996) environmental contaminant exposure experiments coupled with 
numerous field experiments at contaminated sites (Schrenk et al. 1991; Leupold et al. 1992; Lubet 
et al. 1992; Bhatia et al. 1994; Dickerson et al. 1994; Phaneuf et al. 1995; Allen & Otis 1998; Koganti 
et al. 1998) provides a large data base of life history and responses to chemical exposure (Kendall 
et al. 1990). The burrowing and grooming behaviour, and omnivorous feeding pattern of mice also 
increase their exposure potential for contaminants bound to soil particles or via contaminated food 
sources (particularly invertebrates) (McBee & Bickham 1990; Shore & Douben 1994). 
In order to reduce biomarker response variation, an inbred mouse strain was selected as the 
experimental model to investigate terrestrial contamination. Several strains of inbred black mice 
were originally derived by W.L. Russell of The Jackson Laboratory in 1921. Designated as C57 
Black (C57BL) this mouse strain has become the most widely used of all mouse inbred strains in 
research. The C57BU6 sub-strain was separated prior to 1937 and now accounts for over 14% of 
occasions when an inbred strain is used (Tucker et al. 1992). This particular strain of mouse was 
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chosen over a wild species because: 
1. The genetic similarity between individuals will reduce the biological variability in biological 
responses therefore enhance the ability to distinguish treatment effects 
2. This mouse strain also has high hepatic benz[a]pyrene hydroxylase activity compared to 
other strains of mice (Kodama & Bock 1970; loannides & Parke 1990). 
3. This mouse strain has high levels of the cytosolic Ah receptor (Ioannides & Parke 1990) 
which, coincidentally, was first purified in this strai of mouse (Poland & Knutson 1982) 
4. The mouse is responsive to PAHs (Ryan & Levin 1990). 
Figure 2.6: Sexually mature female C56BU6 mouse. 
2.6.2 Shortfinned Eels 
Even before the emergence of ecotoxicology as a separate science in the late 1960's, scientific 
research was being conducted in fish to investigate the effects of chemical agents. These studies 
included a mixture of lab-based toxicity effects testing, the investigation of polluted rivers, or as part 
of screening studies related to agricultural, industrial or domestic chemicals (Sol be 1993). The 
importance of fish in ecotoxicology is a consequence of biological/ecological, social and economic 
factors. At maturity, fish often occupy the niche of top predator in their ecosystem, although many 
are detritivores or herbivores: as they develop through their life cycle. Most fish feed on a broad 
range of items including algae, rotifers, micro-crustaceans, macroinvertebrates, higher plant and 
other fish (Solbe 1993). Fish are also capable of feeding and inhabiting all zones of the aquatic 
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habitat with velocity and turbulence of water, oxygen content and water quality permitting. Although 
the aquatic environment has many organisms which may be appropriate as a sentinel species, fish 
by their size alone and by the attention which is paid to them by commercial, recreational and 
cultural sectors, constitute excellent indicator organisms (Solbe 1993). 
Based on many of the above features, the shortfinned eel (Anguilla australis) was selected for this 
research. The shortfinned eel is widely distributed in lowland freshwater catchments and coastal 
habitats in New Zealand (McDowall 1990; Bonnett et al. 1996), preferring shallow (less than 1 m), 
slow moving (up to 1m/sec) and habitats with small substrate sizes (Jowett & Richardson 1995; 
Chisnall 1996). A characteristic feature of the Anguillidae family relates to their amphibiotic 
catadromous (mature in freshwater and migrate into sea water to breed) life cycle (reviewed in Tesch 
1977). In the shortfinned eel, the onset of morphological changes (development of gonads, changes 
in eye physiology, body morphology and epidermal pigmentation) signals the beginning of sexual 
maturation and marks the start of their migration to the sea (McDowall 1990). Sex steroid and 
hormone profiles (Lokman & Young 1998; Lokman et al. 1998) combined with physiological 
measurements estimate that migrating eels are less than 15% sexually mature prior to their entry 
into the marine environment (mid February to mid March; males migrating first). In European eels 
it was shown that at the start of their reproductive migration the eels remain immature (due to 
decreased production of pituitary gonadotropin) which can maintained as long as migration is 
prevented (peyon et al. 1997). Limited information is known about the biology and ecology of eels 
once they leave the New Zealand shores. However, it is postulated that upon entering the sea, eels 
migrate with deep ocean currents to breeding grounds in the Eastern Pacific where they spawn and 
die (McDowall 1990). Fertilised eggs float to the surface and hatch into leptocephalus larvae. These 
larvae then migrate to New Zealand shores, on ocean currents, and undergo metamorphosis into 
glass eels. Movement back into freshwater is signaled by a further change in morphology and 
physiology where they become elvers. Elvers migrate upstream where they pass into the final 
juvenile phase, the yellow stage. This growth phase is unique amongst teleost species because of 
the extended period that eels remain suspended in a state of sexual immaturity, a characteristic that 
has been utilised particularly in reproductive physiology studies (peyon et al. 1996; Luizi et al. 1997; 
Huang et al. 1998). In fact, aging studies estimate that male and female eels can remain at sexual 
immaturity for an average 14 and 22 yrs respectively (McDowall 1990). Eels are benthic dwellers 
that live in close association with the sediment and feed on a range of aquatic and terrestrial foods 
(van der Oost et al. 1996; DiPinto & CouI1997). Shortfinned eels are opportunistic feeders whose 
diet composition is dependant on eel size (McDowall 1990; Jellyman 1997) with larger individuals 
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consuming a greater percentage of fish (Jellyman 1997). Growth throughout the yellow stage is 
accompanied by an concomitant increase in lipid content in order to prepare them for the rigors of 
migration (Boetius & Boetius 1985). In contrast to many other fish species, eels store lipid between 
muscle fibres where it can constitute up to 55% (dry weight) of the eels body weight (dry weight) 
(Larsson et al. 1990; Ando 1999). This is up to 40-fold higher than the concentration found in other 
fish species (Tulonen & Vuorinen 1996). The fact that they are long lived and have a high lipid 
content, occupy a high position in the food chain, and are ubiquitously distributed throughout New 
Zealand freshwater ecosystems, maximise their dietary exposure potential to lipid soluble and 
biomagnifiable contaminants in the water column and sediment (Tulonen & Vuorinen 1996; van der 
Oost et al. 1996a, b; DiPinto & Cou11997; Weatherley et al. 1997). In addition the shortfinned eel 
is apparently resistant to fluctuations in temperature, salinity, food availability, dissolved oxygen 
level, and temporary emersion (Brusle 1991). Such characteristics would be beneficial for laboratory 
studies and field research (Tesch 1977; Pankhurst 1982) and transportation of the fish for laboratory 
studies (Fenet et al. 1996). Furthermore, it has been established here in New Zealand (Jones et al. 
1995) and overseas (Brusle 1991) that the eel is more susceptible to toxicants than was previously 
assumed. These characteristics alone have made the eel a common research model overseas for 
bioaccumulation and biomagnification studies. In New Zealand, this fish species has considerable 
cultural significance to Maori, the indigenous people of this country. To Maori, the eel (tuna) are 
considered a taonga (treasured) species honored for their spiritual and mythological significance, 
as well as their ecological importance and value as a mahinga kai (resource) (pers. com. Davis. 
2000). Tuna comprised a large part of the diet of Maori, particularly in areas where they are caught, 
and therefore they have played an important role in human health. Maori knowledge pertaining to 
tuna biology and ecology is vast (pers com. Kelly Davies 2000). The detailed eel classification 
system that was devised by Maori, and their use by Maori as indicators of water health, 
environmental and meteorological events, reflects not only their extensive knowledge but also the 
integral role that tuna hold in Maori society (pers. com Davis 2000). Commercially, the shortfinned 
eel is an important contributing factor in the estimated annual eel catch of 1,500 tonnes which is 
worth in excess of 10 million dollars to the New Zealand Fishery Industry Board while the total 
revenue generated by the eel fishery is estimated to be $36 million (Te Waka a Maui me ona Toka 
Mahi Tuna 1996; North Canterbury/South Marlborough Eel Management Committee 1999). 
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Figure 2.1 : The shortfinned eel (Anguilla australis). An immature specimen 
captured from Lake Ellesmere. 
Chapter 3 
MATERIALS AND METHODS 
This chapter describes the biological assays that were developed, or adapted, for the purposes of 
this research. Results from assay validation and optimisation experiments are reported in Chapter 
4 (mouse) and Chapter 9 (eels). Details of the chemicals and buffers used in this research are 
reported in Appendix I and Appendix II respectively. 
3.1 Animal Care and Anaesthesia Protocols 
3.1.1 C57BU6 mouse husbandry 
Females between 4 and 6 weeks of age, and weighing approximately 20g were purchased from the 
Department of Laboratory Animal Sciences, University of Otago. Animals were housed in 
polycarbonate-ester cages (Series 1290-0, Tecniplast Research Animal Cages, USA) which had a 
floor area of 820cm2, and overall dimensions of 425 x 266 x 150mm. Each cage was fitted with a 
stainless steel grill lid constructed of 7mm stainless steel mesh and which included a feed hopper 
and divider for water bottle placement (1290-0116, Tecniplast). A stainless steel mesh grid (7mm), 
with a stainless steel plate covering at one end, provided a raised floor (50mm high clearance) 
(1290-0.151, Tecniplast). A total of 6 animals were housed per cage according to the International 
guidelines for mouse caging densities (EEC directive 86/609, NIH Publication recommendations 
86.23, 1985 USA). 
Traditional cage bedding (sawdust or paper) was avoided because such materials contain 
compounds that are known inducers of P450 (Weichbrod et al. 1988). The animals were therefore 
either housed in a cage containing the wire mesh insert (control treatment) or a cage filled with soil 
(soil exposures). The room temperature was maintained at 20°C and photoperiod was a 12 h 
IighVdark cycle. Rat pellets (Archers, Rangiora) and water were available ad libitum. Cages were 
changed and cleaned twice weekly. All animals were acclimitised for 21 days under these conditions 
prior to the beginning of an experiment. The strain of mice used in this experiment is susceptible 
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to dermatitis with intense pruritis (inflamation of the skin accompanied by itching). This can lead to 
self-mutilation and death, which sometimes can be associated with the mite Myobia muculi (Csiza 
& McMartin 1976). Therefore visual checks for skin abnormalities were made during cleaning and 
feeding. 
3.1.2 Mouse anaesthesia 
C57BU6 mice are susceptible to severe hypercapnia with hypoxia according to physiological 
research on minute ventilation rate (Tankersley et al. 1994). Therefore carbon dioxide (BOC 
Gasses) was selected as an anaesthetic and administered as described by Reilly (1993). Short term 
anaesthesia for minor manipulations (weighing, marking and intraperitoneal injections) involved 
transferring mice into an anaesthesia chamber where a 1:1 mixture of CO2 & O2 was dispensed. 
Within 40-60sec mice entered a state of unconsciousness. Mice were removed and eye and foot 
reflexes were tested to ensure complete anaesthesia (passing objects close to the eye and 
squeezing the hind foot). A zero response to these stimuli was deemed sufficient anaesthesia. This 
method of anaesthesia worked well because the animals recovered within 30sec with no observable 
signs of negative effects. Barbiturate anaesthetics interfere with P450 enzyme activity so these were 
not used (Brown 1996). For tissue sampling mice were anaesthetised as above but the exposure 
to the gas mixture was longer and to a point where respiration stopped. Mice were then sacrificed 
by cervical dislocation. 
3.1.3 Shortfinned eel husbandry 
Eels weighing approximately 100-400g were supplied by a commercial fisherman (Taumutu, 
Canterbury). Sexually immature 'yellow' eels were used in this research to preclude any sexually 
related effects on biomarker responses. In addition, the absence of asexual external criteria of 
dimorphism do not enable positive classification of sex (Linde et al. 1999). However, age and prior 
exposure history of animals could not be controlled because they were collected from a wild 
population. All eels were caught in knotless nylon (Rachel netting) fyke nets from Te Waihora (Lake 
Ellesmere; Latitude: -43.7783 Longitude: 172.4616). Under ideal situations eels were collected 
directly from the lake. In other instances the fish were selected from individuals that had been 
captured and held in a concrete holding tank for less than 24hr. Eels of approximately the same size 
that were in a healthy condition (eels that were diseased or marked were discarded) were selected 
and transported to the LandcareiLincoln University Indoor Animal Facility in ice cold water to reduce 
transport stress. This method of transporting eels is consistent with the conventional commercial 
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practices (Pers com. Clem Smith, Commercial Fisherman) and is commonly used for research 
purposes (Pers com. Nick Ling, Waikato University). Eels were held at the Lincoln University Animal 
Facility in a series of black polyethylene low density tanks (external length 1390mm; external width 
540mm; external height 510mm; Plastic Wholesalers, Christchurch) which when filled provided a 
working volume of approximately 350L. Experimental test tanks were fitted with black lids to prevent 
eels escaping and because eels are generally photosensitive. A series of holes were drilled into the 
lids to allow limited light penetration which reduced the amount of algal and fungal growth and 
provided a more conducive environment to the eels. Freshwater was drawn from the Lincoln 
University artesian water supply. Because this water originates from a bore, there were periods 
when it contained high levels of dissolved gasses which can result in gas bubble disease a condition 
that can be lethal to fish (Svobodova et al. 1993). To facilitate the removal of gases water was first 
collected into larger header tanks (stainless steel tank approximately 250L holding capacity; [Lincoln 
Ventures, Lincoln] or a polythene low density plastic tank approximately 150L holding capacity, 
[Plastic Wholesalers, Christchurch]), each fitted with a ball-cock device to maintain water levels and 
prevent water overflow. A large air stone was placed upstream of the water outlets and serviced by 
an electric aerator (Aquarium Products, Australia). The resulting mechanical agitation caused by 
bubbles from the air stones, retention time, and large water surface area, greatly lowered the 
concentration of dissolved gasses. Water from the header tanks was conducted to the holding tanks 
through garden hosing. Aerators (Aquarium Products) also supplied small gas stones in each 
holding/test tank. The water flow rate ranged from (42-12BUh) resulting in a tank refresh period of 
3-Bh. Photoperiod was set to a 12h Iight:12h dark cycle. Dissolved oxygen (DO) levels were 
maintained at over BO% saturation by aeration with air stones. Water temperature was more difficult 
to control and therefore temperature was dependent upon ambient water temperature and room 
temperature. Over the experimental periods water temperature ranged from 10-22°C. 
Temperature, dissolved oxygen, salinity, pH and ammonium levels were monitored continuously for 
5 days to ensure adequate environmental conditions exist within the tanks (6920 multi-parameter 
data sonde, YSI, USA). Stocking densities in the lab tanks ranged from B to 10 animals per tank. 
Animals that were maintained in the laboratory were fed fresh bovine liver that was supplemented 
with frozen squid and live earthworms (Eisenia fetida, tiger worm; Lumbricus rubel/us, red worm; The 
Wormery, Christchurch). Eels held at field sites were dependent upon the density and type of 
stream fauna available in situ for their food. In the field, eels were housed in knotless nylon (1" 
Rachel netting) keep nets (120 cm x 45 cm x 45 cm; Cliff Smith FishBetta Nets, Christchurch) that 
were placed inside and secured to a stainless steel cage outer (120 cm x 50 cm x 50cm; Grieve Wire 
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Works, Christchurch). In addition to providing a rigid frame to house the net inners, the steel cage 
was designed to reduce acts of vandalism. To further discourage vandalism cages were secured 
to a steel stake, driven into the bank, by a chain and locks. Lengths of PVC piping (60 cm) were 
included in the keep nets to provide shelter for the eels. Stocking density in the field was a maximum 
of 10 eels per cage. 
Between experiments, eel tanks, air hoses and stones, and pipe shelters were scrubbed and soaked 
with a detergent biocide (25ml/1 Stericide, Norvartis, New Zealand) and a virucide (5g/1 Virkon®S, 
Antec International, United Kingdom). Clean water was left to run through the tanks for at least three 
days. Field cages and pipe shelters were cleaned with a steam cleaner (90°C). 
3.1.4 Shortfinned eel anaesthesia 
Tricaine methanesulphonate (MS-222; 3-aminobenzoic acid ethyl ester) is widely used as a fish 
anaesthetic. However, independent studies have shown that when this compound is used to 
anaesthetise fish, total microsomal P450 levels and hepatic monoxygenase activities are affected 
(Chevion et al. 1977; Laitinen et al. 1981; Fabacher 1982). Short term anaesthesia for 
administration of ip. injections eels were immersed in ice-cold water for 3-5min. Anaesthesia was 
deemed sufficient when motor control, equilibrium and muscle tone are lost, ventilation is almost 
absent, animals lose balance, and when the animals do not respond to tactile stimulus. This form 
of anaesthesia is chemical free, consistent with commercial and research practices, and the animals 
recovered quickly (30-60 seconds) making it ideal for transporting, tagging and multiple dosing 
regimes. Prior to the collection of tissue, eels were anaesthetised by a combination of benzocaine 
(ethyl p-Aminobenzoate, SIGMA) (Arukwe et al. 1997) and immersing in ice-cold water. A 25m I 
aliquot of benzocaine stock solution (10% w/v ethanol) was added to 10L (250 mg/L) of ice-cold 
water and mixed thoroughly. Benzocaine combined with initial immobilisation by cooling is an 
acceptable method of anaesthesia according to the Australian and New Zealand Council for the 
Care of Animals in Research and Teaching (ANZCCART 1993). Once animals have been properly 
anaesthetised weight, length and general health profiles were measured. Blood samples were 
collected and then the animals were decapitated, while still under anaesthesia. 
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3.2 Tissue Collection 
3.2.1 Dissection and storage of mouse liver 
Mice were anaesthetised using a 1:1 mixture of CO2 and O2 then killed by cervical dislocation. A 
midline cut was made using dissection scissors through the lower abdominal wall in a anterior 
direction through to the sternum exposing the visceral organs including the liver. The liver was 
dissected out using fine scissors and forceps. Care was taken not to rupture the gall bladder 
because bile acids, particularly taurine conjugates and monohydroxy bile acids are capable of 
reducing the P450 catalytic activity (Paolini et al. 1999). Using two pairs of fine forceps the bile 
gland was removed and the liver was then blotted dry and then weighed. Prior to freezing, the liver 
was perfused via the major hepatic artery with ice cold potassium phosphate buffer (0.1 M 1 mM 
EDTA, 1.15% KCI, pH 7.4) to remove blood as much as possible because haemoglobin 
contamination of microsome preparations interferes with total cytochrome P450 concentration 
measurements. The efficacy of perfusion can be assessed as the liver tissue colour changes from 
brown to cream-brown. The liver was then blotted dry before freezing in liquid nitrogen .. This 
procedure takes a total of 5min. 
3.2.2 Isolation of eel plasma 
Eels were anaesthetised in benzocaine and ice cooled water for approximately 5min. Animals were 
then placed in an ice 'V' ventral side up. A heparinised (125 Units/ml; Heparin, Leo Pharmaceutical 
Products, Denmark) syringe and 23g (1 S needle) was used to remove blood from the caudal 
vessel. It became apparent that conventional methods of bleeding fish were not amenable to eels. 
After experimentation the most suitable technique was found to be removal of blood from the caudal 
vessel. Access to this vessel was made via the ventral surface behind the anal vent. Animals were 
placed in an ice 'V' with the ventral side up. Collected blood was dispensed into an eppendorf tube 
and centrifuged at 622 x g (2,BOOrpm, rotor 3042, Biofuge 15R, Heraeus) for 15mins at B DC. Plasma 
was transferred into clean labelled eppendorf tubes and frozen at -BODC. 
3.2.3 Dissection and storage of eel brain 
Bone cutters were used to separate the head from the body at a point immediately anterior of the 
gill slits. The dorsal portion of the cranial cavity was removed using fine scissors to expose the brain. 
A pair of fine forceps were used to transfer the lobes into an eppendorf tube. Care was taken not 
to contaminate the brain, or dissection equipment with mucus from the skin of the eel which has 
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proteolytic activity due to epidermal serine proteases, aminopeptidases and cathepsins (Aranishi et 
al. 1998) and therefore could affect the biological integrity of samples. The brain was then snap 
frozen in liquid nitrogen and stored at -80°C. 
3.2.4 Dissection and storage of eel liver tissue 
A ventral incision, using a pair of dissecting scissors (Shoof International Ltd, New Zealand), was 
made in the abdominal wall and extended anteriorly to the lower jaw of animal. Care was taken not 
to cut the bi-Iobed liver that lies adjacent to the abdominal wall and posterior to the heart, because 
this can decrease the effectiveness of perfusion. The abdominal cavity was exposed using a pair 
of Gelpi Retractors (Shoof International Ltd). A pair of fine scissors and forceps were used to 
remove the liver and gall bladder from the abdominal cavity. Care was taken not to damage the bile 
gland which contains bile salts (steroids with detergent properties which are used to emulsify lipids) 
and bile acids (cholic and chenodeoxycholic primary acids; deoxycholic and lithocholic secondary 
acids) (Paolini et al. 1999) which can affect the P4S0 content and enzyme integrity. Bile was drawn 
out with a 1 ml syringe and 30g (W') needle and the gall bladder associated connective tissue was 
removed. The liver was blotted dry, weighed and perfused with ice cold potassium phosphate buffer 
(0.1 M KP04, 1 mM EOTA, 1.1S% KCI, pH 7.4) via the hepatic artery to remove blood and bile which 
can interfere with spectral analysis (Hodson et al. 1991). The perfused liver tissue was blotted dry 
and snap frozen in liquid nitrogen and s~ored at -80°C. 
3.3 Hepatic Cytochrome P450 
3.3.1 Preparation of hepatic microsomes 
Cytochrome P4S0 is labile at temperatures above 10 ° C. Therefore solutions and equipment used 
to isolate P4S0 were chilled to 4-8°C prior to use, and all associated manipulations were carried out 
on ice or under chilled conditions. Frozen liver tissue was weighed and either all the tissue (mice) 
or approximately 1 g (for eels) of tissue were transferred into SOml poly propylene high speed 
centrifugation tubes containing 12ml of ice cold isotonic homogenising buffer (0.1 M K2P04, 0.1 M KCI, 
pH 7.4), a chelating agent (1 mM EOTA), a reducing agent(1 mM dithiothreitol; OTT), and a protease 
inhibitor (0.1 mM phenylmethylsulfonyl fluoride; PMSF). A phosphate buffer was used because 
according to Jefcoate (1978) buffers containing a high concentration of amines can alter the 
spectrum of cytochrome P4S0. The addition of potassium chloride (KCI) is important because it is 
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more efficient at removing haemoglobin from the solution, thereby reducing the interference in 
spectral assays (Lake 1987; Omura & Sato 1964a, b). The liver was homogenised for three, three 
second bursts at 24,000rpm using a mechanical homogeniser (Ultra-Turrax T 25) fitted with a 25mm 
(S25N-18G) dispersing element (TURRAX®, Janke & Kunkel, GmbH & Co. ,Germany). It was 
important to avoid over-homogenising the tissue to reduce the formation of nuclear and 
mitochondrial fragments and to lessen the likelihood of heating the homogenate. The resulting 
homogenate was spun at 10,000 x g (9,400 rpm) for 20min at 4 DC using a Beckman J2-M1 high 
speed centrifuge fitted with a JA-20 fixed angle rotor (Beckman Coulter, CA, USA) to remove to 
remove unbroken cells, nuclei, and mitochondria, which can interfere with the spectral determination 
of total P450 concentration. After centrifugation, 10ml of post-mitochondrial fraction (supernatant) 
was transferred to ultra-centrifuge tubes taking care not to disturb the pellet or draw up the lipid 
layer, both of which can affect subsequent assays. Samples were spun at 100,000 x g (24,700 rpm) 
for 70min at 4 DC (XL-90 ultra speed centrifuge, SW41Ti rotor, Beckman). The resultant supernatent 
was discarded and the pellet containing microsomes was resuspended in 10ml of ice cold 
homogenising buffer using an Ultra Turrax T8 fitted with a 8mm (S8N-8G) dispenser tip (TURRAX®). 
The resuspended microsomes were centrifuged again at 100,000 x g for 70min at 4 DC. The 
supernatant was discarded and the pellet was resuspended in a volume of ice cold resuspension 
buffer (O.125M KH2P04, Glycerol (25% v/v), pH 7.4) (2 x liver wet weight/volume), and homogenised 
using an Ultra Turrax T8. Aliquots of the resuspended microsomes were snap frozen in liquid 
nitrogen and stored at -80DC. Freshly prepared microsomes were used to analyse the total 
cytochrome P450 concentration. 
3.3.2 Total cytochrome P450 concentration 
Traditionally, CO-difference spectroscopy of dithionite reduced (ferrous cytochrome P450) samples 
has been used to determine total cytochrome P450 content. This technique utilises reducing the 
haem iron moiety from its ferric state to its ferrous form with dithionite and the high affinity of CO for 
the reduced form of iron in the haem pigment in cytochrome P450 which absorbs strongly at 450nm 
to produce the Soret peak at this wavelength (Omura & Sato 1964a,b). However, other 
haemoproteins such as haemoglobin from the whole tissue preparations also react with CO and 
therefore may interfere with the accurate spectral determination of cytochrome P450 concentration 
(Estabrook & Werringloer 1978). To negate the effects of contaminating haemoglobin, Matsubara 
et al. (1976) gassed the microsome suspension first with CO to bind any haem pigments, and then 
added dithionite to the sample cuvette. While Rutten et al. (1987) measured a good correlation 
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between these two methods for purified cytochrome P450, only the dithionite difference technique 
returned the same absorbance readings at 450 and 490nm when haemoglobin was added to the 
reaction mixture. The characteristic absorption spectra of dithionite difference spectrum has two 
peaks. The first is a absorption peak of reduced cytochrome bs at 424nm followed by the Soret peak 
of the CO complex of ferrous cytochrome P450 at 450nm. In spite of its wide use this method is a 
relatively insensitive measure of cytochrome P450 compared to other enzymatic or immunological 
methods which can measure specific isozymes forms. Therefore, changes in spectral hepatic 
cytochrome P450 can be an inconsistent marker of exposure to inducing chemicals. Despite this, 
the measurement of total cytochrome P450 can provide useful information about the functional 
integrity of the cytochrome P450 proteins present in the microsomal preparation (Hodson et al. 
1991). Temperature and a large number of reagents and enzymes (including phospholipases, 
certain alcohols, ketones, sulphydryl reagents, detergents and many other substances) react with 
cytochrome P450to produce a related but biologically inert haemoprotein termed 'cytochrome P420'. 
This haemoprotein is given this name because the reduced-carbon monoxide difference spectrum 
of cytochrome P420 has an intense absorption band at 420nm. 
Freshly prepared microsomes were diluted 1:10 times with ice cold resuspension buffer and then 
saturated with CO by bubbling the gas through the solution for 30sec. The solution was then divided 
evenly in two (sample and reference) disposable cuvettes (1 Omm light path, LPI, Italy). The cuvettes 
were placed into a dual beam uv/Vis spectrophotometer (Lambda2, Bodenseewerk Perkin Elmer, 
GMBH & Co., Germany) and left for 1 min to settle. The spectrophotometer was corrected for 
background absorbance between 400 and 500nm (zeroed) and then a small amount of DTT powder 
was added to the sample cuvette, mixed and left to stabilise for 3min. The resulting spectra between 
400 and 500nm was measured and the optical difference between 490nm (isobestic point or 
reference point) and 450nm (Sorbet peak) was recorded. 
Calculation of total cytochrome P450 concentration is dependent upon the extinction coefficient (the 
amount of light of a given wavelength that is absorbed by a compound). The molar extinction 
coefficient is defined as the optical density of a one-molar solution of a compound through a 1 cm 
light path and can be represented by the Beer-Lambert Law (Equation 3.1). 
Abs = Ex L x Conc. 
Abs = Absorbance 
E = Extinction coefficient (10 4 M cm .1) 
L = Light path (cm) 
Conc. = Concentration of compoundof interest (mmolsml'l) 
Equation 3.1: Beer-Lambert Law 
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Substituting for the extinction coefficient of dithionite reduced cytochrome P450 (104mMcm,l) 
(Matsubara et al. 1976), and assuming the light path as 1 cm, the concentration of cytochrome P450 
(nmolml'l) was calculated by the following equation (Equation 3.2) 
C h P ( I 1_') ~Abs(""'90)mmol 1 O'nmol (1 L) Vol microsome sample (ml) + Vol buffer (ml) ytoc rom e 450 n mom = x -- x - X --,-,-:-------:--:-. -'---'---'----:--:---::--'---'-1 104 L mmol 103ml Volume of microsome sample (ml) 
Equation 3.2: Calculation of total cytochrome P450 concentration. 
All cytochrome P450 content values were standardised against microsomal protein concentration 
that was measured using the Bradford assay (Bradford 1976). 
3.3.3 Measurement of 7-ethoxyresorufin O-deethylase (EROD) activity 
Numerous methodologies have been developed to measure the activity of cytochrome P450 
enzymes. Assays which utilise a chemical that produces a fluorescent product when metabolised 
by cytochrome P450 is advantageous because of the sensitivity of detection. Burke & Mayer (1974) 
were the first to describe a sensitive direct fluorometric assay for the O-deethylation of 
7-ethoxy-3H-phenoxazin-3-one (7-ethoxyresorufin) that was simple, quick and free of the high 
background 'noise' from amino acids, NADPH, and turbidity all of which affected the 7-
ethoxycoumarin O-deethylase fluorometric assay. Furthermore, studies in C57BU6 mice reported 
that both non-induced and 3-methylcholanthrene induced microsomes had moderate and high 
affinity for 7 -ethoxyresorufin (Burke & Mayer 1983; Lubet et al. 1990). 
The increasing use of cytochrome P4501 A in wildlife species for ecotoxicological research has 
necessitated modifications to the original protocol of Burke & Mayer (1974) to enable the analysis 
of multiple samples (Pohl & Fouts 1980). More recently this has been adapted to multiwell plate 
fluorescence readers (Kennedy & Jones 1994; Trudeau 1994; Lorenzen & Kennedy 1993) which 
also allows the simultaneous measurement of protein concentration utilising fluorescamine. 
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Fluorescamine is intrinsically non-fluorescent but reacts in milliseconds with primary aliphatic amines, 
including peptides and proteins, to yield a fluorescent derivative (Figure 3.1). This amine-reactive 
reagent has been shown to be useful for determining protein concentrations of aqueous solutions 
because the reaction proceeds at room temperature with a very quick reaction rate and the excess 
reagent hydrolysed to a non-fluorescing product within 1 min. The resulting fluorescence is 
proportional to the amine concentration and the fluorophores are stable at room temperature for 
several hours (Underfriend et al. 1972). 
ninhydrin·phenylacetaldyhyde reaction 
Fluorescamine Primary Amine Fluorophore 
Ex 390nm 
Em 460nm 
Figure 3.1: The reaction of fluorescamine with primary amines to produce the 
fluorophore which is measured at 460nm. 
Furthermore, a good correlation has been established measured between the fluorescamine assay 
and the conventional colorimetric Lowry (Funk et al. 1986), bicinchoninic acid (Lorenzen & Kennedy 
1993) and modified Lowry (Bridges et al. 1986) protein assays. In addition, the fluorescamine 
method is several-fold more sensitive (up to 100 times) than the conventional protein assays listed 
above. The fluorometric assays were therefore adapted for performing simultaneous measurements 
of cytochrome P4501 A 1 catalytic activity and total protein measurements using a 96-well microtitre 
plate as described by Kennedy & Jones (1994). 
3.3.3.1 Resorufin standard curve for EROD assay 
Following the method of Kennedy & Jones (1994), cytochrome P4501A activity in microsomal 
samples prepared from mouse and eel liver tissue were calculated by converting the increase in 
fluoresence over time to the amount of fluorescent resorufin product produced per mg of protein. 
Resorufin standards were generated by dissolving approximately 5.3mg of resorufin in 5ml of 0.01 N 
NaOH (solution A). A 100,u1 aliquot of solution A was made up to 5ml with MQ water (solution B) 
and mixed thoroughly. A further aliquot (1 ml) of solution B was diluted up to 5ml with MQ water 
(solution C) and mixed well. Solution C was then scanned between 500 and 800nm(UV2 uvivis 
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scanning spectrophotometer, Unicam, UK), and the maximum absorbance at 571 nm (relative to 
baseline) was recorded. The extinction coefficient for resorufin is 40.0m2mmol"1 (Prough et al. 1978) 
and therefore the concentration of resorufin can be calculated using the Beer-Lamberts law 
(Equation 3.3) 
Abs 1000 Resorufin Concentration (nmolml"l) = r1nm x 
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Equation 3.3: Calculation of resorufin concentration. 
A 50,u1 aliquot of solution C was made up to 5ml with mil Ii a (MO) water to produce a standard stock 
solution from which specific volumes are dispensed into the standard wells. Using the original stock 
solution concentration, dilution factor, and volume added to the wells, the number of moles (pmoles) 
of resorufin in each standard was calculated and entered in the fluorometer software. 
3.3.3.2 Protein standard curve for EROO assay 
The protein concentration of microsomal samples was calculated with standard curves constructed 
from specific bovine serum albumin (BSA) stock solutions. For eel hepatic microsomes, that 
possess a low EROO activity, a BSA standard curve which spanned 2-200,ug BSAIwell was 
employed utilising 2,ugl,u1 and 10,ugl,u1 stock solutions (in 0.05M NaH2P04 assay buffer, pH 6.5). 
For murine hepatic microsomes where EROO activity is considerably higher, a standard curve which 
spanned 0.1-1 OO,ug BSAIwell was employed utilising 0.1 , 2.0 and 1 O,ugl,ul stock solutions (produced 
in 0.05M NaH2P04 assay buffer, pH 7.6). Protein stock solutions were aliquoted and stored at -
20°C. Each aliquot was thawed and specific volumes of the stock solution were added directly to 
the standard wells. The corresponding protein concentration in each standard well was entered into 
the FluoSTAR software. 
3.3.3.3 EROO assay protocol 
Black polystyrene flat bottomed 96-well plates (Povair Sciences, United Kingdom) were employed 
to eliminate cross-well fluorescence that can influence readings. Using the plate format shown in 
(Figure 3.1), resorufin and BSA standards were added to the standard wells to provide a specific 
range of standard concentrations. All wells were then made up to 1 OOul with assay buffer (0.05M 
sodium phosphate). Samples were thawed on ice and 20,u1 of undiluted eel microsomes or diluted 
(1 :50/1 :75 times in resuspension buffer) mouse microsomes were added to the sample wells. An 
internal reference (20,u1) was dispensed into the appropriate wells to calculate inter-plate variation. 
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This was followed by the addition of 50,u1 of NAOPH (0.269l9mM stock, final well concentration of 
0.675mM) to all wells. The plates were incubated in the fluorometer for 5min at the optimum assay 
temperature (see Chapter 4 & Chapter 9). The reaction was initiated by the addition of 50,u1 of 
ethoxyresorufin substrate (16.58nM stock, final well concentration of 8.29nM) to the sample wells 
and 50,u1 of buffer to the sample blanks. All wells were mixed thoroughly to ensure a homogeneous 
reaction mixture. Fluoresence was measured using a multi"plate fluorescence reader (FLUOstar*, 
BMG LabTechnologies, Offenburg, Germany) configured to an excitation and emission filter 
wavelength of 544 and 590nm respectively, and the gain set to 90% of highest standard (FLU032 
V3.01-0 machine software, BMG Lab Technologies). Each reading consisted of 20 flashes per well 
with a 0.1sec time delay between readings. All plates were read over 20 cycles (approximately 20 
min) with shaking prior to each reading cycle. At the conclusion of the EROO activity assay, 100,u1 
of acetonitrile was added to wells designated as blanks a.nd 100,u1 of fluorescamine ( 0.3mg/ml 
acetonitrile) was added to all remaining wells. Plates WHre then read (ex 390nm, em 460nm; 
FLUOstar*, BMG Lab Technologies). Each reading consisted of 20 flashes per well with a 0.1 sec 
time delay between readings. The plate was shaken at the beginning of each of the three readings. 
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_ 5_ 0 COO () 0 0 {\ 0 \J 
_ 6_ 0 0 G 0 () 000 r.:::: :s 
-_ 7_ 0 0 0 ( 0000 ~ CD-
_ 
8 _ 0 .--. r ,.- I SamQ,le ® ':!!. Sample 8 J ~ -' ~ 
Figure 3.1 : The arrangement and designation of wells for the EROO activity and 
f1uorescamine protein assays. 
3.3.3.4 Calculation of specific EROO activity 
Raw data generated by the EROO activity and fluorescamine assays were captured electronically 
(FLU032 V3.01-0, BMG LabTechnologies). Resorufin standard curves, and changes in fluoresence 
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per minute due to the metabolic production of resorufin were calculated via a FLU032 V3.01-0 -
Excel interface and Microsoft 'evaluation' workbook (Appendix III). Sample protein concentration was 
determined against a BSA standard curve using the same methodology (Appendix III). An Excel 
worksheet was configured to convert the change in fluoresence to pmoles of resorufin formed per 
minute that was standardised against the protein concentration to produce specific EROD activity 
(Appendix III). 
3.4 Glutathione-5-transferase Assay 
In this method GST activity was determined by a spectrophotometric method. 1-chloro 2,4-
dinitrobenzene (CDNB) is recognised by all GST isoforms and so refects total GST activity 
(Camacho et al. 2000). Reduced glutathione is also added to the reaction mixture to prevent the 
enzyme oxidation of GST protein (Motoyama & Dauterman 1978). The reaction proceeds by 
reaction of the chlorine on the substituted benzene ring with the glutathione via a sulphur bridge 
which results in electrophillic substitution (Figure 3.3). This produces S~(2,4-
dinitrophenyl)glutathione which is detected spectrometrically at 340nm using a microtitre plate reader 
340 ATIC (SLT-Labinstruments GmbH, Austria) with a controlled temperature unit. 
3.4.1 Preparation of the post-mitochondrial (S-9) fraction 
Liver tissue frozen at -80°C was removed from the freezer and a portion removed while still frozen. 
A section of frozen liver was weighed and then transferred to a pre-chilled glass tube. Approximately 
20 times the wet tissue weight/volume of ice cold GST homogenisation buffer was added to the tube 
which was then placed on ice. These were homogenised, on ice, using an Ultra turrax T8 (Janke 
& Kunkel, GmbH & Co.,Germany) fitted with a 8mm (S8N-8G, Janke & Kunkel) dispenser tip to 
achieve a smooth dispersion. During homogenisation, samples were kept in ice and the dispenser 
tip was pre-chilled to ensure that heat generated by the dispenser tip would not warm samples. 
Once homogenised, samples were centrifuged at 9,957 x g (11 ,200rpm; Biofuge 15R, Heraeus 
Instruments GmbH, Labortechnik, Germany) in a HFA 22.2 fixed angle rotor (Heraeus) for 10 
minutes at 4°C. The supernatant from the eppendorf tubes was transferred to new tubes and then 
kept on ice (4°G). Care taken not to disturb the pellet or draw up any of the lipid layer. 
3.4.2 Assay protocol 
Samples were aliquoted into a polystyrene 96 well flat bottom microtitre plate (#3590, Costar® UK), 
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Kinetic measurements from each well were used to calculate activity. The plate format is shown in 
Figure 3.4. Internal standards were included to calculate inter-plate variation. The assay was run 
following sequential addition of homogenising buffer (15,u1 to sample and internal standard well; 
20,u1 to blank and assay zero wells), 5,u1 of the supernatant diluted 1:150 times in homogenising 
buffer and 175,u1 of assay buffer. The well contents were mixed, shaken in the plate reader for 3 
seconds, and left to incubate at 35°C for 5 minutes after which the reaction was initiated by the 
addition of CDNS substrate (2.0 mM). The plate was again shaken and absorbances read over a 
5 minute period (The reaction follows maximal rate kinetics for up to 10 minutes). The linear 
relationship between absorbance and time is used by the pate reader software (SOFT 2000, SLT-
Labinstruments, GmbH, Austria) to calculate a mean rate of reaction. Essentially, this reaction 
measures the formation of the coloured reaction product S-(2,4-dinitrophenyl)glutathione at 340 nm 
(Figure 3.3). 
CDNB + GLUTATHIONE 
GLUTATHIONE-S-TRANSFERASE 
° '"\ ,NH2 H 0 II -'. I II 
H-C-C-CH-C-C 
2 I I 
H H2N ,H 0 
\.' II 
S_CH2 C-? 
<rNO 
NH 0 
-:?' 2 I II 
~ I CH2-C-OH 
N02 
5-(2,4-DINITROPHENYL) GLUTATHIONE 
Coloured conjugate measured at 340nm 
+ HCI 
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Figure 3.3: Schematic representation of the reaction pathway catalysed by GST 
that forms the basis of measuring enzyme activity. 
3.4.3 Calculation of GST activity 
All sample well activities were first corrected for background. Assuming that the samples are 
undiluted and that the light path is 1cm, the Beer-Lambert Law (Equation 3.4) can be used to 
calculate the rate of conjugate produced (mmoles/min) based on the extinction coefficient of the 
conjugate and change of absorbance. 
However, this equation was re-arranged to account for a light path of 0.61 cm (technical information, 
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Costar®), and the dilution of samples. Using the experimEmtally derived change in absorbance 
(~mOD) per minute (SOFT 2000, SLT-Labinstruments) activity was expressed as ,umoles of 
conjugate formed per minute (,umollmin). Enzyme activity was then standardised against protein 
concentration (,umollmin/mg protein). The protein content of samples was measured according to 
the protocol of Bradford (1976). 
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Figure 3.4: Schematic representation of the assay plate layout for the 
glutathion-S- transferase activity and acetylcholinesterase activity assays. 
3.5 Vitellogenin ELISA 
Vitellogenin induction is widely recognised as a physiological tool to determine estrogenic effects in 
vivo and in vitro assays. The development of an inexpensive ELISA allowed rapid screening of 
multiple samples. In this research, a heterogenous enzyme immunoassay, in which purified antigen 
was adsorbed nonspecifically to a solid phase surface was developed against eel plasma Vtg . 
Samples containing unknown concentrations of antigen wem added along with the primary antibody. 
This mixture was then left to reach a state of equilibrium between the antibody which was bound to 
the adsorbed and the free antigen. Unbound antibody was next removed and the bound antibody 
is again bound by a secondary antibody which was conjugated with a detection system. The 
resulting sandwich complex of antigen-primary antigen-sHcondary antigen attached to the solid 
phase was measured when the enzyme substrate was added to the bound conjugate. 
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The development of an ELISA for shortfinned eel Vtg is limited by the lack of a commercially 
available antibody for eels. However, polyclonal antibodies against teleost Vtg have been shown 
to be relatively easy and inexpensive to produce (Denslow et al. 1999), and therefore it was decided 
to develop polyclonal antibodies against shortfinned eel Vtg using the following methods. 
3.5.1 Induction of vitellogenin synthesis 
The synthesis of Vtg was induced in immature eels by intraperitoneal (ip.) Injection once weekly for 
three weeks with either E2 (5mg/ml) or corn oil in a total dose volume of 2ml/kg. The E2 was 
crushed into a fine powder and mixed with corn oil (5mg/ml) and wrapped in tin foil to exclude light. 
One day prior to injection, food was withheld to facilitate E2 absorption. Eight days after the last 
injection (day 23) animals were transported back to the lab in ice cold water and anaesthetised using 
a combination of benzocaine (250mg/L) and ice cold water as described in section 3.1.4. Blood was 
collected from the caudal vein using a heparinised syringe and 23g needle and dispensed into an 
eppendorf containing the protease inhibitor aprotinin (20 TIUlml blood) and left on ice for 30min. 
Plasma was collected by centrifuging the blood at 317 x g (2000rpm, rotor 3042, Heraeus, Germany) 
for 15 min at 8°C and frozen at -20°C. 
3.5.2 Purification of vitellogenin 
The method used to purify Vtg was adapted from Silversand et al. (1993). The plasma was diluted 
(1 :30 times) with MQ water and filter sterilized through a 0.22 j-lm syringe filter (Millex-GS, Millipore, 
USA). 500j-l1 of diluted eel plasma was injected into the loop which was attached to an anion-
exchanger (Mono Q HR 5/5 column 50 x 5mm 1.0.) that was connected to a fast protein liquid 
chromatography system (FPLC-system) consisting of a LCC-501-plus controller unit, P-500 pumps, 
pre-filter, sample loop of 500j-l1, UV-1 UV monitor with an HR flowcell to measure protein 
concentration in exiting the column, a conductivity monitor, and a SuperFrac sample collector 
(Pharmacia, Sweden). All buffers used in this procedure contained 200 TIU/I aprotinin and were filter 
sterilized (Steritop 0.22j-lm GP Express membrane Millipore, USA) and degassed (200 torr, DynaVac 
00 Series Pump, USA) for 20 min. Before the sample was injected, the column was equilibrated with 
Buffer A (50 mM Tris base, 200 TIU/L aprotinin, pH 8) until a stable 280nm baseline was reached. 
Unbound material was washed trough the column with 2ml buffer A. Bound material was eluted by 
increasing the percentage of buffer B (0.5M NaCI, 50mM Tris base, pH 8) running through the 
column. This was carried out in three linear progressions. The first was a 2mllinear NaCI gradient 
(0-55% buffer B composition), followed by a 12mllinear NaCI gradient (55-80% buffer B composition) 
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and finally a 2mllinear NaCI gradient (80-100% buffer B). The flow rate through the column was 
1.0ml/min and fractions of 0.5ml were collected. Fractions corresponding to an E2 dependant 
absorbance peaks (UV-1 UV monitor) were collected and these fractions from multiple runs were 
pooled (for each animal), into dialysis tubing (Spectra/Por Membrane: MWCO 12-14,000 Da, 
Spectrum, USA) and dialysed against 12L of 0.5mM Tris base (pH 8.0) for 12 h at 4°C with 
continuous mixing. Fractions were concentrated by placing the dialysis tubing in polyethylene glycol 
4000 flakes for 2-4 h at 4°C. The resulting solution was aliquoted and stored at -20°C. Total 
sample protein concentration from each animal was determined by the Bradford method (Bradford 
1976). 
3.5.3 Characterisation of purified vitellogenin 
The separation of protein by polyacrylamide gel electrophoresis (PAGE) was carried out using the 
discontinuous buffer system under dissociating conditions and based upon the procedure of Laemmli 
(1970). Denaturing resolving gels (7.5% acrylamide, 0.1 % SDS, 0.375M Tris HCI pH 6.8) and 
stacking gels (3.8% acrylamide, 0.1 % SDS, 0.182M Tris HCI pH 6.8,) were de-gassed (18Otorr, 
Dyna Vac) for 30min at room temperatu re (23-25 ° C optimal) and polymerised by the addition of 0.1 % 
NNN'N' Tetramethylethyllenediamine (TEMED), 0.1 % ammonium persulphate and left to set for 
60min. Protein solutions for denaturing gels were added to SDS reducing sample buffer (63mM Tris 
HCI, 10% glycerol, 2% SDS, 0.1 % bromophenol blue) containing 5% ~-mercaptoethanol and heated 
at 100°C for 4min. After heat denaturation, the samples were cooled immediately on ice. High 
molecular weight protein markers (high range SDS-PAGE standards, BioRad) were diluted 1 :20 with 
sample buffer and prepared as for the protein samples. All wells were loaded with 20jA-1 of protein 
or standard solution. All gels were submersed in running buffer (25mM Tris base, 192mM Glycine, 
1 % SDS pH 8.3) and electrophoresed using the Mini-PROTEAN® II Electrophoresis Cell and Power 
Pac 2000 (Bio-Rad, USA). Gels were run at 150V and 60mA for approximately 60mins. The running 
apparatus was immersed in ice to reduce heating. Proteins were visualised by staining with 
coomassie blue solution (0.15% Coomassie blue, 30% methanol, 10% acetic acid) for 30min. To 
remove background stain the gels were soaked in destainer solution (30% methanol, 10% acetic 
acid) with mixing (SEMCO Temperature controlled water bath; setting 40) until the required band 
intensity was reached. A permanent record of each gel was captured digitally by either the Ultra 
Violet Products image capture system (Cosmicar television lens, Imagestore 5000 White/UV 
Transilluminator (UVP, England), Mitsubishi Video Copy Processor P68B), or the Gel Doc 2000 
scanner (BoiRad). These files were imported into Corel Presentations for final editing. In instances 
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where the latter system was used, the protein bands were further characterised by QuantityOne-
4.0.1 software (BioRad). 
3.5.4 Production of anti-eel vitellogenin polyclonal antibodies 
Specific polyclonal antisera against the purified Vtg were raised in 10 week old New Zealand white 
rabbits (rabbit numbers G76, G77 and G78). Aliquots of the purified Vtg were diluted with 1.5ml of 
phosphate buffered saline and 1.5ml of Freunds complete adjuvant and mixed into an emulsion. 
Three rabbits were injected subcutaneously with Vtg (300-400I/g) at 3-4 injection sites adjacent to 
the spine. Additional booster injections (1.5-2.0ml) were administered one (280-380l/g) and two 
(240-320I/g) months later. The rabbits were bled from an ear vein 5-6 days after the each booster 
injection. Titre checks on serum from each rabbit after the first and second booster injections 
revealed an antibody titre of in excess of 10,000. Positive displacement of the antisera with free Vtg 
was observed with all sera. Another titre check following the last booster injection revealed titres 
between 20,000 and 50,000. The animals were exsanguinated 90 days after the first injection and 
blood was allowed to clot at 4°C overnight. Antisera were collected after centrifugation at 5,000 x 
g at 4 ° C for 10min and frozen in 10ml aliquots. 
3.5.5 Characterisation of primary antibodies - Western blot analysis 
After PAGE the proteins were immobilised onto activated polyvinylidene difluorene (PVOF) 
membrane (Immobolin-P, Millipore) as described by Bittner et al. (1980). Transfers were performed 
in a Mini Trans-Blot apparatus (BioRad) overnight at 30V and 8°C in transfer buffer (25mM Tris 
base, 192mM glycine, 1 % SOS). After transfer the membrane development was based upon the 
methods of Towbin et al. (1979). The PVOF membrane was blocked for 3h with TBS buffer (0.01 M 
Tris base, 0.15M NaCI, pH 7.8) containing 2.5% BSA and then washed (TBS-T 0.01 M Tris base, 
0.1 % Tween 20) three times (15min with shaking). The membrane was then probed with the primary 
antibody(1:10,000 dilution in TBST containing 1 % BSA) for 1 h, then washed three times, and 
incubated with alkaline phosphatase conjugated secondary antibody (Goat anti rabbit, SIGMA) 
diluted 1 :3,000. Specific binding was visualised using the BioRad premixed substrate reagents. 
3.5.6 Characterisation of polyclonal antibodies - Immunoelectrophoresis 
The polyclonal antisera can be further characterised by immunoelectrophoresis. Specifically the 
binding specificity of the primary antisera for antigenic sites within purified and complex protein 
mixtures can be determined. This technique combines the specificity of immunoprecipitin reactions 
with the separation of molecules by electrophoresis in a molecular sieving medium. Briefly, samples 
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are loaded into an agarose gel and separated by electrophoresis. The antisera is then added to 
troughs which run in between the protein lanes and parallel to the direction of protein migration. The 
gel was then incubated overnight where the antigens diffuse radially and the antibodies diffuse 
laterally resulting in antigen-antibody precipitation arcs (characteristic of the antibody classes IgG 
and IgM). Despite the use of agarose which acquires a smaller charge than agar, the electro-
osmotic flow of water during electrophoresis moves all the antigens towards the cathode. This 
results in the apparent cathodic migration of V-globulins, including IgG antibodies, although they 
migrate very little on electrophoresis on uncharged support media. Unbound proteins are blotted 
from the gel and the gel is then stained to reveal any antiserum-antigen binding. The shape, number 
and location of immunoprecipitation reveals information about the purity of the primary antibody and 
its capacity to detect specific antigens in complex aqueous matrices such as plasma, culture filtrates, 
tissue or cell extracts (Wilson & Walker 1994; Plummer 1987). Characterisation of the rabbit anti-eel 
Vtg primary antibody was adapted from the procedures described by Lewis (1983). A 1% agarose 
gel (LE agarose, Boerhinger Mannheim, Germany) was prepared in 0.1 M Tris-HCI pH 8.8 and 
poured onto glass plates to thickness of approximately 2-4mm. Wells (1 mm diameter and 10mm 
apart) were punched into the gel and protein samples mixed with sample buffer (0.1 M Tris-HCI, 
glycerol, 1% bromophenol blue). Gels were run at 150V and 120mA for 50min in a horizontal 
submersible gel apparatus (Mini Sub™ DNA Cell and Power-Pac 200; BIO-RAD, USA). Following 
electrophoresis, troughs (2mm wide) were cut in the gel between the sample wells parallel to the 
electrophoretic migration and the undiluted primary antiserum dispensed into the troughs and 
incubated overnight at room temperature in a humidity chamber. The gel was then soaked in saline 
(0.9% NaCI) for 3h and blotted for a further 3h to remove the remaining non-precipitated protein. 
The preCipitated protein was visualized by staining with Coomassie brilliant blue G-250 for 30min, 
and destained until the desired band intensity was obtained. A permanent record of the gel was 
taken using the Bio-Rad gel imaging system. 
3.5.7 ELISA assay· Vitellogenin standard curve 
Purified vitellogenin standards (118.2 to 0.24 ng/well) were produced in TBS-T BSA (10mM Tris 
base, 0.15M NaCI, 0.1% Tween20, 0.5% gentamycin, 0.5% ELISA-grade BSA, pH 7.5) (Table 3.1). 
An aliquot of purified Vtg was made up to 1 ml with TBS-T-BSA buffer to give a concentration of 
2382 ng/ml. This was then serially diluted with TBS-T BSA to produce 10 standards ranging from 
2382ng/ml (118.2ng/well) to 4.7ng/ml (0.24ng/well) that were kept on ice. 
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3.5.8 ELISA assay· Assay protocol 
An aliquot of purified Vtg was thawed and diluted with sodium bicarbonate buffer (50mM NaHC03, 
0.5% gentamycin, pH to 9.6) and 150j-l1 dispensed into each well (96 well polystyrene flat bottom 
Costar@, USA) to give a final well coating concentration of 4ng. The plates were then incubated at 
3rC for 3h. Well contents were discarded and washed five times with 200j-l1 TBS-T buffer (10mM 
Tris base, 0.15M NaCI, 0.1% Tween20, 0.5% gentamycin pH 7.5). The wells were blocked with 
200j-l1 of TBS-T BSA and incubated at 3rC for 30min. The wells were washed a further five times 
with TBS-T. Plasma samples were diluted in TBS-T BSA (1 :500) and 50j-l1 dispensed into their 
specific wells. The rabbit anti-eel Vtg primary antibody was previously diluted 1 :500 times in TBS-T 
BSA, aliquoted and frozen. Samples were thawed and diluted in TBS-T BSA to a final dilution of 
1 :80,000 and 1 o OJ-l I added to all wells except the assay blank (Figure 3.5). Plates were incubated 
at room temeprature overnight. The plate was then washed 5 times in TBS-T and incubated for 2h 
at 3rC with goat anti-rabbit immunoglobulin conjugated to horseradish peroxidase which had 
initially been diluted 1:100 in TBS-T BSA and frozen at -20°C. Aliquots of this were thawed and 
diluted in TBS-T BSA to a final dilution of 1 :2000. The plate was then washed as previously 
described and incubated with O-phenylene diamine (OPD) substrate (0.5g/11 ,2-phenylene diamine, 
0.015% hydrogen peroxide) and 32ml ammonium acetate (50mM) citric acid (50mM) solution pH 5.0. 
The reaction was stopped with 5N H2S04 and the absorbances read at 490nm (340 A TIC microplate 
reader, SL T-Labinstruments). 
3.5.9 Calculation of minimum limit of detection (LOD) 
In this ELISA, the LOD is defined as the lowest concentration of analyte that can be determined to 
be statistically different from a sample containing no analyte (the assay zero, Sz). It has been shown 
that for normally distributed data the total value measured for the sample (SI) - Sz > 0 at the 99% 
confidence level when that difference S, - Sz > 3 times the sample standard deviation (so) of the Sz. 
Therefore, Keith et al. (1983) recommended that the LOD be set to 3 times the so of the Sz. 
Unfortunately, the Biolise 2000 software would not generate values for assay zeroes. Therefore, a 
freeware version of Titri (version 5.04), a windo~s (MS Visual Basic) simulation of an ELISA data 
manipulation programme, written originally for DOS Borland Turbo Pascal 6.0 (Gestur Vidarsson, 
Netherlands) was used as a substitute. Absorbance data corresponding to individual assay zero 
wells (each zero preformed in triplicate) from 10 plates used to measure Vtg concentration in 
experimental samples, were converted to an absorbance value (Titri). These values were averaged 
to give a sample mean assay zero concentration of 7.24ng/well. The standard deviation (11.67) was 
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multiplied by three to produce the LOD (35.03ng/weU) for this assay. 
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Figure 3.5: Plate layout of standards, samples, aBsay zeros, blanks and internal 
references (used to calculated inter assay coefficient of variation). 
3.5.10 ELISA assay· Calculation of Vtg concentration 
All standard, assay zero, sample and internal reference absorbances were corrected for backg round. 
Absorbances (minus blank) from each standard were plotted against the log of their concentration 
to produce a standard curve of best-fit (4-parameter) (SOFT 2000, SL T-Labinstruments). The 
equation derived from the standard curve was used to determined the Vtg concentration in samples 
using the absorbance data (SOFT 2000, SLT-Labinstrumel1ts). If assay sample values (derived 
mean value of sample triplicates) were below the limit of detection they were classified 'BLD' (Below 
Limit of Detection). Samples above the limit of detection were multiplied by the dilution factor (500) 
to calculate the 'corrected' Vtg concentration (I-lg/ml). 
3.6 Acetylcholinesterase (AChE) Activity Assay 
Acetylcholinesterase activity was determined using the enzymatic spectrophotometric method of 
Ellman et al. (1961 ). To facilitate running multiple samples on a 96-well plate this assay has been 
scaled down 1: 1 0 times without any significant change in thEl enzyme rate of reaction (Ellman et al. 
1961). Utilising acetylcholine iodide (ATChl) as a substrate AChE hydrolyses ATChl to form 
thiocholine. Thiocholine then reacts with 5:5-dithiobis-2-nilrobenzoate ion to produce the yellow 
anion of 5-thio-2-nitrobenzoic acid (Figure 3.6). The rate of colour formation was measured at 
405nm and is directly proportional to AChE activity. 
Cholinesterase 
CH3 ~I +"C.... ....S.... .....CH3 . ~ [CH~3' +"C.... ....S-H H3C-N C C N C 
I 8 
CH3 
Acetylthiocholine Iodide Thiolcholine Acetic acid 
O - - 0 
.:-C ..... o o-C' 
02N~ ~N02 lA )l) + 2H+ 
S-s 
5:5-dithiobis-2-nitrobenzoate ion (I) 
5-thio-2-nitro-benzoic acid 
Coloured anion 
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Figure 3.6: Schematic representation of AChE hydrolysis of ATChl to produce a 
coloured product which is measured at 405nm. 
3.6.1 Sample preparation 
Plasma was thawed and added directly to the assay. Brain tissue was weighed and thawed on ice 
before homogenising with an Ultra turrax TB fitted with a Bmm dispenser tip (Janke & Kunkel) in 1 :20 
wet weighVvolume of ice cold homogenising buffer (0.1 M KP04, 10%(v/v) glycerol, pH 7.6}. The 
resulting homogenate was assayed directly. 
3.6.2 Assay protocol 
Calculation of AChE activity is based upon kinetic measurements taken in a 96 well microtitre plate 
(3590, Costal®). The sample layout is identical to the GST activity assay (Figure 3.4). Internal 
references are included to calculate of the coefficient of variation. The assay is run according to the 
sequential addition of assay buffer (0.1 M KP04, pH 7.B, 295,u1 to sample and internal reference 
wells; 300,u1 to blank and assay zero wells), sample (5,u1 neat plasma or brain homogenate to 
sample and internal reference wells), and DTNB (10111 of 10mM to all wells). Well contents were 
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mixed, and the plate was shaken in the reader for 3sec, before incubating at the optimum assay 
temperature (see Chapter 9) for Smin. The reaction was initiated by the addition of ATChl substrate 
(Sp I of 78mM to all wells). The plate was again shaken and absorbances read at 40Snm (340 
ATIC, SLT-Labinstruments) over a Smin period (The reaction follows maximal rate kinetics for up 
to 10min). The linear relationship between absorbance and time is used by the pate reader software 
(SOFT 2000, SLT-Labinstruments) to calculate a mean rate of reaction. 
3.6.3 Calculation of AChE activity 
All sample well AChE activities were first corrected for background (SOFT 2000, SLT-
Labinstruments). Assuming the samples are undiluted and that the light path is 1cm, the Beer-
Lambert Law (Equation 3.4) can be used to calculate the mean rate of reaction (mmoles/min) based 
on the extinction coefficient of the coloured anion (S-thio-2-nitrobenzoic acid) and change of 
absorbance (LlmOD). However, a light path of 0.9398cm (technical information Costar®), and the 
fact that brain homogenate is diluted the Beer-Lambert Law was re-arranged to express activity in 
t-lmoles of coloured anion produced per minute {t-tmol/min}. Enzyme activity was then reported as 
activity per ml of plasma or mg of wet weight brain tissue (Equation 3.4). 
. .iAbs x ,umoles x reaction vol 
.iProductconc. (,umoles)/mln/ml = 1 . I I I 3.6 x 0.9398 x min x samp e vo x m s 
Equation 3.4: A re-arrangement of the Beer-Lambert Law 
3.7 Bradford Protein Assay 
The expression of enzyme activity or analyte concentration against protein concentration has 
become a standardised method of presenting results. The Bradford assay is a commonly used 
method to determine protein concentration in biological samples (Bradford 1976). This assay is 
based on the equilibrium between different ionic forms of coomassie blue G dye. Under strongly 
acid conditions, the dye is most stable as a doubly-protonated brown-red form. When bound to 
protein, however, hydrophobic and ionic protein-dye interactions produce a stable unprotonated, 
blue form (Figure 3.7) 
Brown-Red H+ _ Green Protei!:!, Blue-Protein Com plex 
470nm - 650nm 590nm 
Figure 3.7: Schematic representation of the reaction underlying the Bradford 
assay. 
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The assay is useful since the extinction coefficient of a dye-albumin complex solution is constant 
over a 1 O-fold concentration range. Compared with other total protein measurements the Bradford 
assay is faster, involves fewer mixing steps, does not require heating, and gives a stable colorimetric 
response. It is however prone to influence from non-protein sources, particularly detergents, and 
becomes progressively more nonlinear at the high end of its useful protein concentration range. The 
response is also protein dependent, and varies with the composition of the protein. These limitations 
make protein standard solutions necessary (Bradford 1976). 
3.7.1 BSA standard curves 
Total protein concentration was determined for a number of samples derived from different tissue 
types (plasma, hepatic homogenate, hepatic microsomal). In addition to the different tissue types 
samples also differed depending on the buffer type and concentration, and pH, depending on which 
assay the sample was derived from. Therefore these conditions (buffer type and concentration, pH) 
were replicated during the production of the BSA standard curves to reflect the different sample 
conditions. Taking these into account the BSA standards were produced using sample buffer to that 
which the test samples were prepared in (see Appendix II). To further ensure homogenous assay 
conditions between the BSA standards and unknown samples, the Bradford assay buffer also 
corresponded to the buffer that the test sample was dissolved in. Stock BSA stock solutions were 
dispensed into 1 ml aliquots and frozen at -20°C and used when required. Assay standard curves 
were generated according to Table 3.1. 
Table 3.1: Generation of BSA standards 
Volume of stock solution(ul) Volume appropriate buffer (ul) Protein/5ml Amount protein in 50ul assay volume 
20 4980 20ug 0.2ug 
100 4900 100ug 1.0ug 
200 4800 200ug 2.0ug 
400 4600 400ug 4.0ug 
500 4500 500ug 5.0ug 
600 4400 600ug 6.0ug 
1000 4000 1000ug 10.0ug 
3.7.2 Assay protocol 
The Bradford assay was carried out in a 96 well microtitre plate (3590, Costar®). The assay was 
run according to the sequential addition of MQ water (1 00,u1 to all wells), BSA standards produced 
in homogenisation buffer (50,u1), samples and internal references(5,u1}, homogenisation buffer (45,u1 
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to sample and internal reference wells only, see Appendix II), and dye (150,u1 to all wells).The plate 
was shaken in the plate reader for 1 Osec and left to stand at room temperature for 2min before being 
read at 600nm at room temperature. (340 ATTC SLT-Labinstruments). 
3.7.3 Calculation of protein concentration 
All standard, assay zero, and sample absorbances were corrected for background. Absorbances 
(minus blank) from each standard were plotted against standard concentration to produce a standard 
curve of best-fit (4-parameter) (SOFT 2000, SLT-Labinstruments). The equation derived from the 
standard curve was used to determine the protein concentration in samples using the absorbance 
data (SOFT 2000, SLT-Labinstruments). The calculated protein concentration was multiplied by the 
dilution factor and divided by the sample volume to derive the concentration of protein to pg 
protein/pi plasma or homogenate. 
3.8 Water Parameter Measurements 
Temperature, dissolved oxygen content, pH, ammonia, and conductivity were measured in both the 
laboratory holding tanks and at field sites using a multi-parameter environmental monitoring data 
sonde (YSI 6920, YSllnc. Ohio, USA). Data was captured electronically by the data sonde then 
transferred to Windows compatible sofware (EcoWatch V 3.12.06, YSllnc.) for further manipulation 
and graphing. Once the wet-lab was established, these parameters were measured in tanks 
containing 8 eels in order to characterise normal operating conditions because captive stress in eels 
can be further compounded if anyone of these parameters falls outside normal ranges. At the field 
sites the same measurements were taken once weekly to investigate the possible impacts that urban 
and agricultural run-off, and sewage discharge have on these parameters. Daily maximum and 
minimum air temperature and rainfall were also collated from the Christchurch Press meteorological 
page whose recording are taken at the Christchurch Airport. 
Thermal pollution (increase in water temperature) can occurfrom industry (power plants), storm-drain 
runoff which has been warmed on streets, parking lots and sidewalks, the removal of vegetation 
around the water, and construction (can lead to an increase in dissolved solids in the water resulting 
in the absorption of the sun's rays which increases the water temperature). Increases in water 
temperature lower the concentration of dissolve oxygen. This is further exacerbated by a 
concomitant increase in organism metabolic rates. Although the increased temperature will augment 
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the rate of photosynthesis over the long term this will bring about an increase in plant number, these 
will be decomposed by aerobic bacteria after death (Svobodova et al. 1993). 
Oxygen enters the water by direct absorption from the atmosphere or by plant photosynthesis. 
Natural stream purification processes require adequate oxygen levels in order to provide for aerobic 
life forms (eg. animal respiration, aerobic bacteria). Dissolved oxygen levels change and vary 
according to the time of day, the weather and the temperature, but most natural water systems 
require 5-6 parts per million to support a diverse population. Dissolved oxygen is one of the best 
indicators of the health of a water ecosystem. When organic pollutants such as animal waste, 
improperly treated wastewater, or increased sediment loads enters a body of water, algae growth 
increases and the dissolved oxygen levels decrease as the plant material dies off and is 
decomposed through the action of the aerobic bacteria. As dissolved oxygen levels in water drop 
below 5.0mg/l, aquatic life is put under stress. Oxygen levels that remain below 1-2mg/1 for a few 
hours can result in large fish kills. Levels of dissolved oxygen less than 4.0 parts per million (ppm) 
are considered poor. On the other hand the total dissolved gas concentrations in water should not 
exceed 110 percent. Concentrations above this level can be harmful to aquatic life. Fish in waters 
containing excessive dissolved gases may suffer from "gas bubble disease"; however, this is a very 
rare occurrence. The bubbles or emboli block the flow of blood through blood vessels causing death. 
External bubbles (emphysema) can also occur and be seen on fins, on skin and on other tissue 
(Svobodova et al. 1993). 
The pH of the surrounding aquatic environment is an important determinant for many organic and 
inorganic processes (Clesceri et al. 1989). In general fish are able to tolerate pH's that range 
between 5 and 9 while pH 4 and 10.1 would represent the limits for most resistant fish. However, 
the most significant environmental impact of pH involves synergistic effects. This process is 
important in surface waters. Agricultural, domestic, and industrial run-off may contain iron, 
aluminum, ammonia, mercury or other elements. The pH of the water will determine the toxic effects, 
if any, of these substances. For example, 4 mg/I of iron would not present a toxic effect at a pH of 
4.8. However, as little as 0.9 mg/I of iron at a pH of 5.5 can cause fish to die (Svobodova et al. 
1993). 
Ammonia can have either organic or inorganic sources. Ammonia (NH3) and ammonium (NH4 +) exist 
in equilibrium with the exact ratios depending on pH (higher pH allows for more ammonia). In the 
laboratory situation most of the ammonia is produced organically. Fish live and respire, giving off 
ammonia through the gills as they accept oxygen. Fresh water fish also urinate constantly, in order 
65 
to eliminate the water forcing its way in through simple osmosis. As well as this excess water, 
ammonia and urea is eliminated. Although defecation does not immediately produce ammonia in 
the mulm it is still a major contributor. Decay bacteria work constantly to reduce wastes to the most 
simple compounds. As they perform their natural function, ammonia is one of the by-products. 
There are a number of other organic ammonia producers, besides the initial ammonia production 
from the fish in the aquarium. More importantly, excess food which if left is broken down by bacteria 
to produce large amounts of ammonia. In the field ammonia inputs can come from treated sewage 
or a wide variety of industrial and cleaning operations that use ammonia or ammonium salts. Natural 
waters contain concentrations of less than 0.1 mg/L (McNeely et al. 1979). Ammonia has many 
effects on fishes, including a reduction in hatching success, reduction in growth rate and 
morphological development, and pathologic changes in tissues of gills, livers, and kidneys 
(Svobodova et al. 1993). 
Conductivity is a numerical expression of a water's ability to conduct an electric current. Conductivity 
increases as dissolved solids, including industrial wastes increase. Specific conductance in natural 
surface waters range from 50-1500 megohms (p hmos) (Clesceri et al. 1989; Svobodova et al. 1993). 
3.9 Chemical Residue Analyses 
3.9.1 Polyaromatic hydrocarbon, organochlorine, and 17-P estradiol analyses 
Polyaromatic and organochlorine residue analyses were performed by LincLab, Lincoln. Plasma E2 
analyses were done by Forest Research Institute, Rotorua. A brief description of the sample 
preparation and analytical methods is included in Appendix IV. 
3.10 Statistical Analyses 
SYSTAT® 7.0 for Windows® (SPSS Inc., Illinois, USA) was used to perform the statistical tests. 
Two-tailed t-tests were used to assess difference between control and treatment groups. Analysis 
of Variance (AN OVA) was used to compare the means of two or more sample means. The 
assumptions of ANOVA were assessed using residual plots. Log or square root transformations 
were used when data did not conform to these assumptions. When this did not improve the data 
non-parametric tests were employed (Kruskall-Wallis rank sum test, Mann-Whitney). An F-test was 
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used to test for evidence of differences between means. Where significant main effects were 
evident, post hoc tests (Tukeys, Bonferonni, Dunnets) were used to identify where the significance 
was occurring. To protect the integrity of the probability statistic, a Bonferronni adjustment was 
applied in instances where multiple comparisons were made. Details of the statistical tests applied 
are provided for each experiment, and are described in the methods section of each chapter. 
PART I 
MONITORING TERRESTRIAL POLLUTION 
The Laboratory Mouse as a Research Model 
A large number of scientific studies have been carried out using the laboratory mouse as the test 
species. However, research describing the use of laboratory mice as a biomonitoring tool for 
environmental risk assessment of terrestrial contaminated sites is limited. Using a genetically 
identical strain of laboratory mice under controlled conditions minimises biological variation (Chapter 
2) and research costs. These characteristics make the laboratory mouse a viable testing model that 
is potentially sensitive, robust, and cost effective. In addition, it can provide information on 
bioavailability and biological effects related to the affects of chemical contaminants that are relevant 
to human health as well as ecological risk. 
To investigate the responsiveness of the mouse cytochrome P450 enzymes to PAHs and 
generalised organic contamination exposure, experiments were carried out in three progressive 
steps (Flow Diagram 1). 
Step 1. Each biomarker assay (EROD and P450 content) was developed and optimised. 
Step 2. Mice were exposed (either directly via ip. injection or indirectly via spiked soil exposure) to 
either one of two concentrations of a model PAH compound, or a common PAH 
contaminant, to confirm that PAHs will induce P450 in a dose responsive fashion. 
Step 3. Mice were exposed to soils collected from two industrial sites contaminated with organic 
compounds to determine biomarker sensitivity to ex situ exposures. One site was being 
bioremediated and the progress of bioremediation was assessed annually using the mouse 
model. 
Immune function was simultaneously assessed as a potential biomarker within these mouse studies. 
However, this work was not part of this PhD thesis and is not reported herein. 
STEP 1 
STEP 2 
STEP 3 
MOUSE EXPERIMENTS 
ASSAY DEVELOPMENT 
Optimisation of cytochrome P450 assays 
(EROD activity, spectral analysis) 
LABORATORY CONFIRMATION 
Intraperitoneal Exposures 
(Two PAHs, high & low dose) 
Spiked Soil Exposures 
(Two PAHs, high & low doses) 
Ex Situ EXPOSURES 
Contaminated site soil exposure 
(Soil from 2 contaminated sites) 
Flow Diagram 1: A schematic overview of the mouse experiments. 
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Chapter 4 
ASSAY DEVELOPMENT 
Optimisation of an analytical technique is an essential process that ensures optimum assay 
sensitivity and accuracy. This is particularly pertinent to biological assays, such as enzyme assays. 
When measuring enzyme activity, it is essential that activity is recorded during steady-state kinetics, 
or the period of time when the maximum rate of enzyme activity is unchanged (Wilson & Walker 
1994; Cornish-Bowden 1995; Gul et al. 1998). A number of physico-chemical parameters including 
protein (enzyme) and substrate concentration, pH, temperature, and the presence of activators or 
inhibitors can have a marked effect on enzyme activity (Hodson et al. 1991; Gul et al. 1998). 
The catalytic activity of an enzyme relies on the ionisation state of key residues in the active site of 
the enzyme (Wilson & Walker 1994; Cornish-Bowden 1995; Gul et al. 1998). For example if an 
acidic side chain like glutamic acid (Glu) is involved in catalysis, it probably operates when it is 
ionized, since Glu side chain carboxylic acid groups have an ionisation constant (pKa) around pH 5 
and at pH values below this pKa' the enzyme will be less active, while at pH values above the pKa' 
the enzyme will be most active. At higher pH values, another group, for example, the amino side 
chain group in a lysine (Lys) may control the activity. So at pH values below the pKa of the Lys amino 
side chain, which is about pH 9, the enzyme is active, while at pH values above the Lys side chain 
pKa' the enzyme will be less active. Thus the pH optimum lies somewhere between the pKa values 
for these two groups that control the enzyme activity. The plot of enzyme activity against pH is often 
IIbell shapedll since two different amino acid groups of an enzyme are being titrated to different states 
of ionization at the different pH values. In addition, the ionic bonds are important to structural 
stability and therefore in essence the three-dimensional structure of the enzyme determines the 
functional efficiency of the enzyme. In addition, the abiotic assay components can also be affected 
by pH. For example, in the GST enzyme assay, an increase in pH also increase the non-enzymatic 
hydrolysis of the substrate and therefore, determining an optimum pH will also depend upon an 
acceptable rate of this hydrolysis (Habig et al. 1974). 
The rate of an enzyme reaction varies with temperature. The mathematical equation that describes 
this phenomenon (Arrhenius equation) states that the relationship between enzyme rate and 
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temperature is exponential (Cornish-Bowden 1995). Therefore, for every 1Q°C rise in temperature 
the enzyme-catalysed reaction rate doubles (010 value). At temperatures above 40°C, enzymes can 
become denatured due to disruption of non-covalent bonds that maintain enzyme structural integrity 
and subsequent loss in active site integrity can result in a loss of activity. In contrast, low 
temperatures reduces activity because of a lower energy input into the reaction (Wilson & Walker 
1994; Cornish-Bowden 1995; Gul et al. 1998). 
When steady-state kinetics exist, the initial enzyme reaction rate in any biological sample is directly 
proportional to the enzyme concentration (Wilson & Walker 1994; Cornish-Bowden 1995.; Gul et al. 
1998). However, steady-state kinetics may not occur due to a limiting factor such as substrate 
concentration. The initial rate of reaction is proportional to the substrate concentration (first-order 
kinetics). As the substrate concentration increases, it will reach a point where the initial rate of 
reaction is independent of substrate concentration (zero-order kinetics). It is essential that 
measurements are carried out under zero-order kinetics, or where there are no limiting factors. 
While it is important to maintain zero order kinetics, it is also important to assess whether there is 
substrate inhibition of enzyme activity as has been observed for assays that rely on ethoxyresorufin 
(Rutten et al. 1992) or acetylcholine (Chuiko 2000) as a substrate. This rationale also applies to 
assays that rely on co-factors such as NAOPH for example (a co-factor that supplies energy for the 
EROO enzyme assay). It is also important to make certain that the measured enzyme activity, is 
within the maximum and minimum limits of the recording device. 
4.1 7-Ethoxyresorufin O-Dealkylase Activity 
Liver microsomal EROO activity (Chapter 3.3.1 for microsome preparation and storage) was 
measured using a fluorometric technique adapted from Kennedy & Jones (1994) (Chapter 3.3.3). 
4.1.1 Methods 
When optimising enzyme concentration, it is important to consider whether enzyme induction may 
have occurred during the experiment. To avoid underestimating enzyme activity in mice that have 
induced levels of hepatic CYP1 A 1 activity, then a higher dilution factor is required compared to 
individuals with constitutive levels (Burke & Mayer 1983). To determine appropriate dilution ratios, 
hepatic microsomes from mice injected with the CYP 1A1 inducer B[a]P (Chapter 5.2) and control 
mice were used. Optimum assay conditions were determined using microsomes that were pooled 
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from induced animals (n=3) or control animals (n=3). Each parameter was optimised using a range 
of eight different concentrations, temperature, or pH. Existing literature was used to estimate 
appropriate ranges for each of the test conditions (Rutten et al. 1987; Rutten et al. 1992). 
4.1.2 Results 
The results of the optimisation experiments are summarised in the following table. Apart from the 
dilution factor, the optimum values for the remaining parameters were assumed to be identical for 
microsomes prepared from both 8[a]P and control treated animals. 
Table 4.1: Optimum assay conditions 
Parameter Range Optimum Condition 
Tested 
B[a]P treated Control Treated 
Microsome dilution ratio (original 1:50 to 1:75 1:5 to 1 :10 
concentration range 10-30mg/ml microsomes) 
pH (0.05M NaH2P04 , adjusted pH with 5M 6.0 to 8.0 7.6 7.6 
NaOH) 
Temperature (DC) 15 to 45 30 30 
Substrate concentration (7-ethoxyresorufin, 0.41 to 82.90 2.0275 2.0275 
nM) 
Co-factor concentration (NADPH, J.lM) 6.75 to 1350 67.5 67.5 
4.2 Total Cytochrome P450 Concentration 
4.2.1 Method 
Reduced dithionite difference spectroscopy (Matsubara et al. 1976) was employed as a quantitative 
measure of total P450 induction as well as a qualitative measure of enzyme functional integrity 
(Chapter 3.3.2). The effect of dithionite incubation time on the absorbance profile was investigated. 
4.2.2 Results 
There was an appreciable change in the absorbance spectra up to 90 secs after which the changes 
at 450 and 490nm were negligible (Figure 4.1). 
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Figure 4.1: The effect of dithionite incubation time on the absorption spectra of 
mouse microsomes. 
4.3 Conclusions 
Under the described experimental procedure, EROO activity and total P450 concentration 
measurements were successfully optimised for the mouse hepatic microsomal preparations. 
Preliminary values generated during this PhO research (data not shown) were in agreement with 
other reported EROO activity and total P450 concentration values for induced and non-induced mice 
(Burke & Mayer 1983; Lubet et al. 1990; Krijt et al. 1993; Qualls Jr. et al. 1998; Singh et al. 1998) 
although several other studies have reported up to 10-fold higher EROO activities (Griffen et al. 
1986; Simmons & McKee 1992), including a study with female C57BU6 mice where the average 
female basal EROO activity was 5 times higher (Schrenk et al. 1991) than recorded in this PhO 
research. However, the average male basal EROO activities from the Schrenk et al. (1991) study 
were similar to the average values for females observed in my study. 
Cytochrome P450 spectral profiles revealed that microsome preparations contain negligible amounts 
of denatured enzyme with no appreciable peak at 420nm indicating the purification of functionally 
intact P450. 
Chapter 5 
INTRAPERITONEAL INJECTIONS OF 
POL YAROMATIC HYDROCARBON 
COMPOUNDS 
5.1 Introduction 
Polyaromatic hydrocarbons are a class of organic chemicals that consist of three or more fused 
benzene rings in linear, angular and cluster arrangements (Zedeck 1980; Cerniglia 1992). This class 
of compounds are hydrophobic (very low water solubility) and therefore are persistent in the 
environment. Fossil fuel combustion and industrial processing account for a majority of 
environmental PAHs which can enter the environment from multiple sources including direct aerial 
fallout, chronic leakage of industrial and sewage effluents, accidental discharges during transport, 
use and disposal of petroleum products, or from natural sources such as oil seeps and surface water 
run-off from fire sites (Zedeck 1980; International Agency for Research on Cancer (IARC) 1983; 
Davila et al. 1997; Kordel et al. 1997). Polyaromatic hydrocarbons represent a genotoxic hazard to 
vertebrate organisms because their metabolites can promote the formation of DNA adducts, sister 
chromatid exchange, chromosomal aberrations and unscheduled DNA synthesis via their 
metabolism and bioactivation by the P450 enzyme system (Conney 1982; White Jr. 1986i Lubet et 
al. 1987) (Chapter 2). The lipophilicity and environmental persistence of PAH compounds increase 
as the molecular size increases up to 4 fused benzene rings. As molecular weight increases, there 
is also an enhanced chronic toxicity and carcinogenesis (Cerniglia 1992). 
3,4 Benzo[a]pyrene and 1,2 benz(a)anthracene (BA) are common constituents of industrial 
contaminated gas sites in New Zealand (Aislabie et al. 1997). 3,4 Benzo[a]pyrene is highly lipophillic 
and has a half life in soil of approximately 200-300 weeks. It is highly genotoxic due to its molecular 
size and a unique structural feature called the 'bay region' (Figure 5.1) that plays a pivotal role in the 
metabolism of B[a]P to extremely reactive diol-epoxide derivatives (Daniel et al. 1967; Zedeck 1980; 
Cerniglia 1992; Pitot III & Dragan 1996). Benz(a)anthracene, which is one of the most abundant 
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PAHs found at contaminated gas sites (Pickering 2000), also has the ability to promote DNA adducts 
and modifications to chromosomes via a similar mechanism as B[a]P (Booth & Sims 1974; Cerniglia 
1992; Pitot III & Dragan 1996) and has an estimated half-life of 34-90 weeks in soil (Aislabie et al. 
1997) (Figure 5.1). 
3,4 8enzo[a]pyrene 1,2 8enz(a)anthracene 
Figure 5.1: Molecular structures of the PAH test compounds. Arrows represent the 
'bay regions' in the molecule that are associated with its bioactivation to reactive 
metabolites. 
A multiple dosing regime based on Dickerson et al. (1994) was used in C57BU6 mice to investigate 
comparative P450 responses between: 
i) the B[a]P and BA test compounds. 
ii) the different dose concentrations (dose dependent response). 
iii) times following administration of the final treatment (kinetic response). 
The multiple injection protocol mimics a continuous exposure and is an accepted method of inducing 
cytochrome P450 enzymes in rodents (Rozman & Klaasen 1996). Intraperitoneal exposure was 
used because of the rapid absorption of xenobiotic compounds via this route due to the rich blood 
supply and large surface area of the peritoneal cavity. In addition, the compounds are absorbed 
primarily through the hepatic portal circulation and therefore travel through the liver and are activated 
by the liver cytochrome P450 system before entering the systemic circulatory system (Rozman & 
Klaasen 1996). The doses of PAHs used were based on sub-lethal doses used in other mouse 
experiments (Dean et al. 1983; White et al. 1985; Blanton et al. 1986; Blanton et al. 1988; Ladics 
et al. 1992), and therefore acute toxicity was not expected to occur. 
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5.2 Methods 
5.2.1 Experimental design 
The PAH test compounds were prepared fresh each day by suspending the test compounds in the 
vehicle (polyvinyl pyrolidine; PVP) to produce stock concentrations [2 mg/ml (low), 20 mg/ml (high)] 
of S[a]P and SA. The final sample size of each treatmenVtime group was six. However, sampling 
constraints required the implementation of a split sampling design that divided the treatment groups 
into two of 3 mice/treatmenVtime group (Table 5.1). Therefore, to fulfil sample number requirements, 
the experiment was repeated in another set of animals to give the final sample number of 6 [2 x 
(n=3)]. For SA treated mice, the same split sampling design was carried out to give a sample size 
of n=6. 
In each half of the split-design experiment, 27 female mice were randomly allocated into three 
groups of nine animals (Table 5.1). On days 1, 3, 5, 7, 9, mice were administered an ip. injection 
(5ml/kg dose volume) to give a low (10mg/kg) or high final dose (100mg/kg) of either S[a]P, SA. 
Controls were delivered in the equivalent volume of vehicle. Therefore, all animals received a total 
of five injections during the course of this experiment giving a total dose concentration of 50 or 500 
mg/kg of either SA or S[a]P, or equivalent volume of the vehicle (Table 5.1). Intraperitoneal 
injections were administered to different adjacent areas in the midline of the abdomen on different 
days in order to enhance wound healing and minimise secondary infections. On day 10, 11, and 12, 
three mice from each treatment group were sacrificed on each day. Livers, kidneys and a portion 
of blood were collected, processed, and stored at -BO°C prior to analysis (Chapter 3). The kidneys 
and blood were collected for other assays outside of my PhD study. The carcasses (minus the 
above mentioned organs) were labelled and stored at -20°C for PAH residue analysis (Appendix IV). 
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Table 5.1: Experimental dosing and sampling regime. 
Experimental Day 1 Day 3 Day 5 Day 7 Day 9 Day 10 Day 11 Day 12 
Schedule 
Injectio Injectio Injectio Injectio Injectio Sample Sample Sample 
n 1 n2 n3 n4 n5 tissue tissue tissue 
Treatment Group 
PVPVehicle all mice all mice all mice all mice all mice n=3 from n=3 from n=3 from 
PAH (10mglkg) dosed dosed dosed dosed dosed each treat. each treat. each treat. 
PAH (100mglkg) group group group 
Total Number of Mice Used 9 9 9 
NOTE: This split sampling design was used for both S[a)P and SA. Each experiment was repeated In another set of 
animals to give a sample size n=6 for each of the dose concentrations (low [10mglkg) and high[100mglkg]) at each of 
the sampling days (day 10,11,12). 
5.2.2 Biomarker analyses 
5.2.2.1 Liver microsomal EROD activity 
Liver microsomal EROD activity (Chapter 3.3.1 for microsome preparation and storage) was 
measured using a fluorometric technique adapted from Kennedy & Jones (1994) (Chapter 3.3.3). 
Ethoxyresorufin activity was standardised against microsomal protein concentration that was 
measured simultaneously using the fluorescent method of Kennedy & Jones (1994). 
5.2.2.2 Liver microsomal P450 concentration 
Total P450 concentration was measured using freshly prepared microsomes according to the 
spectrophotometric method of Matsubara et al. (1976) (Chapter 3.3.2). The amount of P450 was 
standardised against microsomal protein concentration, measured by the method of Bradford (1976). 
Problems encountered during the spectral analysis of microsome preparations, compromised the 
integrity of the first half of the samples from this experiment reducing the sample size to n=3. 
5.2.2.3 HSI 
The ratio of liver weight to body weight was used to calculate the HSI value (Sloof et al. 1983). 
5.2.2.4 Carcass PAH residues 
Selected mouse carcasses were analysed by LincLab, (Lincoln) (see Appendix IV for details of the 
analysis). 
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5.2.3 Statistical analyses 
Prior to analysis, the data was checked in order to satisfy the assumptions of the analysis. In 
instances of variance heterogeneity, square root or log transformations were utilised. Two factor 
analysis of variance (ANOVA) was used to examine the effects of treatment and sampling day on 
biomarker responses. Because animal numbers in each sampling day group (10,11, and 12) were 
split between two identical experiments, the effect of the sample split was also examined. If 
sampling day did not significantly affect the responses and there was no interaction effect, the data 
from days 10, 11, and 12 were pooled, and analysed using a one-way ANOVA. When significant 
main and interaction effects were present, group means were tested using a Tukey's test. 
5.3 Results 
5.3.1 Liver microsomal EROD activity 
In mice treated with B[a]p, EROO activity in liver microsomes varied with the dose of B[a]P and day 
of sampling (F4,45 = 2.819, P= 0.036). Tukey's test identified which dose and day combination were 
significantly different (Figure 5.2). Benz(a)anthracene treatments had less of an effect on EROO 
activity. However, EROO activity increased with dose (F244 = 25.142, P< 0.0001) but there was no 
day (F2.44 = 0.961, P= 0.390) or interaction effect (F4.44 = 1.8287, P= 0.720). Averaging over days, 
there was a dose effect (F2,50 = 23.484, P < 0.0001) with animals injected with 100mg/kg BA having 
a significantly higher EROO activity than the control (P < 0.0001) and the 1 Omg/kg treatment group 
(P < 0.0001) (Figure 5.2). 
5.3.2 Liver microsomal P450 concentration 
Total liver P450 content varied with B[a]P dose (F2,18 = 30.900, P < 0.001 ,) and day of sampling (F2,18 
= 44.194, P < 0.001) with no interaction effect between dose and day (F4,18 = 1.585, P = 0.221). 
Averaging over days, there was a dose effect (F2,24 = 6.579, P = 0.005). Animals injected with 
100mg/kg B[a]P had a significantly greater P450 concentration than both the control and the 
1 Omg/kg treatment group (P= 0.008 and P= 0.018 respectively). Averaging over doses, there was 
a day effect (F2,24 = 12.313, P = 0.002) with day 11 values being significantly higher than day 10 (P 
= 0.001) and day 12 (P = 0.034). Oay 10 and day 12 values were not significantly different (p = 
0.078) from each other (Figure 5.3). 
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8enz(a)anthracene treatment had no significant effect on P450 concentration across day (F2,18 
=1.330, P = 0,289) or dose (F2,18 =2,612, P = 0,101) (Figure 5,3). 
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Figure S.2: Hepatic microsomal EROD activity (mean + SO) in female CS7SU6 
mice 1,2, and 3 days following multiple ip. administration of S[a]P or SA doses. 
n=6 except for SA (100mg/kg) treatment group where n=S. Different letters on 
bars indicate significant differences between sample means (P<O.OS); * 
represents a significant treatment difference to control (P<O.OS). 
5.3.3 Hepatic somatic index 
The HSI varied with 8[a]P treatment (F2,44 =33,296, P < 0,001) with no significant dose and day 
79 
interaction effect (F4 44 = 1.577, P = 0.1971). However, averaging over days, HSI values were 
significantly greater (F2,50 = 31.740, P < 0.001) in both the 10mg/kg B[a]P and 100mg/kg B[a]P 
treatment groups compared to the control (P = 0.008 and P < 0.001 respectively) (Figure 5.4), 
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Figure S.3: Total hepatic microsomal cytochrome P4S0 content (mean +SD) in 
female CS7BU6 mice 1, 2, and 3 days following ip. administration of multiple 
doses of B[a]P, BA, or vehicle (control). Treatment group means are shown (n=3); 
* represents a significant treatment effect to control (P<O.OS); + denotes a 
significant day effect (P<O.OS). 
Similarly, HSI also varied significantly with BA treatment (F2,45 =4.219, P < 0.021) but there was no 
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dose and day interaction effect (F4,45 = 0.523, P= 0.720). Averaging over days, there was a dose 
effect (F2,49 = 6.2149, P = 0.011) with only the animals that were injected with 100mg/kg SA having 
a significantly greater HSI than the control group (P = 0.008) (Figure 5.4). 
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Figure 5.4: Hepatosomatic indices (mean + SD) in female C57BU6 mice 1,2, and 
3 days following ip. administration of multiple doses of B[a]P or BA. Treatment 
group means are shown (n=6); * denotes a significant treatment difference from 
control (P<O.05). 
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5.3.4 Carcass Residues 
The average body burden levels of 8[a]P in animals treated with 100mg/kg and 10mg/kg and 
sacrificed three days after the last ip. dose were 38.79mg/kg and 3.31 mg/kg respectively (Figure 5.5) 
Thus as expected, 8[a]P body burden differences reflected the doses administered. In contrast, 
body burden in mice treated with 8A were approximately 40 and 165 times lower at 0.92mg/kg and 
0.02mg/kg respectively than for the similar 8[a]P doses (Figure 5.5). Other PAH species were also 
measured and found to be at low levels in both the control and treatment groups (Figure 5.5). 
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Figure 5.5: Carcass residue levels (mean +.80) of the two test compounds (S[a]P, 
SA) and other PAHs, three days following ip. administration of S[a]P or SA. 
Treatment group means are shown (n=3) except for SA O.2mg/kg and SA 20mg/kg 
where n=2. 
5.4 Conclusions 
Treatment with 100mg/kg 8[a]P on five consecutive days was sufficient to increase the mouse liver 
microsomal EROO, P450, and HSI. The difference between the 100 and 1 Omg/kg treatment groups 
was significant for EROO activity but not for P450 concentration and HSI. Therefore the induction 
of EROO activity was more sensitive and responsive to acute chemical challenge than total P450 
concentration and HSI. As the term implies, total P450 concentration represents the sum of all the 
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isozymes present in the sample. When individual or few P450 isozymes are induced, an overall 
change in P450 concentration may not be detected due to the contribution made by other P450 
isozymes (Payne et al. 1987; Hodson et al. 1991). An increase in HSI value indicates an adaptive 
response (liver hyperplasia) to chronic exposure of a chemical(s) (Payne et al. 1987). Rodents 
collected from sites contaminated with organic compounds have shown significantly higher HSI 
values compared to control animals or animals captured from pristine sites (Schrenk et al. 1991; 
Simmons & McKee 1992; Bhatia et al. 1994). However, the duration of exposure to the chemical 
and timing of sampling may have reduced the ability to detect significant differences between dose 
groups in my experiment. Despite the lower sensitivity of P450 concentration measurements, the 
mean P450 concentration in all B[ajP dose groups sampled on day 2 was significantly higher than 
day 1 or day 3 values. This result is surprising given that total P450 concentration levels are not 
expected to change this much given the much slower response kinetics compared to EROD activity. 
This result could be due to analytical variability. response of P450 to PAH exposure. 
In contrast to B[ajP, BA exposure had a much lesser effect on biomarker responses. The EROD 
response to 100mg/kg of BA was significantly different to control, but was 1 0-15-fold less than the 
EROD response at the same concentration of B[ajP. This reduced ability to induce EROD activity 
is most likely due to the higher affinity of B[ajP for the Ah receptor. In vitro studies with hepatoma 
cells derived from C57UJ mice revealed that B[ajP is able to displace approximately 96% of 
radiolabelled 2,3,7,8 tetrachloro-dibenzo-p-dioxin (TCDD) from the Ah receptor. In contrast BA is 
able to displace only 61 % (Bigelow & Nerbert 1982). Similarly, the ability for B[ajP to induce aryl 
hydrocarbon hydroxylase (AHH) and EROD activity in rat hepatoma H-4-11 cells was 5-fold higher 
compared to BA (Piskorska-Pliszczynska et al. 1986). Carcass residues of the PAH test compounds 
three days after the last injection, revealed that the carcass concentration of each test compound 
was much lower than total concentration of injected PAH. Metabolism of the test compound would 
have reduced the concentration of the parent compound. The presence of very low levels of other 
PAH compounds, particularly 1, 2, and 3 ringed compounds support the hypothesis that the test 
compounds have been metabolised. However, the appearance of PAH compounds in control mice 
also implies that there is some background level of naturally occurring PAH compounds the mice 
have been exposed to (Zedeck 1980). In addition, the mouse carcasses that were submitted for 
analysis were without the liver (used for P450 biomarker assays), kidneys and blood (used in other 
assays outside of this PhD research), and gall bladder (where high levels of B[ajP metabolites are 
likely to be located). Pharmacokinetic studies in mice exposed to PAHs via the intravenous or ip. 
route, have shown that PAHs are rapidly distributed via the systemic circulation to the liver and 
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kidneys where they are metabolised. Any non-metabolised compound generally accumulates in 
these tissues as well as the fatty tissue (Daniel et al. 1967; Zedeck 1980). Analysis of carcass body 
burdon, exclusive of the liver and kidneys will result in lower residue levels. However, the lower 
levels of SA compared to S[a]P suggests that either SA is absorbed less rapidly than, or is more 
rapidly metabolised than S[a]P. Indeed, S[a]P has a higher molecular weight, a slightly lower water 
solubility, than SA which would result in an increase in absorption. In addition, Cerniglia et al. (1992) 
showed that S[a]P is more resistant to metabolic degradation than SA. In one study where rats were 
administered one single ip. dose (1 mg/kg), low levels of S[a]P were still detected in liver preparations 
5 days later which suggests a slow clearance time for S[a]P (Conney 1982). In addition, co-
administration of SA with S[a]P to Syrian hamster embryo cultures decreased the metabolism of SP 
(Smolarek et al. 1986) suggesting that SA is preferentially metabolised compared to S[a]P. 
The sensitivity of mice liver biomarkers, particularly EROD activity, to sub-lethal concentrations of 
PAH compounds was shown in this experiment. Moreover, the sustained biomarker responses 
clearly contrast the sharp decline in carcass residue levels of the parent compound that were 
measured three days after the final inj~ction of the test compounds. This supports other studies 
which have reported marked reductions of parent PAH compounds soon after dosing (Daniel & Pratt 
1967),while the biological effects can persist for some time (Moorthy et al. 1994). The relatively short 
in vivo residency times for some organic compounds compared to the longer biomarker responses 
highlights an advantage of biomarker measurements over the more conventional residue analysis. 
Chapter 6 
POLYAROMATIC HYDROCARBON SPIKED 
SOIL EXPERIMENT 
6.1 Introduction 
The use of contaminant-free soil that has been spiked with single PAH compounds, or complex 
extracts derived from sites contaminated with organic chemicals, has been employed in rodent 
exposure experiments (Fouchecourt et al. 1999; Billeret et al. 2000). Under natural conditions, mice 
have a considerable exposure potential to soil bound contaminants through ingestion (food, 
burrowing, and grooming), inhalation (dusts and volatile compounds) and percutaneous absorption 
(Beyer et al. 1994; Qualls et al. 1998; Fouch8court et al. 1999). It is estimated that less than 2% of 
the total diet of the white footed mouse was soil (Beyer et al. 1994) which at contaminated sites can 
lead to a significant body burden (Stansley & Roscoe 1996). In addition, a number of studies have 
shown significant EROO induction in mice and rats fed soil containing singular or complex mixtures 
of PAHs (Roos et al. 1996; Koganti et al. 1998; Bordelon et al. 2000). Topical administration of soil 
containing B[a]P in crude petroleum that was applied to the skin of rats was shown to have a 
cumulative absorption of 9.6% B[a]P after 96h (Magee et al. 1996). Furthermore, a significant 
induction of lung EROO activity was measured in rats suspended above a PAH polluted soil, 
although no change in hepatic EROO activity was observed in these rats (Fouchecourt et al. 1999). 
To further investigate the response of mice to the two PAH test compounds (B[a]P and BA), 
contaminant-free soil was spiked with environmentally relevant concentrations of either B[a]P or BA. 
6.2 Methods 
6.2.1 Experimental design 
6.2.1.1 Soil preparation 
Clean soil from the Landcare Research East Block property (Lincoln) was spiked with 
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environmentally relevant high and a low concentration of S[a]P or SA. Approximate concentrations 
were derived from published data of PAH contaminants at a contaminated gas works, biotreatment 
lagoon, coal sites, and estuarine sediments in New Zealand (Wilcock et al.1996; Aislabie et al. 1997; 
pers. com. Aislabie 1988). The field soil was sieved to remove coarse particles and coarse organic 
matter. This soil was then assessed for particle size, (conducted by the Soil Sciences Department, 
Lincoln University, by the pipette method following hydrogen peroxide pretreatment, suspension in 
sodium hexametaphosphate and ultrasonic dispersion according to Claydon, (1989), pH, carbon, 
nitrogen, and organic content according to the New Zealand Classification System, and stored dry. 
Sub-samples of this soil were screened for background levels of PAH compounds (LincLab, Lincoln) 
(see Appendix IV). Soils were spiked within published guidelines (Northcott & Jones 2000). Stock 
solutions for each soil treatment were prepared by adding Sml of dimethyl sulfoxide (DMSO) to a 
bottle containing 1 g of either S[a]P or SA (200 mg/ml). Stock solutions were then sonicated for Smin 
and shaken vigorously for 2min to completely dissolve the contents. For the high dose treatment 
(20mg/kg soil), 1 ml of the stock solution was diluted 1 :50 times in acetone and mixed thoroughly. 
Forthe low dose treatment (0.2mg/kg soil), 1 O,ul of stock solution was diluted 1 :5000 in acetone and 
mixed thoroughly. The control treatment consisted of 1 ml of DMSO solution diluted 1 :50 in acetone. 
Each of the respective working solutions (SOml) were added to one of five 10kg aliquots of soil, 
followed by extensive mixing. After mixing, 3kg aliquots of soil were transferred into labeled mouse 
cages (Scm soil depth) and left for 24h (with intermittent turning of the soil) to allow the acetone to 
evaporate. 
6.2.1.2 Preliminary experiment 
A preliminary trial was conducted to assess the effect of 'clean soil' on biomarker responses. One 
cage was filled with 3kg of 'clean soil' (Scm soil depth) and another cage contained only a stainless 
steel mesh insert (raised flooring). Six mice were randomly allocated to each cage. All mice were 
sacrificed after 21 days and the liver collected for analyses. 
6.2.1.3 Spiked soil experiment 
Mice were randomly allocated to five groups of 18 mice, each group corresponding to a specific 
treatment (S[a]P 20mg/kg soil, S[a]P 0.2mg/kg soil, SA 20mg/kg soil, SA 0.2mg/kg soil, or control). 
Each treatment group of 18 mice were further divided into 3 sub-groups corresponding to time of 
sampling (1, 2, or 3 weeks of exposure). Rat pellets were added to the soil to increase PAH 
exposure. 
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Sampling and biomarker analysis logistics necessitated a staggered exposure design. Therefore 
each treatment group was divided into two lots of three animals, and sampled a day apart (Table 
6.1). To distinguish between the two sampling days, mice were tail marked. Mice were sacrificed 
1, 2, and 3 weeks of exposure to the soil and liver, kidneys and spleen collected for analysis. Soil 
samples (100g) were collected from each treatment group at weeks 0, 1,2,3, transferred to glass 
bottles and stored at -20°C pending PAH residue analysis. 
Table 6.1: Experimental dosing and sampling regime. 
Day 1 Day 2 Day 7 Day 8 Day 14 Day 15 Day 21 Day 22 
house on house 1 week 1 week 2 week 2 week 3 week 3 week 
soil on soil sampl sampl sampl sam pi sampl sample 
e e e e e 
Treatment 
DMSO control 3/cage 3/cage n=3 n=3 n=3 n=3 n=3 n=3 
BlalP (0.2mglkg 3/cage 3/cage n=3 n=3 n=3 n=3 n=3 n=3 
soil) 
BlalP (20mglkg soil) 3/cage 3/cage n=3 n=3 n=3 n=3 n=3 n=3 
BA (0.2mglkg soil) 3/cage 3/cage n=3 n=3 n=3 n=3 n=3 n=3 
BA (20 mglkg soil) 3/cage 3/cage n=3 n=3 n=3 n=3 n=3 n=3 
No. of mice used 15 15 15 15 15 15 
6.2.2 Biomarker analyses 
6.2.2.1 Liver microsomal EROD activity 
Liver microsomal EROD activity (Chapter 3.3.1 for microsome preparation and storage) was 
measured using an adaption of the simultaneous activity and protein measurement methodology of 
Kennedy & Jones (1994) (Chapter 3.3.3). 
6.2.2.2 Liver microsomal P450 content 
Total P450 content was measured in freshly prepared microsomes using the spectrophotometric 
method of Matsubara et al. (1976) (Chapter 3.3.2). Cytochrome P450 content was standardised 
against microsomal protein concentration measured by the method of Bradford (1976) (Chapter 3.7). 
6.2.2.3 HSI 
The ratio of liver weight to body weight was used to calculate the HSI value. 
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6.2.3 Statistical analyses 
Prior to analysis, the data was checked to see that it satisfied the assumptions of the analysis. In 
instances of variance heterogeneity, a log transformation was used. A t-test was used to examine 
the effect of bedding substrate on the variable means. A two-factor ANOVA was used to examine 
treatment, week of sampling and day of sampling effects (a consequence of the staggered sampling 
design) and all possible interactions. Sample means for transformed variables were back-
transformed and are represented on original scale. 
6.3 Results 
6.3.1 Soil characterisation 
The characteristics of the 'clean soil' are shown in Table 6.2. A broad screen for a possible 16 PAH 
compounds (naphthalene, acenaphthylene, acenaphthene, fluorene, phenanthrene, anthracene, 
fluoranthene, pyrene, benzo(a)anthracene, chrysene, benzo[bj and [kjfluoranthene, benzo[bj and 
[kjfluoranthene, benzo[ajpyrene, indenopyrene, dibenzo[ a,h janthracene, benzo[h,ijperylene) found 
no detectable concentrations in the processed soil samples (data not shown). 
Table 6.2: Physical and chemical characteristics of control soil 
Particle Size Distribution - Fine Earth Fraction 
New Zealand Classification 
pH Carbon Nitrogen Organi Coarse Medium Fine Silt Clay 
c Sand Sand Sand 
Matter 2.0-0.6 0.6-0.2 0.2-0.06 0.06-0.002 <0.002 mm 
(%) (%) (%) (%) (%) (%) (%) 
(%) 
6 2.97 0.232 3.8 0 5 26 52 17 
6.3.2 Preliminary experiment 
The bedding substrate did not have a significant effect (1'>0.05) on any of the biomarker assays 
(EROO activity, P450 content, and HSI) (Figure V.I, Appendix V). The mean values for the 
biomarker responses were similar to the previous control values (Chapter 5). 
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6.3.3 Spiked soil experiment 
6.3.3.1 Liver microsomal EROD activity 
Analysis of variance revealed a significant dose effect on EROD activity (P<0.01) (Figure VI.I, 
Appendix VI). When EROD activity was pooled across treatments, the activity was highest in the 
control (47 .18pmoles/min/mg microsomal protein) and the lowest in mice exposed to soil containing 
20mg/kg S[a]P (37.72pmoles/min/mg microsomal protein). There was no significant week, or 
sampling day effect on EROD activity in mice exposed to S[a]P or SA spiked soil. However, a 
significant 2-way interaction effect was detected between the week of sampling and treatment 
(P<0.001). Examination of the mean EROD activity for each treatment group across week of 
sampling (independent of day of sampling) showed no consistent pattern. A significant 2-way 
interaction effect was also measured between the day of sampling and the treatment (P<O.01). 
While the control mean EROD activity showed a consistent increase from day 1 to day 2 of sampling 
(independent of the week), the mean EROD activity in the S[a]P high dose, SA low dose, and SA 
high dose groups decreased from day 1 to day 2. 
6.3.3.2 Liver total P450 content 
Significant week and treatment effects on P450 content were observed (P<0.01) (Figure V 1.1 I). 
However, highly significant 2-way interactions between the day of sampling and week (P<0.001), the 
day of sampling and treatment (P<0.01), the week of sampling and treatment (P<0.001), as well as 
a highly significant 3-way interaction between the day of sampling, the week of sampling and 
treatment effect (P<0.001) made interpretation of the P450 content results difficult. Examination of 
individual sample means show large differences in P450 content between samples, particularly 
between the sampling days 1 and 2. 
6.3.3.3 HSI 
There was no significant effect of treatment on the HSI. However, there was a significant effect of 
week (P<0.01) on HSI. Analysis of HSI results pooled across weeks showed a clear increase in the 
HSI from week 1 (0.04522034) to week 3 (0.04970569) (Figure VLlII, Appendix VI). 
6.3.3.4 PAH residue analysis 
At the beginning of the experiment (Week 0), analyses of the soil for PAH residues revealed that the 
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actual soil PAH concentrations were lower than the predicted PAH concentration. As the experiment 
progressed the soil concentrations decreased, and this trend was pronounced in soil spiked with 
20mg/kg of S[a]P or SA (Figure 6.1). 
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Figure 6.1: Soil B[a]P and BA concentration (mean +SD) at week 0, 1, 2, and 3 
following exposure of mice (n=2) to soil spiked B[a]P or BA. 
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6.4 Conclusions 
According to ANOVA results, there was a significant treatment effect on liver microsomal EROO 
activity. However, a significant 2-way interaction effect between day of sampling and treatment, 
mostly due to large and inconsistent differences between sampling day 1 and 2, make it impossible 
to draw firm conclusions about how and where the significance occurred and what caused these 
inconsistencies between sampling day. This 2-way interaction effect arose because of the decision 
to adopt a staggered sampling approach to facilitate the logistics of experimentation. Under this 
sampling regime, mice sampled on day 1 were treated identically to the mice sampled on day 2 and 
therefore differences due to day of sampling should be nil. Interpretation of this result is further 
complicated by the lack of a PAH treatment effect even at the high B[ajP dose. In light of the finding 
the lack of an induction response in mice exposed to BA spiked soils is not unusual. Compared to 
B[ajP, BA has much lower affinity for the Ah receptor (Bigelow & Nerbert 1982). Therefore a much 
greater soil concentration of BA would have been required to induce EROO activity to the same 
extent as for B[ajP. Similarly, rats that were exposed to soil spiked with 736mg/kg phenanthrene 
also failed to show any increase in liver EROO activity (Fouchecourt et al. 1999). 
The variation in P450 content values was even larger than EROO activity and this resulted in highly 
significant 2-way and even 3-way interaction effects. In the absence of significant main effects 
(treatment, or week) on P450 content, interpretation of such effects is difficult. 
Measurements of HSI indicated that the liver weight was increasing significantly at a greater rate, 
from week 1 to 3, relative to body weight. In the absence of a significant EROO induction and P450 
content response this HSI increase can be interpreted as being related to normal mouse liver and 
body growth. 
In this experiment, none of the test compounds (B[ajP, BA) had a significant effect on the biomarker 
responses relative to the controls. However, the large variation in sample means may have masked 
treatment effects. Oespite the large variation in biomarker responses (EROO activity, P450 content, 
and HSI), the inherent ability of soil to bind organic compounds most likely reduced the amount of 
bioavailable PAH to a level that was insufficient to elicit a biological response. For example, 
research has shown that when mice were fed a diet of organic extract derived from gas-works tar 
the bioavailability of the compounds decreased if the same organic extract was mixed with soil 
(Koganti et al. 1998). Similar ingestion studies support these findings that soil reduces bioavailability 
(Weyland et al. 1994; Roos et al. 1996; Bordelon et al. 2000). Hypotheses that have gained general 
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support to describe the abiotic dependent decrease in PAH bioavailability in soils include: 
1 That PAH compounds become partitioned into soil colloidal matter where PAHs adsorb 
rapidly to external surfaces of the soil colloids via physical adsorption (van der Waals forces) 
or chemical adsorption(chemical bonds} (Weissenfels et al. 1992; Kordel et al. 1997; White 
et al. 1997). 
2 That PAH molecules become entrapped in micropores of soil particles, and with time enter 
remote sites (Weisenfels et al. 1992; White et al. 1997). 
The physico-chemical properties of soil play an important part in determining PAH bioavailability 
(Kordel et al. 1997). Total soil organic content and soil granulometry were both dominant factors in 
determining EROD responses in rats exposed to PAH and PCB contaminated soil, with high organic 
content and small particle sizes reducing the EROD response (Billeret et al. 2000). For example, 
the bioavailability of B[a]P that had been spiked to a clay based soil was much lower than B[a]P 
spiked to a sand based soil (Magee et al. 1996). The control soil used in my experiment had a low 
organic content and a high percentage of small particles, both of which may have contributed to 
lowering the bioavailability of the test compound. 
Several studies in rats have shown that dietary fibre of various types can bind or absorb PAHs thus 
reducing their bioavailability in the digestive tract. In rats fed a mixed diet (cellulose, bread, lignin, 
spinach and others) the absorption of B[a]P was up to 40% lower than from a diet consisting of 
triolein oil (reviewed in Magee et al. 1996). This has implications for my study where mice were fed 
rat pellets that contain a high percentage of dietary fibre. 
The lower actual soil residue concentrations of the test compounds compared to the concentration 
at week 0 probably reflect a non-homogenous distribution of the compound through the soil due to 
instantaneous and/or localised binding of the compounds to soil particles as the PAH compounds 
were added to the soil. However, the marked reduction in soil PAH concentration over time, 
especially at the high soil concentrations, could be due to a number of factors. These include 
volatilisation, chemical oxidation, bioaccumulation and or biotransformation, and microbial 
degradation of the compounds (Cerniglia 1992; Magee et al. 1996). In a study that utilised 
radiolabelled PAHs, the fate of a range of PAHs (including B[a]P and BA) were examined 
(Carmichael & Pfaender 1997). They showed that soils pre-exposed to PAH compounds developed 
heterotrophic communities that were capable of mineralising more BA (1 0-50%) than B[a]P (2-9%). 
In contrast, soil that was not pre-exposed to PAH compounds was only capable of mineralising 5% 
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of each PAH (Carmichael & Pfaender 1997). Furthermore, other studies have shown that the 
mechanical extraction of PAHs from soils become more difficult with time (Magee et al. 1996; Jin et 
al. 1999; Tang & Alexander 1999) and thus could be due to the soil adsoption hypotheses described 
previously (White et al. 1997). 
These experiments show that even when mice are exposed to soil that has been contaminated with 
potent P450 inducers at environmentally relevant concentrations there was no biomarker response 
(EROD activity, P450 content and HSI). Soils in this PhD research were spiked with environmentally 
relevant concentrations of 8[a]P based on the assumption that biological effects would be directly 
related to the concentration of 8[a]P added to the soil. However, the literature suggests that the 
inherent ability of soil to decrease the bioavailability organic compounds has to be overcome, or 
saturated, before biological effects of PAHs in the soil will be observed. Furthermore, if the levels 
of the PAH do not exceed the constitutive capacity of the mouse detoxification pathway to 
metabolise the PAH then changes to the biomarkers are unlikely to occur. These imply that both the 
total concentration of PAH as well as the choice of PAH test compound present are important when 
investigating soil PAH bioavailability and biological effects in laboratory based experiments. 
Attempting to re-create the environmental realism of a contaminated site in my experiment by spiking 
soils with an environmentally relevant high soil concentration of only one compound, was unrealistic 
because the total soil PAH concentration was not duplicated. This highlights the need to consider 
a wide range of factors when attempting to incorporate environmental realism into laboratory based 
tests. 
Chapter 7 
EX SITU EXPOSURE TO SOIL FROM 
CONTAMINATED SITES 
7.1 Introduction 
The hydrophobic nature of PAH compounds is a major factor that contributes to their persistence in 
the environment. The fate of PAH compounds that are released into the terrestrial environment 
depend on the chemical structure of the compound and abiotic effects such as temperature and soil 
characteristics (pH, particle size, organic content) (Maliszewska-Kordybach 1993; Jin et al. 1999). 
The environmental fate of PAHs include volatilisation (Leduc et al. 1992), photo-oxidation, chemical 
oxidation, adsorption to soil particles, leaching, biotransformation, bioaccumulation, and microbial 
degradation (Zedeck 1980; Cerniglia 1992). 
Traditionally, rodent models have been used in contaminated site studies to investigate the 
bioavailability, bioaccumulation, and partitioning of various contaminants in selected tissues 
(reviewed in McBee & Bickham 1990; Talmage & Walton 1991; Shore & Douben 1994). With the 
advent of biomarker technologies, it has now become possible to investigate the biological effects 
of contaminated soils. A majority of biomarker studies of contaminated sites have involved sampling 
wild rodent populations, or caging wild or laboratory animals in situ, because these studies offer a 
high degree of ecological realism and relevance (Schrenk et al. 1991; Lubet et al. 1992; Leupold et 
al. 1992; Bhatia et al. 1994; Dickerson et al. 1994; Fouchecourt & Riviere 1995; Allen & Otis 1998; 
Lochmiller et al. 1999). However, the inherent difficulties often associated with these studies such 
as, fulfilling sample number requirements, experimental logistics and costs, increased variation within 
wild animal populations, environmental influences and deliberate and inadvertent human intervention 
have led researchers to employ ex situ contaminated soil methodologies (Fouchecourt et al. 1999; 
Billeret et al. 2000; Bordelon et al. 2000) (Chapter 2.2.3). 
The progression from previous experiments (ip. exposures followed by the spiked soil exposures), 
designed to confirm and characterise biomarker responses to singular PAH test compounds 
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(Chapters 5 & 6), provided useful information for the design of the ex situ exposures. Despite the 
mixed results observed in the spiked soil experiment, the decision to continue with the ex situ 
exposure studies was based on conclusions related to the PAH bioavailability in the previous 
experiment (Chapter 6.4) and the numerous examples in the literature where biomarker technologies 
have been used successfully in mice to measure the effects of sites contaminated with organic 
compounds (Schrenk et al. 1991; Lubet et al. 1992; Leupold et al. 1992; Bhatia et al. 1994; 
Dickerson et al. 1994; Fouchecourt & Riviere 1995; Allen & Otis 1998; Lochmiller et al. 1999). 
7.2 Methods 
7.2.1 Contaminated site soil collection and particle size characterisation 
The process of locating soils and obtaining a consent to use such soils from sites contaminated with 
organic compounds was initiated through collaboration with regional councils and environmental 
consulting firms. Despite extensive consultation, progress was hampered by issues such as lack 
of information of site characterisation, confidentiality and liability issues, and a reluctance by 
landowners to participate in such experiments. However, soil from an abandoned gas-works site 
(PW) and a fuel loading depot (MP) was obtained for these experiments respectively. At the time 
of our negotiations to obtain contaminated soil from the fuel depot site, the contaminated area was 
about to undergo in situ microbial bioremediation. To assess the effects of soil remediation on 
biomarker responses soil samples were secured prior to (MP 0), and 1 year (MP 1) and 2 years (MP 
2) after the commencement of bioremediation. Soils were sent to us in large plastic containers and 
these were frozen at -20°C upon arrival. Most of the soil samples were saturated with water. To 
avoid detrimental health effects by housing mice on wet soil, all soil samples were thawed and dried 
in a fume cupboard for 72h with intermittent turning of the soil. The dry soil was then put into 
biohazard bags, labelled, and stored at -80°C. All but one of the contaminated site soils were used 
undiluted in the exposure experiments. Soil received from the contaminated gas works site had a 
high tar content that would have been toxic to the mice. To avoid acute toxicity to mice, the PW soil 
was diluted 1 :75 with the same control soil used in the spiked soil experiments (Chapter 6.2.1.1). 
Prior to the commencement of each experiment, frozen soil was equilibrated to room temperature 
for 24h in a fume cupboard. Soil was weighed (3kg) and spread onto the floor of the mouse cages. 
Control cages were fitted with a stainless steel mesh floor. 
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7.2.2 Animal exposure experiment 
Female C57BU6 mice were weighed and randomly allocated to one of the five treatment cages. 
Each cage contained a total of six mice. In cages containing contaminated soil, rat pellets were 
scattered on the soil surface to increase exposure to soil contaminants. In the control cages, pellets 
were available ad libitum from the feeding hopper. The contaminated soil experiment was staggered 
to facilitate sampling. The MP 0, MP 1, MP 2 and MP control exposures were started one day before 
the PW and PW control exposure. At the conclusion of the 3 week exposure, all mice were 
sacrificed and liver, kidney and spleen taken for analysis (Chapter 3.2). The mouse carcasses 
(minus the liver, kidney and spleen) were frozen at -20ac and submitted for PAH residue analysis 
(Appendix IV). Soil samples (100g) were collected at the beginning of the experiment, transferred 
to glass jars, and frozen at -80aC for subsequent PAH residue and total petroleum hydrocarbon 
(TPH) analyses (Appendix IV). Soil samples from each MP treatment were collected and assessed 
for particle size, (conducted by Landcare Research, Hamilton) according to Claydon (1989). The 
PW soil was not submitted for particle size analysis because it was diluted 1 :75 with control soil, and 
therefore it was assumed that the control soil characteristics determined in Chapter 6.3.1 would 
prevail. 
7.2.3 Biomarker analyses 
7.2.3.1 Liver microsomal EROD activity 
Liver EROD activity was measured in thawed microsomes (Chapter 3.3.1 for microsome preparation 
and storage) using an adaption of the simultaneous activity and protein measurement methodology 
of Kennedy & Jones (1994) (Chapter 3.3.3). 
7.2.3.2 Liver microsomal P450 content 
Total P450 content was measured in freshly prepared microsomes using the spectrophotometric 
method of Matsubara et al. (1976) (Chapter 3). Cytochrome P450 content was standardised against 
microsomal protein concentration that was measured by the method of Bradford (1976) (Chapter 3). 
7.2.3.3 HSI 
The ratio of liver weight to the complete body weight was used to calculate the HSI value. 
7.2.3.4 Carcass PAH residues 
Selected mouse carcasses from this experiment were analysed by LincLab, (Lincoln) for PAH 
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residues (see Appendix IV for details of the analysis). 
7.2.3.5 Soil PAH and total petroleum hydrocarbons (TPH) residues 
Prior to exposing mice to the contaminated soils, 1 OOg of soil was collected and analysed by LincLab 
(Lincoln) and Hill Laboratories (Hamilton) for PAH and TPH residues respectively (see Appendix IV 
fr details of the analysis). 
7.2.4 Statistical analyses 
The effect of fuel depot site samples (MP 0, MP 1, MP 2) on mouse EROO activity, P450 content, 
and HSI were initially tested using a one-way ANOVA. However, even after log or square-root 
transformations some of the biomarker variables had extreme outlying residuals for an ANOVA. 
Because of this reason, unless residual plots indicated that the ANOVA assumptions were 
unreasonable, differences between soil treatment groups were analysed by the non-parametric test, 
the Kruskal-Wallis test. For those variables analysed by ANOVA, post-hoc comparison of 
contaminated soil means with the controls were made using OuneU's test. For the remaining 
variables, Wilcoxon rank sum tests was used to make these comparisons, with P-values computed 
using the Bonferroni adjustment. 
Assuming sample values were normally distributed, treatment effects between diluted gas-works soil 
treatment means and control means were tested using a two-sample t-test. If normality seemed 
unreasonable then the Wilcoxon rank sum test was used. 
7.3 Results 
7.3.1 Soil characteristics 
The characteristics of the MP soils are shown in Table 7.1. 
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Table 7.1: Pysical characteristics of the MP soils 
Particle Size Distribution - Fine Earth Fraction 
New Zealand Classification 
Soil pH Carbon Nitroge Organic Coarse Medium Fine Silt Clay 
n Matter Sand Sand Sand 0.06-0.002 < 0.002 
2.0-0.6 0.6-0.2 0.2-0.06 
(%) (%) (%) (%) (%) (%) (%) 
(%) 
MP 6.65 0.46 0.01 8 8 20 61 3 
0 
7.3.2 Biomarker responses 
7.3.2.1 Liver microsomal EROD activity 
With the MP soil exposures, there was strong evidence for a treatment effect on EROD activity 
(F3.20=49.5, P<O.001). Treatment means revealed a 4-fold significant increase (P<O.001) in EROD 
activity in the MP 0 (non-remediated) treatment group compared to the MP control. The EROD 
activity of mice in the remaining treatment groups (MP 1 and MP 2) were not significantly different 
to the MP control (Figure 7.1). 
In the mice exposed to PW soil sample (gas-works), there was a significant increase (P=O.001) in 
EROD activity, of almost 2-fold, compared to the PW control (Figure 7.1). 
7.3.2.2 Liver microsomal P450 content 
There was no significant effect on total P450 content with either MP or PW soil exposures. Similar 
to the spiked soil exposures, a large variation between the P450 content values of individual animals 
masked any treatment effects (Figure 7.2). 
7.3.2.3 HSI 
A significant treatment effect was seen for the HSI (KW X23=10.6, P=O.014). The mean HSI value 
was highest in mice exposed to MP 0 (non-remediated soil) but because of the large variation in HSI 
values between animals in this treatment group, the results were not significantly different to the 
controls. However, the Wilcox rank sum test showed that the mean HSI value of animals exposed 
to the 1year remediated soil was significantly higher than the MP control group (O.01<P<O.05) 
(Figure 7.3). The HSI values of mice exposed to the 2 year remediated soil was also higher than 
mice exposed to the MP control soil but this was not significant (Figure 7.3). 
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Figure 7.1: Hepatic microsomal EROO activity (mean +50) in mice (n=6) 
exposed to contaminated soil from a fuel loading depot (MP 0) undergoing 
remediation (MP 1 and 2) and a decommissioned gas-works site (PW). * 
denotes that a treatment mean is significantly greater than its respective control 
at the P <0.01 level. 
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Figure 7.2: Total hepatic microsomal P450 content (mean +50) in mice (n=6) 
exposed to contaminated soil from a fuel loading depot (MP 0) undergoing 
remediation (MP 1 and 2) and decommissioned gas-works site (PW). 
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Figure 7.3: HSI (mean +SD) in mice (n=6) exposed to contaminated soil from a 
fuel loading depot and abandoned gas-works site. * denotes a treatment 
mean is significantly greater than its respective control at the P <0.05 level. 
The HSI was also higher in mice exposed to PW soil compared to the values in the PW control mice 
but this was not significant (Figure 7.3). 
7.3.3 Polyaromatic hydrocarbon residues 
7.3.3.1 Soil 
Overall, there were large differences in the total concentrations of PAHs from the different 
contaminated sites. A total of 1.4mg/kg dry weight of PAHs were found in the MP 0 soil samples that 
declined to 0.12mg/kg dry weight after 1yr remediation (Table 7.1). In comparison, a total of 
2012.3mg/kg dry weight of PAH was measured in the diluted (1 :75) gas-works soil (Table 7.2). 
Laboratory analyses of TPH revealed that MP 0 soil contained a total of 7,630mgTPH/kg dry weight. 
This declined to 2,270 and 210mgTPH/kg dry weight in MP 1 and MP 2 soils respectively (Table 
7.1). The PW soil had a TPH concentration of 4,760mgTPH/kg dry weight (Table 7.2). 
100 
7.3.3.2 Mouse carcasses 
The carcass residue PAH levels were higher in mice exposed to PW soil (1.2mg/kg wet weight) 
compared to MP 0 (O.96mg/kg wet weight) and MP 1 (O.66mg/kg wet weight) soils (Table 7.1 & 
Table 7.2) similar to the trend of soil PAH profiles. 
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Table 7.2: Polyaromatic hydrocarbon and TPH residue analyses of fuel depot 
soil and mouse carcasses exposed to contaminated soils removed from the fuel 
depot. 
MOL Soil PAH Residues Carcass PAH Residues 
(mglkg dry weight) (mglkg wet weight) 
PAH Compound mglkg Control MP MP Control MPO MP1 
0 1 
Naphthalene 0.05 - 0.6 nd 0.22 (±D.11) 0.53 (:to.05) 0.34 (:to.21) 
Acenaphthylene 0.02 - nd nd BOL BOL BOL 
Acenaphthene 0.02 - nd nd 0.13 (±D.11) 0 .28 (:to.03) 0.25 (:to.18) 
Fluorene 0.03 - 0.3 nd 0.02 (±D.11) 0.02 (±D.OO) BOL 
Phenanthrene 0.02 - 0.4 nd 0.05 (±D.11) 0.05 (±D.OO) 0.03 (±D.01) 
Anthracene 0.04 - nd nd 0.06 (±D.11) 0.04 (±D.03) BOL 
Fluoranthene 0.03 - nd 0.1 BOL BOL BOL 
Pyrene 0.03 - 0.1 0.1 0.06 (±D.11) 0.04 (±D.02) 0.04 (±D.02) 
Benzo[a]anthracene 0.03 - nd nd nd nd nd 
Chrysene 0.02 - nd nd nd nd nd 
Benzo[b] + 0.03 - nd nd nd nd nd 
[k]lluoranthene 
Benzo[b] + 0.03 - nd nd nd nd nd 
[k]lluoranthene 
Benzo[a]pyrene 0.04 - nd nd nd nd nd 
Indenopyrene 0.04 - nd nd nd nd nd 
Oibenzo[a,h]anthracene 0.03 - nd nd nd nd nd 
Benzo[h,i]perylene 0.03 - nd nd nd nd nd 
Soil Hydrocarbon Concentration (mglkg dry weight) 
Hydrocarbon chain length MPO MP1 MP2 
C2-C9 <9 <5 <4 
C10-C14 1950 131 <9 
CI5-C36 5680 2140 210 
Total 7630 2270 210 
Carcass residue concentrations are averaged (n=2) ±1 standard deviation. Soil residue concentrations are derived lrom 
one sample only. II a value was calculated but was below the minimum detection limit (MOL) then it is expressed as 
BOL (below detection limit) . Minimum detection limits were the same lor tissue and soil samples . Minimum detection 
limits were the same lor tissue and soil samples. No detectable concentration 01 analyte is represented by the letters 
'nd'. Residue concentrations 01 interest and the corresponding PAH are shaded. NOTE: There are no soil residue data 
lor the Control group because mice were housed in a cage with a wire mesh base. 
Table 7.3: Polyaromatic hydrocarbon residue analyses of the gas works soil 
and mouse carcasses from the exposure experiment. 
MOL Soil Residues Carcass Residues 
(mg/kg dry weight) (mg/kg wet weight) 
PAH Compound mg/kg Control PW Control PW 
Naphthalene 0.05 - 451.19 0.22 (±O.11) 0.37 (±O.03) 
Acenaphthylene 0.02 - 156.84 SOL 0.10 (±O.01) 
Acenaphthene 0.02 - 31.62 0.13 (±O.11) 0.10 (±O.07) 
Fluorene 0.03 - 127.21 0.02 (±O.11) 0.09 (±O.01) 
Phenanthrene 0.02 - 476.1 0.05 (±O.11) 0.24 (±O.03) 
Anthracene 0.04 - 108.57 0.06 (±O.11) 0.05 (±O.01) 
Fluoranthene 0.03 - 248.18 SOL 0.12 (±O.01) 
Pyrene 0.03 - 183.85 0.06 (±O.11) 0.13 (±O.01) 
Senzo[a)anthracene 0.03 - 54.73 nd nd 
Chrysene 0.02 - 54.73 nd nd 
Benzo[b) + [k)f1uoranthene 0.03 - 40.82 nd nd 
Benzo[b) + [k)f1uoranthene 0.03 - 21.14 nd nd 
Benzo[a)pyrene 0.04 - 33.71 nd nd 
Indenopyrene 0.04 - 13.55 nd nd 
Oibenzo[a,h]anthracene 0.03 - nd nd nd 
Benzo[h,ljperyiene 0.03 - 10.05 nd nd 
Hydrocarbon chain length Soil Hydrocarbon Concentration (mg/kg dry weight) 
C7-C9 <4 
C
'O-C,• 633 
C,5-C36 4130 
Total 4760 
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Carcass reSidue concentrations are averaged (n=2) ± 1 standard deviation. SOil reSidue concentrations are derived from 
one sample only. If a value was calculated but was below the method detection limit then it is expressed as SOL (below 
detection limit) . No detectable concentration of analyte is represented by the letters 'nd'. Residue concentrations of 
interest and the corresponding PAH are shaded. NOTE: There are no soil res idue data for the Control group because 
mice were housed in a cage with a wire mesh base. 
7.4 Conclusions 
Exposure of mice to both unremediated soil from the fuel loading site (MP 0) and soil from the gas-
works site (PW) resulted in a significant increase in EROD activity compared to the respective 
controls, although the magnitude of induction was higher in the MP 0 treatment group. As expected, 
the EROD activity of mice exposed to bioremediated MP soil (MP 1 and MP 2) was not affected. It 
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is logical to assume that microbial metabolism of PAH compounds during soil remediation may have 
reduced the levels of P450 inducing compounds and hence the negligible EROD response in mice 
exposed to remediated soil. However, the contribution of other factors, such as soil bioavailability 
may have also played an important role in the observed EROD response. 
The innate ability of soils to lower gastrointestinal bioavailability of singular PAHs and complex 
extracts from contaminated sites to rodents of has been shown in soil ingestion studies in the mouse 
(Weyland et al. 1994; Koganti et al. 1998) and rat (Roos et al. 1996; Bordelon et al. 2000). Similarly, 
the ability of MP 0 and PW soils to lower the bioavailability is illustrated by the soil and carcass 
residue analyses. Although PW soil had a total PAH loading that was two orders of magnitude 
greater than MP 0 soil, the body burdens in mice exposed to these two soils were similar. 
Among the factors underlying the ability of soil to reduce PAH bioavailability, the physico-chemical 
properties of soil may have played an important role in modulating the biomarker responses. Total 
soil organic content and soil granulometry are dominant factors that determine PAH bioavailability 
(Weissenfels et al. 1992; Magee et al. 1996; Billeret et al. 2000). The bioavailability to mice fed 
B[a]P spiked clay based soil with a low organic content (1.35%) that was aged for 1-30 days was 49-
59% (Magee et al. 1996). The bioavailability declined to 39% when soils were aged 6-12months. 
Similarly, the relative bioavailability of sand based soil, which was very low in organic content 
(0.04%), was 67-70% for soils aged 1-30 days, and 62% in identical soil aged for 12 months (Magee 
et al. 1996). Evidence that PAH aging in soils reduces PAH bioavailability is conflicting. While 
Magee et al. (1996) review evidence supporting this hypothesis other feeding studies in rodents 
found that aging has no affect on PAH bioavailability in soils (Roos et al. 1996; Bordolen et al. 2000). 
Other research has shown that repeated saturation of the soil with water followed by drying reduces 
PAH bioavailability (White et al. 1997; White et al. 1998). Periodic wetting and drying of control soil 
contaminated with phenanthrene and aged «60 days) has been shown to reduce the bioavailability 
of phenanthrene to microbes and earthworms (White et al. 1997; White et al. 1998). However, for 
soil containing phenanthrene and aged for long periods of time, wetting and drying of soil increased 
phenanthrene availability and degradation by microbes (White et al. 1998). This has implications for 
the MP 1 and 2 soils because wetting and drying of the soil is a part of the microbial remediation 
process (Aislabie et al. 1997). 
Alternatively, the lack of significant biomarker responses observed in mice exposed to MP 1 and MP 
2 soils could be due to inconsistencies between soil samples. The MP 0 soil was collected from 
'hotspot l' (a site contaminated with levels of TPH that exceed guidelines recommended by the Oil 
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Industry Environmental Working Group [Tonkin & Taylor 1997; Woodward-Clyde 1997]} before in 
situ remediation commenced. However, the MP1 and MP 2 samples are a heterogeneous mixture 
of soils from other less contaminated 'hotspots' that were transferred to 'hotspot l' for remediation, 
after the MP 0 sample was collected (Woodward-Clyde 1997). Differences in the soil particle size 
profiles between MP 0 and the MP 1 and MP 2 samples corroborate this. Mixing the soil in this 
fashion would lower the soil concentration of organic compounds, compared to the MP 0 soil. 
However, the extent to which the mixing of soils has contributed towards the lack of a biological 
response (EROD activity, P450 content, and HSI), relative to the effects of bioremediation, is 
unknown. 
To ensure that biomarker assays are operating at maximum sensitivity, it is important that kinetics 
of the response are known so that tissue sampling coincides with the maximum biomarker response. 
In the previous spiked soil experiments (Chapter 6), the optimal exposure period (1, 2, or 3 weeks) 
was not identified because the biomarkers (EROD activity, P450 content, and HSI) did not respond 
to either 1,2, or 3 weeks exposure to PAH spiked soil. A three week exposure period was chosen 
for these PhD exposure experiments in order to encompass changes that might occur in mouse liver 
EROD activity and P450 content, and HSI values. However, research in wild Norway rats exposed 
ex situ to soil from a petrochemical site, showed that the optimal hepatic EROD responses occurred 
after 3 days exposure to the soil (Fouch8court & Riviere 1996). The EROD response then 
decreased steadily until 60 days when EROD activity was approximately half the maximal response 
(Fouchecourt & Riviere 1996). Similarly, a 3 day exposure period was used in other studies that 
investigated the effects of PAH and PCB contaminated soils on rat EROD activity (Fouchecourt et 
al. 1999; Billeret et al. 2000). In light of these findings, the 3 week exposure period used in my 
experiment may have missed the maximum response for EROD activity and P450 content in mice 
exposed to MP and PW soils. 
Despite the lower concentrations of PAH compounds in the soil and carcasses from the MP 0 
treatment group compared to the PW treatment group (soil contained 2-orders of magnitude less), 
the EROD activity suggests that the bioavailability of inducing chemicals was higher in the MP 0 soil. 
This is supported by soil characterisation data which shows that the soil used to dilute the PW 
sample (Table 6.2) had higher percentages of smaller sized particles (almost 6-times higher 
concentration of clay) compared to the MP 0 treatment group (Table 7.1). Similarly, the percentage 
of total carbon is almost 10 times greater in PW soil compared to MP 0 soil. Interestingly, the 
concentration of TPHs, which are characteristic of diesel and fuel pollution, in the MP 0 soil were 
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almost twice that in PW soil, a trend that is also reflected in the EROD activity measurements. 
However, the relatively lower affinity of TPHs for the AhR compared to potent PAHs such as B[a]P 
suggest that even total effect of all TPHs on EROD activity would be minimal compared to the effect 
of PAHs that are AhR agonists. Petroleum hydrocarbons are characterised by high concentrations 
of smaller and more volatile aliphatic and aromatic chemicals (http://www.obio.comlhydrcar.htm). 
In a laboratory study of soils contaminated with low molecular weight PAHs, it was shown that the 
greatest abiotic loss of PAHs from the soil under aerobic conditions was due to volatilization (Leduc 
et al. 1992). The bioactivity of vapourised organic compounds to mice in this experiment would be 
interesting. Other research suggests that lung biomarker responses may be as good or even a 
better indicator of a biological effect. Significant exposure to PAHs in the vapour phase, via the 
respiratory organs, is likely to occur in soils contaminated with petroleum hydrocarbons and/or 
coal-tar. The contribution of volatile PAHs released from contaminated soil collected from a coke 
plant showed a 1.25-fold increase in lung EROD activity in rats that were exposed to the vapour 
phase of contaminated soil (Fouchecourt et al. 1999). In addition, dietary administration of TCDD 
(DeVito et al. 1994) or Aroclor 1254 (Beebe et al. 1992), to mice and rats collected from a 
contaminated site (Fouchecourt & Riviere 1995) indicated that EROD activity in the lung is a more 
sensitive indicator of contaminated site exposure. Although lung EROD activity is lower than hepatic 
EROD activity, the magnitude ofthe induction response is greater possibly indicating direct exposure 
of the lung to the vapour phase and hence higher bioavailability to the lung. Alternatively, the 
induction of lung CYP1 A 1 could result in toxic effects to this organ via production of reactive 
intermediates and an increased rate of DNA adduct formation has been reported in rats and mice 
exposed to coal-tar contaminated diets (Weyland & Wu 1995; Rodriguez et al. 1997; Goldstein et 
al. 1998; Bordelon et al. 2000). 
In conclusion, the responsiveness of biomarkers in mice after exposure to soils contaminated with 
hydrocarbon compounds not only confirms the usefulness of this model in ex situ exposures, but 
also provides novel information on bioavailability and biological effects of the contaminants present 
in the soil that can not be gleaned from PAH and TPH residue analyses. This is particularly 
important from a regulatory view point. Tier 1 soil acceptance criteria for selected compounds are 
compared with the concentration of the same compound measured in the contaminated soil 
treatments (Table 7.4). Clearly the PW soil exceeds the soil criteria for both PAH compounds and 
as such further site investigation is recommended according to this classification system. In contrast, 
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Table 7.4: New Zealand soil acceptance criteria and soil residue concentrations 
in contaminated soil treatments 
Chemical Tier 1 Soil Criteria Tier 1 Soil MP 0 soil PW soil 
for pumice (MP 0) Criteria for residue levels residue levels 
(mglkg) sandy/silt (PW) (mglkg) (mglkg) 
(mglkg) 
PAHs 
Napthalene 170 210 0.6 451.19 
Benzo[a)pyrene 11 11 nd 33.71 
TPHs 
C7-Ce 810 500 <9 <4 
C1o-C14 3600 2200 1950 633 
CI5-C3B NA NA 5680 4130 
Soil acceptance criteria are based on the protection of human health. All soil criteria relate to commercial/industrial 
land-uses and pertain to surface soils to a depth of 1m. Value are based on consideration of the following pathways 
(Ingestion of soil, dermal absorption following direct contact with the soil, inhalation of volatiles). 'NA' denotes estimated 
criterion is significantly higher than that expected to occur at the site (Ministry for the Environment 1999). Soil criteria 
for pumice soil relate to the MP 0 soil. Soil criteria for the sandy/silt soil relate to the PW soil. No detectable 
concentration of analyte in the contaminated soil treatments is represented by the letters 'nd'. 
residue concentrations of the same chemicals in MP 0 soil could be considered acceptable under 
the same guidelines. However, data from this PhD research has shown that the MP 0 soil elicits the 
greatest EROD response suggesting that this soil contains higher levels of bioavailable chemical 
capable of producing an AhR mediated response, the biological consequences of which are 
unknown at this stage. The mutually beneficial nature of residue data combined with biological 
effects data provides mechanistic information on presence, bioavailability, and biological effect. As 
mentioned previously, the link between these processes and detrimental effects at the individual and 
population level are required to affect the adoption of effects based testing into environmental criteria 
assessment. 
Chapter 8 
MICE AS A BIOMARKER RESEARCH MODEL 
CONCLUSIONS 
8.1 Conclusions 
The success of the experimental approach used for the mouse experiments was mixed. As 
expected, the liver biomarkers responded well to the test compounds in the ip. exposure 
experiments. Similar to other studies (Ichikawa et al. 1989; Leupold et al. 1992; Krijt et al. 1993; 
Lochmiller et al. 1999), the EROD activity response after ip. administration of the PAH compounds 
in this experiment, confirmed that this biomarker was the most sensitive and reproducible compared 
to the P450 content and HSI. While P450 content and HSI values have the potential to be useful 
biomarkers of acute and chronic PAH exposure, the large variation measured even in identically 
treated samples reduced their usefulness. Although B[a]P is more potent at inducing a biomarker 
response (Bigelow & Nerbert 1982; Piskorska-Pliszczynska et al. 1986), carcass residue data from 
my experiments and other research suggest that BA is more readily metabolised (Conney 1982; 
Smolarek et al. 1986). 
In contrast, none of the biomarkers measured responded to the PAHs in the spiked soil experiments 
suggesting that the test compounds were not bioavailable to the mice. This experimental step was 
designed primarily to provide information on the biomarker response kinetics that would have been 
useful in the sampling design of the mouse ex situ exposure experiment. However, even spiking the 
soil with a potent P450 inducing PAH at a high environmentally relevant concentration was 
insufficient to induce biomarker responses. If the concentration of test compound added to soil is 
not high enough to counteract the inherent ability of soil to reduce PAH bioavailability, then it is 
unlikely that the constitutive capacity of the mouse detoxification system to metabolise the PAH will 
be exceeded. Therefore, detectable changes to the biomarker responses will be unlikely. In support 
of this, This is supported by findings from a spiked soil study by Fouchecourt et al. (1999) who found 
that soil spiked with a moderate P450 inducing compound at 35-fold higher dose concentrations than 
were used in this PhD research, failed to induce hepatic EROD activity. Comparing the high carcass 
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PAH residues in the ip. experiment and the low soil PAH residues in the spiked soil experiment 
further suggests that even if the PAHs in the soil were completely bioavailable, mice would not be 
exposed (via all available exposure pathways) to sufficient levels of the PAH to elicit a P450 
response. Therefore, this spiked soil experiment has shown that the soil characteristics and nature 
of the PAH contaminants, modulate the bioavailability and hence biological effects of soil bound PAH 
compounds to mice. 
The detection of increased EROD activity in the ex situ exposures to non-remediated soil from two 
different contaminated sites, confirms the sensitivity of this biomarker response to measure the 
bioavailability of P450 inducing compounds to mice. Furthermore, the absence of induction in mice 
exposed to remediated soil highlights the usefulness of this model as a tool for assessing the 
efficacy of remedial procedures for sites contaminated with organic compounds. Compared to the 
spiked soil experiment, the total concentration of polyaromatic hydrocarbon compounds in the non-
remediated soils from each site was orders of magnitude higher than the levels measured in the 
spiked soil experiment. This finding further supports the integral role that soil characteristics play 
in determining chemical bioavailability. Here, a very high concentration of total polyaromatic 
hydrocarbon compounds was required to induce biomarker responses in mice. Alternatively, the 
observed affects on EROD activity may be due to an additive, or synergistic, effects of a few highly 
bioactive constituents present in the contaminated soil. 
The use of C57BU6 female mice as a research model for measuring biological effects and the 
bioavailabilityof PAHs and generalised organic contamination in soils is justified. The experiments 
described in this section of the thesis clearly shows that the mouse model is capable of responding 
to 'real' contamination scenarios providing additional information that compliments chemical residue 
analysis data. As a human surrogate species, the data generated by mouse ex situ experiments 
using soil from sites contaminated with organic compounds is of obvious value to risk assessors 
especially since a majority of contaminated sites in New Zealand are located in urban areas (Taylor 
et al. 1997). Furthermore, the logistical and financial outlay required in these experiments coupled 
with the ease of animal manipulation and husbandry and the high degree of control over 
environmental conditions meant that this experimental set-up is amenable to testing multiple soil 
samples from different sites as well as sites undergoing remediation in a cost effective and 
reproducible manner. 
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8.2 Future Research 
To optimise the sensitivity of the animal model for future ex situ experimentation, the biomarker 
kinetic responses need to be determined. These studies could incorporate the basic design used 
for the spiked soil experiments but use a higher soil concentration of the test compound(s). 
Future studies also need to establish the link between the lower order effects with higher order 
effects of chronic exposure to PAH contaminated soils. Haematology, blood biochemistry and 
pathology should be included in future monitoring or mechanistic cause and effect experiments that 
could also investigate reproductive effects, initiation of cancer, and survival rates. For example, it 
has been shown that chronic exposure to PCBs depressed fertility, growth and survival of oldfield 
mice (Peromyscus polionotus) and that these effects were amplified through multi-generational 
exposure (McCoy et al. 1995). The C57BU6 ex situ test system used in this research would be 
amenable to single or multi-generational studies. 
There is also considerable evidence suggesting that the P450 responses in the pulmonary tissue 
are more responsive to inducing compounds than liver P450 (Beebe et al. 1992; DeVito et al. 1994; 
Fouchecourt & Riviere 1995; Fouchecourt et al. 1999). The exposure risk posed by atmospheric 
bourne hydrocarbons could therefore be assessed more effectively by measuring biomarker 
responses in the pulmonary tissue. 
The biomarker technologies described in this thesis required sacrificing many animals. As the 
technologies for biochemical and analyte determination become more sensitive and accessible, and 
our knowledge of biochemical, physiological and reproductive pathways more extensive, there is an 
ethical responsibility towards developing non-destructive methods and using less animals. As well 
as the obvious benefits from an animal welfare perspective, this also provides potential for working 
with species that are more relevant from both an ecological perspective (threatened species), and 
a human health perspective (humans). 
PART II 
AQUATIC POLLUTION 
The Shortfinned Eel as a Test Species 
Overseas research on eels has traditionally focussed on ecological, physiological, and 
endocrinological issues. The use of eels as a study species in environmental research is limited 
(Jones et al. 1995). The intrinsic ecological, behavioural, and physiological aspects of eels (see 
Chapter 2.6.2), and their ability to tolerate and inhabit contaminated waterways provide valid 
scientific rationale for using this fish species as a study species (Knights 1997). Concern about the 
impact of declining water quality and chemical pollution on eel health and population fitness. have 
been raised by Tangata Whenua (Maori tribal groups) and commercial eel fisherman (Te Waka a 
Maui me ana Toka Mahi Tuna 1996; North Canterbury/South Marlborough Eel Management 
Committee 1999). Together, all these factors provide compelling incentives to use shortfinned eel 
as a fish model to investigate the bioavailability and biological effects of chemical contaminants in 
the New Zealand aquatic environment. 
To examine the responsiveness of the shortfinned eel P450, GST, Vtg, and ChE to selected 
contaminants, the experiments were carried out in three progressive steps (Flow Diagram 2). 
Step 1. Each biomarker assay (EROD, P450 content, GST, AChE, Vtg plasma concentration) was 
developed and optimised for the eel. 
Step 2. Eels were exposed to either one of two concentrations of a range of selected compounds 
including a PAH, PCB, OP, E2 and an estrogenic compound to validate the biomarker 
responses. 
Step 3. Eels were caged at upstream and downstream sites of agricultural, urban, or sewage non-
point and/or point source inputs. 
STEP 1 
STEP 2 
STEP 3 
EEL EXPERIMENTS 
ASSAY DEVELOPMENT & OPTIMISATION 
Cytochrome P450 assays 
Glutathione S-tranferase 
Acetylcholinesterase 
Vitellelogenin 
LABORATORY CONFIRMATION 
Intraperitoneal Exposures 
High and low dose of a PAH, PCB, OP, 
E2 and an estrogenic compound 
In Situ CAGING EXPOSURES 
Three Locations 
(Upstream and downstream sites of agricultural, 
urban run-off, or sewage effluent) 
Flow Diagram 2: A schematic overview of the eel experiments. 
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Chapter 9 
ASSAY DEVELOPMENT 
Optimisation of assays is an essential process that maximises assay sensitivity and accuracy (see 
Chapter 4). Biological assays are particularly susceptible to changes in the physical or chemical 
environment. Therefore, basic parameters need to be precisely controlled in order to maximise the 
resolving capability of the assay (see Chapter 4) (Wilson & Walker 1994). 
9.1 Cytochrome P450 Biomarkers 
9.1.1 Methods 
9.1.1.1 Source of animals and tissues 
Eels were collected from Lake Ellesmere and housed inside the Animal Facility, Lincoln (see Chapter 
3.1.3 for details of capture, transport, and husbandry). Sexually immature eels were used to 
preclude any sexually related effects in the biomarker responses. All animals were acclimatised for 
a period of three weeks. This acclimation period has implications for the eels used in this PhD 
research because a study in the European eel has shown that EROO activity drops when eels are 
transferred from brackish waters and into freshwater (Fenet et al. 1996). Tissue for the assay 
optimisation experiments was either obtained from untreated eels, or from sub-samples of tissue 
from the ip. experiment (Chapter 10). 
9.1.1.2 EROO assay 
Liver microsomal EROD activity (see Chapter 3.3.1 for microsome preparation and storage) was 
measured using a fluorometric technique adapted from Kennedy & Jones (1994). Appropriate 
dilution factors were calculated using microsomes isolated from Br''''''''''''''''''''''''a]P induced 
eels and control eels (see Chapter 1 0.2.1) (Burke & Mayer 1983). Optimum assay conditions were 
determined using microsomes that were pooled from induced animals (n=3) or control animals (n=3). 
Each parameter was optimised using a range of eight different concentrations, temperature, or pH. 
Existing literature was used to estimate appropriate ranges for each of the test conditions (Burke & 
Mayer 1974; van der Oost et al. 1991; Pacheco & Santos 1998; Agradi et al. 2000). 
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9.1.1.3 Cytochrome P450 content 
Reduced dithionite difference spectroscopy was employed as a quantitative measure of total P450 
induction as well as a qualitative measure of enzyme functional integrity. Total P450 concentration 
was measured according to Matsubara et al. (1976) (see Chapter 3.3.1). 
9.1.2 Results 
9.1.2.1 EROD assay 
The results of the optimisation experiments are summarised in the following table. Apart from the 
dilution factor, the optimum values for the remaining parameters were assumed to be identical for 
microsomes prepared from both B[a]P and control treated animals. 
Table 9.1: Optimum EROD assay conditions 
Parameter Optimum Condition 
B[a]P treated Control Treated 
Microsome dilution ratio (original protein concentration range 1:20 1:5 
(10-30mg/ml microsomal solution) 
pH (0.05M NaH2P04 • adjusted pH with 5M NaOH) 6.5 6.5 
Temperature (OC) 25 25 
Substrate concentration (7-ethoxyresorufin nM) 4.145 4.145 
Co-factor concentration (NADPH J.tM) 6.75 6.75 
9.1.2.2 Hepatic microsome cytochrome P450 content 
Based on the findings for mouse microsomes (see Chapter 4), the dithionite reduction incubation 
period was 180secs. The absorption spectra for eel microsomes is shown below.(Figure 9.1). 
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Figure 9.1: Absorption difference spectra of eel microsomes. 
9.1.3 Conclusions 
Under the described experimental procedures the EROO assay, a measure of CYP1A activity was 
successfully optimised in eel hepatic microsomal preparations. Preliminary values generated during 
this study (data not shown) are similar to EROO values for induced and non-induced European eels 
(Anguilla anguilla) reported by Pacheco & Santos 1998, although Van der Oost et al. (1991) and 
Agradi et al. (2000) have reported values approximately 10-fold higher. Spectral profiles of the 
microsome preparations revealed that there was negligible amounts of the denatured P450 enzyme 
as evident by the non-existent peak at 420nm, indicating a successful purification of functionally 
intact P450 (Matsubara et al. 1976). 
9.2 Glutathione 5-transferase 
9.2.1 Method 
Hepatic cytosolic GST activity was determined by monitoring the conjugation of GSH with CONS 
spectrophotometrically according to the method of Habig et al. (1974) (see Chapter 3). Optimum 
assay conditions were determined using control animals (n=4). Each parameter was optimised using 
a range of eight different concentrations, temperature, or pH that were based on existing literature 
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(Fennet et al. 1996; Van der Oost et al. 1996a). 
9.2.2 Results 
Table 9.2: Optimum GST assay conditions 
Parameter Optimum Condition 
Control Treated 
Hepatic 8-9 dilution factor (original protein concentration range 40- 1:100 
50mg/ml 8-9 solution) 
pH (0.02M KH2P04• adjusted pH with 5M NaOH) 7.2 
Temperature (OC) 35 
9.2.3 Conclusion 
Under the described experimental procedure GST activity was successfully optimised in eel hepatic 
microsomal preparations. Preliminary GST values generated during this study (data not shown) are 
similar to those reported for induced and non-induced European eels (Anguilla anguilla) (Fenet et 
al. 1996; van der Oost et al. 1996a). 
9.3 Acetylcholinesterase (AChE) Assay 
9.3.1 Method 
Plasma and brain AChE activity were determined using the spectrophotometric method of Ellman 
et al. (1961) and modified by Cer6n et al. (1996a, b) (see Chapter 3). 
9.3.2 Results 
Optimal conditions are listed in Table 9.2. 
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Table 9.3: Optimum AChE assay conditions 
Parameter Optimum Condition 
Plasma Brain 
Dilution ratio of samples (original protein concentration range of 1 :1 1:20 
samples (15-30mg/ml plasma & 2-3mg/ml homogenate) 
pH (0.1 M KH2P04 , adjusted pH with 5M NaOH) 7.6 7.6 
Temperature (OC) 30 30 
Substrate concentration (acetylthiolcholine iodide, mM) 1.24 1.24 
Co-factor concentration (DTNB, mM) 0.317 0.317 
9.3.3 Conclusion 
Under the described experimental procedure, AChE activity was successfully optimised in eel 
plasma and brain tissue preparations. Preliminary AChE values generated during this study (data 
not shown) are similar to those reported for brain and plasma of European eels (Ceron et al. 1996a, 
b; Balint et al. 1997; Ferenczy et al. 1997; Sancho et al. 1997; Sancho et al. 1998a, b). Similar to 
findings in other fish species, the brain possessed the greatest AChE activity in shortfinned eels 
whJch was approximately 100-fold higher compared to the plasma (Ferenczy et al. 1997; Chuiko 
2000). 
9.4 Vitellogenin ELISA 
The rise to prominence of compounds with properties similar to the female steroid hormone E2, has 
fuelled concerns about their impact on the reproductive fitness of exposed wildlife and human 
. populations. The ability of estrogenic compounds to induce significant Vtg production in male and 
immature fish is the basis for the development of assays, like ELISA, to measure Vtg plasma 
concentration in these animals. These assays have been used in both in vivo and in vitro test 
systems to characterise and assess the estrogenicity of single compounds and complex effluents 
(Folmar et al. 1996; Harries et al. 1997). Despite considerable overseas research effort to 
investigate the potential impact of estrogenic compounds on the aquatic environment, relatively little 
research has been conducted here in New Zealand (Jones 1998). Therefore, the development of 
an eel Vtg specific ELISA has the potential to generate New Zealand specific information on the 
presence and impacts of estrogenic compounds. 
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9.4.1 Method 
9.4.1.1 Induction of Vtg synthesis 
Six sexually immature eels were captured from Lake Ellesmere and transported to the wet laboratory 
for E2 treatment (see Chapter 3.1.3 for details on husbandry, anaesthetisation, and sacrifice, and 
Chapter 3.5.1 for the E2 treatment protocol). 
9.4.1.2 Purification of plasma Vtg 
Vitellogenin was purified by FPLC using an adaptation of the methods described by Silversand et 
al. (1993) (see Chapter 3.5.2). 
9.4.1.3 Characterisation of isolated proteins by PAGE 
The separation of proteins by PAGE was carried using the discontinuous buffer system based upon 
the procedure of Laemmli (1970) (see Chapter 3.5.3) 
9.4.1.4 Anti-eel vitellogenin antibody production 
Specific polyclonal antisera against the purified Vtg were raised in New Zealand white rabbits (see 
Chapter 3.5.4). 
9.4.1.5 Characterisation of primary antibodies by Western blot analysis 
After SDS-PAGE, the proteins were immobilised onto activated nitrocellulose membrane and 
visualised as described by Bittner et al. (1980) (see Chapter 3.5.5). 
9.4.1.6 Characterisation of primary antibodies by immunoelectrophoresis 
Characterisation of the primary antibody was adapted from the procedures described by Lewis 
(1983) (see Chapter 3.5.6). 
9.4.1.7 Development of the ELISA for eel Vtg 
For details of standard curve development, assay protocol, result calculation, and quality control 
calculations see Chapters 3.5.7,3.5.8,3.5.9,3.5.10. 
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9.4.2 Results 
9.4.2.1 Purification of plasma Vtg 
The concentration of protein in the column elutant was monitored spectrophotometrically (280nm) 
via a UVNis monitor. The characteristic absorption profile for diluted plasma from control injected 
and E2 injected eels are shown (Figure 9.2). 
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Figure 9.2: Absorption profile of plasma from E2 treated and control eels. 500,u1 
of diluted (1 :30) plasma/per run was injected onto the column that was attached 
to a FPLC system. 
The measurement of an absorbance peak spanning fractions 5 and 9 (maximum at 0.28M NaCI) 
coincides with the rapid increase in column salt concentration (0-0.275M NaCI between fraction 2 
and 6). As the rate of NaCI (buffer B) was increased (between fraction 6 and 18), two more 
absorption peaks corresponding to fractions 10-11 (maximum at 0.32M NaCI) and 11-12 (maximum 
at 0.34M NaCI) were observed in plasma from E2 injected eels in these fractions (Figure 9.2). 
9.4.2.2 Characterisation of isolated proteins by SOS-PAGE 
Proteins collected in the FPLC fractions 9-12, were separated using SOS-PAGE (Figure 9.3). The 
major band was approximately 197kOa. Two lighter bands corresponded to proteins of 
approximately 123kOa and 116kOa in size. These band profiles were consistent for purified samples 
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from all the E2 treated eels (Figure 9.3). This major purified protein band also corresponded to a 
protein band of a similar molecular weight that was expressed in plasma proteins from E2 treated 
eels (Figure 9.4A). This band was not expressed in the control plasma (Figure 9.4A). 
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Figure 9.3: SDS-PAGE analysis of FPLC purified protein corresponding to 
fractions 9-12. Fraction proteins from four E2 treated eels were separated using 
a 7.5% denaturing gel (at 150V, 60mA, and 4°C for 80min). Proteins were 
visualised with Coomassie blue stain. Lanes 4,5,7,8 contain 0.4531 ,ug, O.502,ug, 
O.886,ug, and O.966,ug of purified protein from four different eels. Lanes 1 and 6 
contain high molecular weight protein markers (BioRad). 
9.4.2.3 Anti-eel Vtg antibody production 
Titre checks on serum from each rabbit after the first and second booster injections revealed an 
antibody titre in excess of 10,000. Positive displacement of the antisera with free Vtg was observed 
with all sera. Another titre check following the last booster injection and prior to harvesting, revealed 
titres between 20,000 and 50,000 (Maximum dilution that plasma gives a reaction in an 
immunological test). 
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Figure 9.4: SOS-PAGE (A) and Western blot analysis (8) of purified eel Vtg and 
plasma collected from E2 and control treated eels. Proteins were separated 
electrophoretically in a 7.5% denaturing gel at 150V, 60mA, and 4°C for 70min. 
Proteins were visualised with coomassie blue stain (A) . After electrophoresis the 
proteins were immobilised onto PVOF membrane and probed with adsorbed 
primary antiserum followed by goat anti-rabbit antiserum conjugated to the alkaline 
phosphatase detection system. The membrane was developed for 7min (8). 
Lanes 2 and 5 contain 1.2jhg of Vtg protein. Lanes 3 and 6 contain 8jhg of plasma 
protein from a E2 treated eel and lane 4 contains 7.5jhg of plasma protein from a 
control eel. Lane 1 corresponds to high molecular weight protein standards 
(8ioRad). 
9.4.2.4 Characterisation of primary antibodies 
Western blot analysis showed that the rabbit anti-eel Vtg polyclonal antibodies (primary antiserum) 
recognised the purified eel Vtg protein band (Figure 9.5). Furthermore, the antiserum reacted with 
a protein band of a similar molecular size from the plasma of E2 treated eels that was not expressed 
in the plasma of control eels. However, the antiserum also recognised several other proteins which 
were present in plasma of both control and E2 injected eels (Figure 9.5). 
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Figure 9.5: Western blot analysis of purified vitellogenin, plasma from E2 injected 
and control eels. Protein samples were subjected to SOS-PAGE in a 7.5% 
denaturing gel at 150V, 60mA, and 4°C for 76min. The proteins were then 
transferred overnight to activated PVOF membrane. Immobilised proteins were 
next probed with rabbit anti-eel Vtg antiserum (1: 10,000 dilution) followed by goat 
anti-rabbit antiserum conjugated to the alkaline phosphatase detection system. 
The membrane was developed for 7min. Lanes 1 and 4 contain approximately 
1 j.ig of purified eel Vtg. Lanes 2 and 3 contain plasma proteins from E2 injected 
(approximately 7j.ig) and control (approximately 8j.ig) eel respectively. 
The non-specific binding of the primary antiserum was also observed in a preliminary ELISA to 
investigate parallelism between the purified Vtg and plasma from E2 treated eels (Figure 9.6). The 
absorbance profile of the Vtg dilution series increases in a linear fashion with decreasing Vtg 
concentration. The titration curve for E2 treated plasma mirrored the Vtg curve up to 8K dilution 
(dilution 5) after which there was a departure from parallelism. However, at dilutions greater than 
2048K the titration curve runs parallel with the Vtg curve (Figure 9.6). Furthermore, a titration curve 
of plasma from control eels revealed that the antiserum was recognising a component of the plasma. 
This recognition was not affected by dilution of the sample except at dilutions greater than 2048K 
(Figure 9.). 
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Figure 9.6: A preliminary ELISA to investigate the parallelism between titrations of 
purified eel Vtg and plasma from E2 treated eels. Control and E2 plasma were 
diluted 1 :500 (dilution 1). Each point after that is a 1:2 dilution of the previous 
sample. Similarly, Vtg stock (0.46j.lg/j.lI) was serially diluted to produce 
concentrations ranging from 116.15ng/well to 0.23ng/well. 
Attempts to eliminate the non-specific binding by alternating the ELISA buffer systems (buffer type 
and concentration), using molecular filters (30kDa cut-off) (Ultrafree®-MC Centrifugal Filter Units, 
Millipore, MA, USA), using serum from E2 injected eels instead of plasma, were unsuccessful (data 
not shown). Non-specific binding was also observed in eel primary hepatocyte cultures (data not 
shown). 
Characterisation of the primary antiserum by immunoelectrophoresis showed that there were two 
precipitation arcs (regions of protein-immunoglobin G [lgG] recognition and precipitation) between 
the plasma of E2 treated eels and the primary antiserum. The first precipitation arc appeared in the 
region of the gel that contains high molecular weight proteins, and also corresponded to a 
precipitation arc between the purified Vtg and the antiserum. The second precipitation arc appeared 
in the region of the gel containing lower molecular weight proteins and corresponded to an arc seen 
in the lane containing control plasma (Figure 9.7). 
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Figure 9.7: Immunoelectrophoresis gel stained with coomassie blue stain. Lane 
1 contains 1 .2/lg of plasma protein from an E2 treated eel. Lane 2 contains 1 .2/lg 
of purified eel Vtg. Lane 3 contains 7.08/lg of plasma protein from a control 
treated eel. Proteins were separated electrophoretically on a 1 % agarose gel run 
at 1S0volts (1S0mA) and room temperature for SOmin. Primary antiserum was 
added to troughs adjacent to each lane and incubated overnight. 
Immunoprecipitated proteins were visualised with coomassie blue stain. 
To negate the effects of components of the antiserum responsible for recognising the second non-E2 
dependent epitope (responsible for the minor precipitation arc), the antiserum was adsorbed with 
control plasma for 1 h at room temperature (pers com. John Lewis 2000). SOS-PAGE confirm the 
presence of protein isolated from an E2 treated eel with the same molecular weight as the purified 
Vtg (Figure 9.4A). Western blots show that the primary antiserum recognition of the 197kOa band 
was conseNed after adsorption with control plasma (Figure 9.4B). Furthermore the adsorption of 
the primary antiserum eliminated non-specific binding (Figure 9.4B). 
In contrast to the previous parallelism experiment, the absorption profiles between the Vtg and E2 
titrations CUNes are parallel when adsorbed primary antiserum was used (Figure 9.8). In addition, 
the absorbances measured in the control plasma titration profile are not only consistent across 
dilution, but correspond with absorbances for dilutions of Vtg standard and E2 treated plasma with 
the lowest concentration of Vtg (Figure 9.8). 
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Figure 9.8: The binding specificity of primary antiserum adsorbed to plasma from 
a control eel. Results are of an ELISA that investigated the parallelism between 
titrations of purified eel Vtg and plasma from E2 treated eels. Control and E2 
plasma were diluted 1 :500 (dilution 1). Each point after that is a 1:2 dilution of the 
previous sample. Similarly, Vtg stock (0.46,ug/,uI) was serially diluted to produce 
concentrations ranging from 116.15ng/well to 0.23ng/well. 
9.4.2.5 Development of the ELISA for eel Vtg 
The optimum conditions for well coating concentration and primary antibody dilution were 
investigated using a checker-board design. Initial results using the adsorbed primary antiserum 
showed that there was a very high background absorbance in all wells including the assay zeroes 
(no Vtg well coating) which increased with increasing concentration of the primary antiserum (data 
not shown). To address this problem, BSA buffer was substituted with 0.1% gelatin as a buffer 
constituent for all phases of the ELISA. Results show that the background absorbance has dropped 
to almost zero (Figure 9.9). In addition, there was a negligible increase in absorption as the 
concentration of primary antibody increased (Figure 9.9). Under these new assay conditions, the 
optimal values for Vtg well coating and primary antiserum dilution were 4ng and BOK respectively 
(Figure 9.9). 
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Figure 9.9: Optimisation of the Vtg ELISA conditions. A checkerboard plate design 
was used to optimise the Vtg well coating concentration and the primary antibody 
dilution factor. The optimum conditions selected are highlighted by a double -ring. 
9.4.3 Conclusions 
Three distinctive absorbance peaks were measured in plasma from E2 treated eels. The first peak 
was associated with a pulse of plasma protein (most likely albumin) that has a low affinity for the 
column matrix and is eluted early due to the rapid increase in the buffer salt concentration (Wiley et 
al. 1979; Silversand et al. 1993; Palmer et al. 1998). The second peak was broad and short which 
suggests that low levels of one or more proteins eluted from the column at that point (Wilson & 
Walker 1994). In contrast, the narrower and higher third peak suggests that a large amount of a 
specific protein eluted later from the column (Wilson & Walker 1984). Similar elution profiles have 
been reported during purification of Vtg from Atlantic halibut (Hippoglossus hippoglossus) (Norberg 
1995), rainbow trout (Sumpter 1981; Silversand 1993), cod (Gadus morhua) and wolfish 
(Anarchichas lupus) (Silversand 1993). In these studies the last and highest absorbance peak was 
associated with the elution of Vtg. 
Polyacrylamide gel electrophoresis of a sample of the fractions corresponding to the E2 induced 
absorbance peaks supports the FPLC findings. The presence of a high molecular weight and 
dominant protein band that is also accompanied by lesser amounts of smaller proteins has been 
shown in Atlantic halibut (Norberg 1995) and African clawed frog (Palmer et al. 1998) Vtg 
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preparations. It was speculated that these may be breakdown products of Vtg (Norberg 1995; 
Palmer et al. 1998) which is inherently labile (Denslow et al. 1999). Characterisation of plasma from 
three different species of E2 induced fish (Silversand et al. 1993) show that these bands increased 
in intensity when protein inhibitors were absent during the purification suggesting that they are 
breakdown products of Vtg. The molecular weight of the dominant protein purified from plasma from 
E2 injected eels (197kDa) is slightly larger than the molecular weights reported for other fish species 
(167kDa for cod, 170kDa for rainbow trout, 175kDa for turbot, 176kDa for wolffish) (Silversand et al. 
1993). However, it does concur with the estimated molecular weight of 200kDa for Vtg in tilapia 
(Oreochromis mossambicus) (Kishida & Specker 1993) and the African clawed frog (Palmer et al. 
1998). 
Administration of this protein to rabbits via sub-cutaneous injections produce marked immunogenic 
responses (Pers com. Peter Elder, 2000) and support the finding that Vtg is highly immunogenic to 
rabbits and mice (Denslow et al. 1999). 
In order to establish that the prepared polyclonal antiserum is immunoreactive against Vtg, it is 
critical to determine this empirically. Western blot analysis showed that the antiserum displayed non-
specific recognition of plasma proteins from both control and E2 treated plasma. This was also seen 
during parallelism experiments which provide information about the binding specificity of the 
polyclonal antiserum. When plasma Vtg levels were above a critical threshold, parallelism with the 
Vtg titration curve is seen. However, at levels below this threshold, the plasma titration curve would 
reach a plateau and would remain unaffected by further dilution except at very large dilutions. 
Similar to the Western blots, the parallelism experiments showed that the antiserum was also 
recognising a component present in both E2 treated and control serum. This antibody/plasma factor 
interaction was also non-titratable except at very large dilutions. Attempts to eliminate this non-
specific binding were unsuccessful. However, results from passing samples through a molecular 
filter found non-specific binding in both the eluate and retentate suggesting that the immunoreactive 
factor was less than 30kDa and may also bind to factors found in the retentate. In addition, the 
presence of non-specific binding when supernatant from shortfinned eel primary hepatocyte cultures 
was used, suggests that the interfering factor is secreted by hepatocytes. 
Further characterisation of the primary antiserum by immunoelectrophoresis revealed that two 
species of IgG were recognising epitopes in the E2 treated plasma. The precipitation arc that 
appeared in both E2 and control lanes was most likely responsible for the non-specific binding 
measured in the Western blot analysis and ELISA parallelism experiments. The spatial difference 
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between the major precipitation arcs in the lane containing purified Vtg and E2 treated plasma is 
likely to be an artifact of the Vtg purification process that may have altered the electromobility of the 
Vtg protein (Wilson & Walker 1994; pers com John Lewis 2000). 
Adsorbing the interfering species of IgG with excess epitope is a common practice during ELISA 
development (pers com John Lewis, 2000). Incubating the primary antiserum with control eel plasma 
creates saturating conditions that eliminate the non-specific immunoreactivity due to this IgG 
species. Western blots and ELISA parallelism experiments carried out with adsorbed primary 
antibody confirmed that the non-specific background had dissappeared. Furthermore, the results 
confirmed that the specificity of the antiserum-Vtg response has been conserved. 
Unfortunately, manipulation of the primary antiserum to eliminate non-specific binding created a high 
background value during ELISA analysis. Furthermore, the level of background was proportional 
to the concentration of primary antiserum used in the assay suggesting that BSA was promoting 
binding of the adsorbed primary antiserum. Substituting BSA with 0.1 % gelatin as a constituent of 
the ELISA buffers decreased the background creating suitable conditions within the ELISA for use 
on a regular basis. 
Chapter 10 
INTRAPERITONEAL INJECTION OF TEST 
COMPOUNDS 
10.1 Introduction 
To determine the in vivo sensitivity of each selected biomarker (hepatic EROO and GST activity, 
brain and plasma AChE activity, hepatic P450 content, and plasma Vtg concentration), shortfinned 
eels were administered multiple ip. injections of single test compounds. The rationale for choosing 
this experimental design and route of exposure have been previously described (Chapter 5.1). The 
test compounds (E2, 4-nonylphenol [4-NP], chlorpyrifos [CPl, B[a]p, and Aroclor 1254) were chosen 
primarily on their ability to stimulate a marked response in one or more of the selected biomarkers. 
In addition, each of the test compounds belongs to a class of compounds (estrogen, APEO, OP, 
PAH, or PCB) that are of concern to the New Zealand environment (Taylor et al. 1997). 
Intraperitoneal doses were based on previous fish studies where the same test compound has been 
used as a positive control in biomarker studies, or as a model compound in mechanistic studies. 
The doses used in these experiments represent sub-lethal concentrations, and hence were not 
expected to result in eel mortality. 
10.1.1 17p-estradiol 
17~-estradiol (Figure 10.1) is a female sex steroid involved in a wide array of reproductive and 
developmental processes (Chapter 2.4.1). 17~-estradiol is often employed in in vivo and in vitro 
experiments as a model positive control for determining estrogenic effects. In addition to its use as 
a model compound in mechanistic studies, the biological response to E2 is used to calculate 
estrogen equivalency values for other estrogenic compounds (Christiansen et al. 1998). In this 
experiment, dose concentrations of 0.05 and 5.0 mg/kg were selected based upon successful Vtg 
induction studies in Atlantic halibut (Norberg 1995) and rainbow trout (Anderson et al. 1996b) where 
single ip. doses ranging from 0.5 to 5mg/kg were used. In other studies, multiple doses of E2 as low 
as 0.025mg/kg were sufficient to cause increases in the Vtg lipid fraction in the plasma of sexually 
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immature European eels (Luizi et al. 1997). 
10.1.2 4-Nonylphenol 
4-Nonylphenol belongs to a class of compounds termed alkylphenol polyethoxylates (APEO). First 
introduced in the early 1940s, APEO compounds are used extensively as nonionic surfactants in 
commercial production (White et al. 1994). They are used widely not only in detergents but also in 
paints, herbicides, pesticides, wetting agents, and many other formulated products (Nimrod & 
Benson 1996). The most commonly used APEO compounds contain 8-12 ethoxylate groups (White 
et al. 1994; Bennie et al. 1997). 4-Nonylphenol contains nine ethoxylate groups and accounts for 
approximately 80% of all APEOs used (>30,000 tonnes are produced annually worldwide) (White 
et al. 1994). It is estimated that 60% of APEO compounds enter the aquatic environment, with a 
majority of these entering through sewage treatment facilities, where most are rapidly metabolised 
into stable compounds (Bennie et al. 1997). Some of these metabolites are mildly hydrophobic, 
accumulate in the sewage sludge and river sediments, and have a moderate bioaccumulation 
potential (Staples et a/1998; Hemmer et al. 2001). 4-Nonylphenol has been identified as an 
environmental estrogen in many in vitro (White et al. 1994; Shelby et al. 1996; Coldham et al. 1997; 
Arukwe et al. 1999b) and in vivo studies (Jobling et al. 1996; Grey & Metcalfe 1997; Ashfield et al. 
1998; Arukwe et al. 1999a; Hemmer et al. 2001). The in vitro inhibition of the 4-NP response by 
tamoxifen (E2 receptor antagonist), suggest that 4-NP mediates its affects via the E2 receptor 
(Jobling & Sumpter 1993). Reproductive effects due to 4-NP have been measured in a number of 
laboratory in vivo experiments (Jobling et al. 1996; Gray & Metcalfe 1997; Ashfield et al. 1998). 
Administration of 4-NP via ip. injection is a common route of exposure that has been used in a 
number of laboratory exposures for a wide range of fish species including the European eel (Myhre 
& Goks0yr 1997). Increases in plasma Vtg concentrations were observed in fish exposed to 4-NP 
at concentrations as little as 1 mg/kg). For this research, eels were exposed to low (10mg/kg) and 
high(100mg/kg) dose concentrations of 4-NP (technical grade Aldrich Chemical Company, 
Milwaukee, USA). 
10.1.3 Chlorpyrifos 
Chlorpyrifos (0,0 diethyl 0-3,5,6-trichloro-2-pyridyl phosphorothioate) is an OP compound (Figure 
10.1) with differentformulations (granular formulation, foliar spray, an emulsifiable concentrate, aerial 
spray, wood treatment formulation, and micro encapsulated) that is used against a wide spectrum 
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of horticultural and agricultural insect pests (Racke 1992). The entry of CP into the aquatic 
environment can occur via direct application to waterways or accidental spills, or through 
redeposition of residues via spray drift, volatilization, leachate, and in rare cases run-off (Racke 
1992; EXTOXNET 1996; Giddings 1997). The fate of CP in the environment depends on a number 
of abiotic and biotic degradation processes such as hydrolysis (cleavage of the phosphate-ester 
linkage), photolysis (photooxidation), incidental microbial degradation and microbial mineralisation 
(hydrolysis, oxidation, hydroxylation, mineralization) (Racke 1992; Giddings 1997). Chlorpyrifos has 
a low water solubility, but high soil adsorption and organic carbon partitioning coefficients (Racke 
1992; Giddings 1997). The toxic effects of CP are exerted through its ability to form covalent 
chemical bonds with cholinesterases, thereby disrupting normal nerve-nerve and nerve-muscle 
transmission (reviewed in Chapter 2.5.1.1). Chlorpyrifos toxicity data for a range of fish species is 
based on lethal concentration values (LC) that have been determined in static exposure experiments 
(Worthing & Hance 1991; EXTOXNET 1996). In contrast, no lethal dose (LD) values could be 
identified from the literature. To determine an appropriate sub-lethal ip. dose concentration for eels, 
the 96h LC50 value for rainbow trout (0.003mg/L, Worthing & Hance [1991]) were converted to ip. 
LD50 value using a mathematical formula derived by Hodson et al. (1984) ( Appendix VII). The 
calculated LD50 for rainbow trout when compared to the mammalian LD50 values was found to be 
" 
lower, supporting evidence that CP is acutely toxic to fish (EXTOXNET 1996). This calculated LD50 
value was then reduced by one order of magnitude to give a high dose of 10mg/kg of CP (technical 
grade 400g/L active ingredient in the form of an emulsifiable concentrate, Lorsban® 40EC, 
DowElanco, Indianapolis, USA). The low dose selected was 1 mg/kg. In the absence of LD50 data 
for teleost species, this mathematical model represented a logical alternative for dose selection. 
10.1.4 8enzo[a]pyrene 
The occurrence, and environmental and biological fate of PAHs and B[a]P have been discussed 
previously (Chapter 5.1). Like mammalian model systems, the mutagenicity and carcinogenicity of 
PAHs to fish are associated with compounds containing four or more aromatic rings, and are directly 
proportional to the number of rings (Sandvik et al. 1998). However, fish are more sensitive to B[a]P 
metabolites induced DNA damage due to a lower efficiency to repair DNA damage (Walton et al. 
1987). The widespread use of B[a]P as a liver biomarker inducer in mammalian studies, led to a 
large number of fish induction studies (Gerhart & Carlson 1978; Collier & Varanasi 1991; Lemaire-
Gony et al. 1992; Eggens & Boon Unpublished; Viarengo et al. 1997; Sandvik et al. 1998; Seubert 
& Kennedy 2000). Many studies have employed a single ip. dosing regime with B[a]P 
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concentrations ranging from 5 to 500mg/kg (Collier & Varanasi 1991; Lemaire-Gony et al. 1992; 
Eggens & Boon Unpublished; Viarengo et al. 1997; Sandvik et al. 1998; Seubert & Kennedy 2000). 
In this research, multiple ip. exposures of 1 mg/kg and 10mg/kg B[a]P (SIGMA Chemical Company, 
St Louis, USA) (Figure 10.1) were used. 
10.1.5 Aroclor 1254 
Polychlorinated biphenyls are produced by the chlorination of biphenyl (Safe 1994). As the name 
suggests, PCB compounds consist of two benzene rings that are connected by a single carbon 
bond, with at least one of the ten carbons of the biphenyl molecule substituted by a chlorine atom 
(Figure 10.1) (Safe 1994; Nowak 1997). Some complex mixtures of PCB congeners were marketed 
according to their percentage of chlorine content (by weight). For example, Aroclor 1254 contains 
54% chlorine by weight (54% CI4-CI6) (Schulz et al. 1989; Safe 1994). Commercial PCB mixtures 
were widely used in industrial, electrical and household products because of their inert chemical 
properties (Schulz et al. 1989; Safe 1994). The entry of PCBs into the environment has occurred 
mostly as a result of careless disposal practices, accidental spills, leakage from industrial facilities 
and waste disposal facilities (Safe 1994). Polychlorinated biphenyl congeners that contain five or 
more chlorine atoms, are environmentally persistent and are characterised by a high 
bioaccumulation potential, particularly in sediment and in the fat and liver tissues of aquatic species 
and top level predators (Nowak 1997). The induction of EROD activity by organic compounds that 
have a relatively flat molecular structure has been extensively studied (Stegeman & Kloepper-Sams 
1987). Coplanar and mono-orlho coplanar PCB molecules have one or no orlho chlorine 
substitutions on the biphenyl molecule which allow the coplanar molecule to interact well with the 
Ah receptor (de Voogt et al. 1990; Safe 1994). Therefore, many of the biological effects due to PCB 
exposure occur via Ah receptor-mediated processes. However, PCB mixtures also contain a wide 
array of non-planar congeners that directly, or indirectly (after metabolic activation) display a number 
of chronic toxic effects on the liver, immune, neural, and reproductive systems, and behaviour and 
normal growth patterns (Freeman et al. 1982; Safe 1994; van der Weiden et al. 1994; Chiu et al. 
2000; Matta et al. 2000). Aroclor 1254 has also been used as an inducer of fish liver biomarkers and 
reproductive effects. Significant increases in EROD activity after administration of single ip. doses 
of Aroclor 1254 ranging from 0.3 to 200mg/kg have been reported (Gerhart & Carlson 1978; 
Melancon & Lech 1983; Brumely et al. 1995; and Pacheo & Santos 1998). Furthermore, direct and 
transgenerational adverse reproductive effects after exposure to Aroclor 1254 in the diet have been 
shown (Matta et al. 2000). 
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The ip. LD50 for Aroclor 1254 in juvenile chinook salmon was determined to be 200mg/kg (Arkoosh 
et al. 1994). Therefore, the Aroclor 1254 (technical mixture, AccuStandard®, Florida, USA) high and 
low exposure doses for this PhD research were 10 and 100 mg/kg respectively. 
HO 
(Y0H PHV 
,GH2"CH2 
,GH2"CH2 
,GH2CH2 
HaC-CH2 
meta ortho orlho mel. 
mets orlho ortho meta 
17-~ Estradiol 
4-Nonylphenol 
Chlorpyrifos 
Benzo[a]pyrene 
Polychlorinated Biphenyl 
(possible chlorination positions are shown 
Figure 10.1: Molecular structures of the test compounds. 
10.2 Methods 
10.2.1 Experimental design 
Eels were collected from Lake Ellesmere and housed inside the Animal Facility, Lincoln (Chapter 
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3.1.3 for details of capture, transport, and husbandry). Sexually immature eels were used to 
preclude any sexually related effects in the biomarker responses. All eels were acclimatised for a 
period of three weeks. Due to housing and sampling limitations, the ip. exposures were split into two 
separate experiments. In each experiment, 56 eels were randomly allocated into seven groups of 
eight animals. Each group was treated with either a high or low dose of a single test compound, a 
combination of test compounds, or control (Table 10.1). 
Table 10.1: The stock concentration (High and Low) for each test compound. 
Single Dose Concentration (mglkg) 
Compound Low High 
Experiment 1 17j3-estradiol 0.05 5 
4-Nonylphenol 10 100 
Chlorpyrifos 1 10 
Experiment 2 3,4 Benzo[a]pyrene 1 10 
Aroclor 1254 10 100 
Aroclor 1254 & 17j3-estradiol 100 & 5 respectively 
17j3-estradiol 5 
Controls Corn oil (vehicle) Dose volume = 1 ml/kg 
The test compounds were prepared daily in corn oil (Table 10.1). Each eel was administered an ip. 
injection (1ml/kg dose volume) of corn oil or one of the treatment solutions once weekly for three 
weeks (Table 10.2). Intraperitoneal injections were administered under light anaesthesia (Chapter 
3.1.4), on consecutive weeks at different adjacent areas in the midline of the abdomen to enhance 
wound healing and minimise secondary infections. To facilitate tissue sampling and subsequent 
biomarker analyses, dosing and tissue sampling were staggered for each experiment (Table 10.2). 
On week 1, two eels per day per treatment group were dosed until all eels were treated (four days) 
(Table 10.2). This dosing regime was repeated on week 2 and 3. Eels that were dosed on different 
days were distinguished by coloured cotton fin tags (four different colours). Eels from the same 
treatment group that were dosed on the same day were identified by a system of knots in the tag 
(Table 10.2). Animals were sacrificed (Chapter 3.1.4) four days after the last ip. treatment (Table 
10.2). Body measurements (weight, length) were recorded prior to removing the liver, kidney, 
spleen, brain, bile, and a portion of the blood and muscle tissue (Chapter 3.2). The liver, kidneys 
and spleen were also weighed before storage. The kidneys and spleen were collected for 
simultaneous assessment of immune function as a potential biomarker, while the bile and muscle 
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tissues were collected for metabolite and DNA/RNA-ratio analysis respectively. However, this work 
was not part of this PhD thesis and is not reported herein. The carcasses (minus the above tissues) 
were labelled, and stored at -20°C for PAH, OC, and metal residue analysis (Appendix IV). 
Table 10.2: Dosing and sampling design for ip. experiment 1. The same design 
was used for ip. experiment 2. 
Treatment Time Point (days) 
1 2 3 4 7 8 9 10 14 15 16 17 21 22 23 24 
1" Dose 2"" Dose 3'" Dose SAMPLE 
Vehicle g' r' w' p' g' r' w' p' g' r' w' p' g' ... w' p' 
(com oil) g*' r*' w' p" g*' r*' w' p*' g" r" w" p" I!' .... w" p" , , 
Estradiol g' r' w' p' g' r' w' p' g' r' w' p' g' ... w' p' 
(low) g" r" w' p" g*' r" w' p" g" r" w*' p" ~. .... w" p" 
, , 
Estradiol g' r' w' p' g' r' w' p' g' r' w' p' g' ... w' p' 
(high) g" r" w' p" g" r" w' p" g" r" w" p" g' .... w" p" 
, , , 
Nonylpheno g' r' w' p' g' r' w' p' g' r' w' p' g' ... w' p' 
I g" r" w' p" g" r" w' p" g" r" w" p" g' .... w" p" 
(low) , , 
· 
Nonylpheno g' r' w' p' g' r' w' p' g' r' w' p' g' ... w' p' 
I g" r" w' p" g" rO ' w' p" g*' r*' w" p" g' .... w" p" 
(high) , , 
· 
Chlorpyrif08 g' r' w' p' g' r' w' p' g' r' w' p' g' ... WO p' 
(low) g" r" w' p" g" r" w' p" g" r" w*' p*' g' .... w" p" 
, , 
· 
Chlorpyrifos g' r' w' p' g' r' w' p' g' r' w' p' g' ... w' p' 
(high) g" r" w' p" g" r" w' p*' g" r" w" p" g' r" w" p" 
, , 
· 
TOTAL 14 14 14 14 
EELS 
g = green tag, r = red tag , w = white tag , p = pink tag, * = single knot, ** = double knot 
10.2.2 Water analysis 
Water temperature, dissolved oxygen content, pH, ammonia, and conductivity were measured 
continuously over a three day period in a holding tank filled with eight eels. Measurements were 
taken with a multi-parameter environmental monitoring data sonde (YSI Inc. Ohio). Data was 
captured electronically by the data sonde then transferred to Windows compatible software 
(EcoWatch V 3.12.06, YSl lnc.) for tabulation and graphing. 
10.2.3 Biomarker analyses 
10.2.3.1 Liver microsomal EROD activity and P450 content 
Liver microsomal EROD activity (Chapter 3.3.1 for microsome preparation and storage) was 
measured and standardised against microsomal protein concentration using a fluorometrictechnique 
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adapted from Kennedy & Jones (1994) (Chapter 3.3.3). The EROO assay conditions were 
optimised accordingly (Chapter 9.1.2.1). Total P450 concentration was measured using freshly 
prepared microsomes according to the spectrophotometric method of Matsubara et al. (1976) 
(Chapter 3.3.2 & Chapter 9.1.2.2), and standardised against microsomal protein concentration 
(Bradford 1974) (Chapter 3.7). 
10.2.3.2 Liver cytosolic GST activity 
Glutathione S-transferase activity was measured in the hepatic S-9 fraction using a 
spectrophotometric method according to the method of Habig et al. (1974) and standardised against 
S-9 fraction protein concentration (Bradford 1976). Assay conditions were optimised for eels 
(Chapter 9.2). 
10.2.3.3 Plasma and brain AChE activity 
Plasma and brain AChE activity were determined using the spectrophotometric method of Ellman 
et al. (1961) as modified by Cer6n et al. (1996) and optimised for the shortfinned eel (Chapter 9.3). 
Activity was standardised against plasma and brain homogenate protein concentrations (Bradford 
1976). 
10.2.3.4 Plasma Vtg concentration 
Plasma Vtg concentration was measured by indirect ELISA (Chapter 3.5). 
10.2.4 Carcass PAH, ac, and metal residue analysis 
Muscle tissue samples from randomly selected eel carcasses from the B[a]p and Aroclor 1254 
treatment groups, were analysed for PAHs and OCs by LincLab, (Lincoln) ( Appendix IV for details 
of the analysis). Unfortunately, eel carcases from ip. experiment 1 were not saved and so tissue 
residue levels of the test compounds (E2, 4-NP, and CP) could not be related to the biomarker 
responses. Tissue residue data from ip. experiment 2 were submitted for analysis but delays in the 
residue analysis means that the data will not be reported in this thesis. Results will be published in 
a peer reviewed journal. Plasma 17~-estradiol was analysed by Forest Research (Rotorua) using 
the method of McMaster et al. (1992) ( Appendix IV for a brief description of the analysis). 
10.2.5 Statistical analysis 
Prior to analyses, the data was tested to verify whether it met the statistical test requirements. All 
variables (EROO, P450 content, Vtg, ChE, GST, and HSI) were log transformed because of variance 
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heterogeneity. A two-factor ANOVA was used to examine treatment and day of sampling effects (a 
consequence of the staggered sampling design). Sample means for transformed variables were 
back-transformed (geometric mean) and are represented on original scale. Where ANOVA analysis 
revealed a significant treatment effect, one-sided or two-sided pairwise treatment comparisons (t-
tests) were carried out with a Bonferroni adjustment. 
10.3 Results 
10.3.1 Water analysis 
Profiles for each water parameter measured are shown in Figure 10.2. Diurnal fluctuations in 
temperature of up to 0.5°C were measured while pH remained constant (pH approximately 8.0), 
except for a sharp decline of approximately 0.2 units during the first day. Coinciding with the 
decrease in pH was a drop in DO (approximately 3%). No ammonia nitrogen was detected in the 
tanks. Conductivity and salinity steadily decreased over the course of the measurements. 
10.3.2 Intraperitoneal exposures-experiment 1 (E2, 4-NP, CP, or vehicle) 
10.3.2.1 EROD activity 
The results of an ANOVA showed that there were no significant chemical treatment effect on hepatic 
microsomal EROD activity (P=0.159) (Figure 10.3). 
10.3.2.2 P450 content 
Analysis of variance showed that there was no significant treatment effect on total P450 content 
(P=0.7991) (Figure 10.3). 
10.3.2.3 HSI 
Analysis of variance revealed that there was no significant effects of chemical treatments on HSI 
values (Figure 10.3). 
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Figure 10.2: Analysis of water parameters in the wet-laboratory experimental tank 
containing 8 eels. Measurements were taken every 15min over an 84h period 
using a VSI multi-parameter sonde. Normal husbandry practice was mainta:ined 
during the recording period. Parameter profiles corresponding to the left V-axis 
are represented as a solid line (-). Profiles corresponding to the right V-axis are 
represented as dotted lines ( ...... ). 
10.3.2.4 GST 
Analysis of variance results showed that there is a highly significant test compound treatment effect 
(P<0.005) on GST activity (Figure 10.4). A two-sided t-test showed that the mean GST activity in 
the CP high treatment group was significantly lower than the control (P<0.05). 
10.3.2.5 Vtg Concentration 
An ANOVA showed that there is a highly significant treatment effect (P<0.0001) on the mean plasma 
Vtg concentration (Figure 10.5). Results of a one-sided t-test show that the mean Vtg concentration 
in the E2 (H) treatment group was significantly greater compared to E2 (L) and the control 
(P<0.0001). Averaging over sampling days there was also a significant effect of sampling day 
(p<0.001). Pairwise comparisons showed that the mean Vtg concentrations averaged over day 2 
and 3 were greater than Vtg concentrations averaged over day 1 (P<0.05). There was no treatment-
day interaction effect (P>0.05). 
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Figure 10.3: Hepatic microsomal EROD activity (top), P450 content (middle), and 
HSI (bottom) in immature eels 4 days following multiple ip. administration of E2, 
4-NP, or CP doses. Geometric treatment group means (+SD) are shown. Sample 
size is n=8, except for E2 (H) where n= 7. 
0.6,.-------------------, GST 
c: 
~ .....- 0.5 
Co 
CD 
0; 
c: 
:g, 0.4 
o 
E 
o 
~ 0.3 
~ 
Cl 
~ 0.2 
~ (5 0.1 
E 
~ 
0.0 
~ ~ ~ ~ ~ ~ ~ ~ ~ ~ ~ ~ & & 
Treatment 
139 
Figure 10.4: Hepatic S-9 GST activity in immature eels 4 days following multiple 
ip. administration of E2, 4-NP (NP), or CP doses. Geometric treatment group 
means (+SO) are shown. Sample sizes are n=8, except for E2 (H) where n=7. * 
denotes a significant difference to control (P<0.001). 
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Figure 10.5: The concentration of Vtg in diluted plasma from immature eels 4 days 
following multiple ip. administration of E2, 4-NP (NP), and CP doses. Geometric 
treatment group means (+SO) are shown. Sample size is n=8, except for E2 (H) 
where n=7. * denotes a significant difference to the control (P<0.0001). ** 
denotes a significant difference to the low dose group. Numbers above the SO 
bars denote the dilution adjusted Vtg concentration (I-lg/ml plasma). LOO denotes 
the limit of detection. 
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10.3.2.6 AChE activity 
The ANOVA results revealed a highly significant treatment effect on plasma AChE activity 
(P<0.0001) (Figure 10.6). A one-sided t-test showed that the plasma AChE activity in the CP (H) 
treatment group was significantly lower compared to CP (L) and the control (P<0.0001). In contrast, 
the treatments did not significantly affect the brain AChE (P=0.4289). 
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Figure 10.6: Specific AChE activity in the plasma (top) and brain (bottom) from 
immature eels 4 days following multiple ip. administration of E2, 4-NP, or CP 
doses. Geometric treatment group means (+SD) are shown (n=8, except for E2 
[H] where n=7.). * denotes a significant difference to the control (P<0.0001). 
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10.3.3 Intraperitoneal exposures-experiment 2 (8[a]P, Aroclor 1254, E2 + Aroclor 1254, E2) 
10.3.3.1 EROD activity 
The ANOVA showed that there was a significant treatment effect on EROD activity in liver 
microsomes (P <0.001) (Figure 10.6). Two-sided t-tests showed that the mean EROD activities in 
the 8[a]P high and low treatment groups were significantly greater than the control (p<0.0001), and 
also that the effect was significantly greater in the 8[a]P high treatment group compared to the low 
dose group (P<0.0001). Similarly, the mean EROD response in the Aroclor high and low treatment 
groups were significantly greater than in the control (P<0.0001), and between the high and low dose 
(P<0.001) (Figure 10.7). Exposure to Aroclor (high dose) combined with E2 (high dose) resulted in 
a mean EROD activity that was significantly greater than the control and the E2 treatment groups 
(P<0.0001). However, EROD activity was lower compared to the treatment group exposed to 
Aroclor alone. 
10.3.3.2 P450 content 
The ANOVA showed that there was no significant effect on total P450 content between any 
treatment group and the control (Figure 10.6). However, the total P450 content was consistently 
greater in the high dose groups compared to the low dose groups although this was not significant 
(Figure 10.7). 
10.3.3.3 HSI 
There were no significant effects of the chemical treatments on HSI as assessed by ANOVA (Figure 
10.6). In addition, there were no trends in HSI values between the high and low dose groups. 
10.3.3.4 GST 
The ANOVA showed that there were no significant treatment group differences (Figure 10.7). 
Examination of the treatment means showed that there was 8[a]P dose dependent decrease in GST 
activity although this was not significant. 
10.3.3.5 Vtg Concentration 
The ANOVA for treatment mean effects on plasma Vtg concentration showed that there were no 
significant effects (Figure 10.8). However, there was a significant effect of day of sampling on Vtg 
concentrations (P<0.01). It appears that the level of Vtg in the E2 and E2 + Aroclor treatment groups 
are slightly elevated compared to control. However this increase was not significant. In addition, 
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the Vtg response to E2 (H) in this experiment was substantially lower than the Vtg response 
observed in ip. experiment 1 (Figure 10.8). 
10.3.3.6 AChE activity 
Analysis of variance showed that there were no significant effects of treatment on either plasma or 
brain AChE activities (Figure 10.9). Examination of the treatment means showed that there were 
no trends in the data which is reflected by the fact that there is little difference in activity between the 
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Figure 10.7: Hepatic microsomal EROO activity (top), P450 content (middle), and 
H81 (bottom) in immature eels 4 days following multiple ip. administration of 8[a]P, 
Aroclor, a combination of E2 and Aroclor, or E2 doses. Geometric treatment group 
means (+80) are shown (n=8). * denotes a significant difference to control 
(P<0.001). ** represents a significant dose effect (P<0.0001). 
0.6,--------------------, 
c: 
·O ...iii
0.5 
Co 
Q) 
"Iii 
c: 
~ 0.4 
o 
E 
o 
-: 0.3 
~ 
C) 
~ 0.2 
~ (5 0.1 
E 
:::L 
0.0 
GST 
Treatment 
144 
Figure 10.8: Specific hepatic S-9 GST activity in immature eels 4 days following 
multiple ip. administration of S[a]P, Aroclor, a combination of E2 and Aroclor, or 
E2 doses. Geometric treatment group means (+SO) are shown (n=8). 
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Figure 10.9: The concentration of Vtg in diluted plasma from immature eels 4 days 
following multiple ip. administration of S[a]P, Aroclor, a combination of E2 and 
Aroclor, or E2 doses. Geometric treatment group means (+SO) are shown (n=8). 
Numbers above the SO bars denote the dilution adjusted Vtg concentration (,ug/ml 
plasma). SOL corresponds to values that fall below the assay limit of detection 
(LOO). 
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Figure 10.10: Specific AChE activity in the plasma (top) and brain (bottom) from 
immature eels 4 days following multiple ip. administration of 8[a]P, Aroclor, a 
combination of E2 and Aroclor, or E2 doses. Geometric treatment group means 
(+SD) are shown (n=8). 
10.3.4 Plasma E2, and carcass PAH, and ac residue levels 
17~-Estradiol concentrations in the plasma samples are shown plotted against the Vtg response 
(Figure 10.11). As expected, the concentration of plasma E2 in the controls approached the 
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minimum detection limit of the assay. Eels that were treated with 0.05mg/kg E2 had plasma E2 
concentrations that ranged from 3.89ng/ml to 8.42ng/ml. Fish exposed to multiple doses of E2 
(5mg/kg) in ip. experiment 1 had E21evels that ranged from 6.82ng/ml to 13.56ng/ml (Figure 10.11). 
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Figure 10.11: Plasma concentrations (n=1) of E2 (top) and Vtg (bottom) in sexually 
immature eels 4 days following multiple ip. administration of either E2 high, E2low, 
or vehicle. Sample derived from the ip. 1 experiment are denoted (#1). Samples 
from ip. experiment are designated by (#2). 
The plasma samples from fish sampled from ip. experiment 2 had E2 concentrations that were 
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slightly higher compared to ip. experiment 1 (Figure 10.11). 
10.4 Discussion 
Biomarker responses from ip. experiments 1 and 2 have been summarised (Table 10.4). Each 
biomarker is discussed on the basis of its response to one or more of the test compounds. The 
general conclusions pertaining to these ip. experiments are given at the end of this chapter. 
10.4.1 Water-chemical and physical parameters 
Over the recording period, the parameters that were measured were well within guidelines proposed 
for the physiological well being for fish culture systems (temperature 8-30°C, pH 6.5-8.5, 008-
10mg/L, NH3 maximum concentration of 0.0125mg/L) (Svobodova et al. 1993). Although these 
values were taken prior to ip. experiment 1, it was assumed that these parameters were similar for 
ip. experiment 2 also. 
10.4.2 EROD, P450 content, and HSI values 
10.4.2.1 B[a]P Exposure 
Treatment with B[a]P (1 mg/kg or 1 Omg/kg) once a week for three consecutive weeks was sufficient 
to increase shortfinned eel hepatic microsomal EROO activity in a dose dependent fashion (5 and 
100-fold respectively) four days after the last dose. 
Similar to shortfinned eels, EROO activity in other fish species has been shown to respond rapidly 
to B[a]P exposure (ip., intramuscular [im.], subcutaneously, orally) (Eggens & Boon Unpublished; 
Beyer et al. 1997; Sandvik et al. 1997; Viarengo et al. 1997; Sandvik et al. 1998; Stagg et al. 2000). 
Temporal studies in the flounder have shown that EROO activity reaches a maximum (5 to 24-fold 
increase in EROO activity compared to controls) 1 to 3 days after exposure to B[a]P (0.2 to 20mg/kg) 
(Eggens & Boon Unpublished; Beyer et al. 1997; Sandvik et al. 1997). Activity then declined to 
basal levels within 2-3 weeks (Eggens & Boon Unpublished; Beyer et al. 1997; Sandvik et al. 1997). 
A similar trend has been reported for European eels exposed to B[a]P and ~-napthoflavone (~NF). 
When sexually immature eels were injected with a single ip. dose of B[a]P (5mg/kg) (Myhre & 
Goks0yr 1997) or ~NF (10, 25, 50, and 100mg/kg) (Fenet et al. 1996), EROO activity increased 
approximately 50- to 150-fold compared to controls four days after the ip. exposure to the test 
compounds. After 13 days, EROO activity had decreased to five times the maximum value, but still 
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remained significantly greater than the control (Myhre & Gorks0yr 1997). Temporal profiles of 
CYP1 A protein concentration in European eels (Myhre & Gorks0yr 1997) and other species (Eggens 
& Boon 1996; Stagg et al. 2000), and CYP1 A mRNA transcripts in Atlantic tomcod (Courtenay et al. 
1999) are similar to the trends in EROO activity caused by B[a]P. 
Total P450 content in shortfinned eels after exposure to the B[a]P doses also reflects the trends in 
EROO activity. However, they were not significant. In contrast, the HSI values did not show any 
trend as a result of exposure to B[a]P. Overall, EROO activity was the most sensitive and repeatable 
biomarker measured in shortfinned eels as a result of acute exposure to B[a]P. This was followed 
by P450 content and then HSI, which did not respond to the B[a]P treatment. This trend in 
biomarker responsiveness was also observed in the mouse ip. experiments (Chapter 5). Given the 
acute nature of the experimental regime and the specificity of the EROO response to PAHs, this 
response is not unusual (Chapter 5.4). 
10.4.2.2 Aroclor 1254 exposures 
Treatment with Aroclor 1254 (1 Omg/kg or 1 OOmg/kg) on three consecutive weeks, was also sufficient 
to increase shortfinned eel hepatic microsomal EROO activity 5 and 40-fold respectively. A positive 
dose effect was also measured between the two dose groups. Total P450 content also parallelled 
the trends in EROO activity but were not statistically significant. The HSI values showed no trend. 
In the sand flathead (Platycephalus bassensis), EROO activity after a single ip. exposure of Aroclor 
1254 (400mg/kg) increased only 4-fold (Brumley et al. 1995). However, studies conducted in 
rainbow trout and carp, showed that increasing doses of Aroclor 1254 from 0.2mg/kg (trout) and 
0.1 mg/kg (carp) produced concomitant and significant increases in EROO activity up until50mg/kg 
for trout (17-fold) and 30mg/kg for carp (32-fold) (Melacon & Lech 1983). At higher doses than these 
the EROO activity decreased in both species (Melacon & Lech 1983) probably indicating the onset 
of toxic effects. A dose dependent inhibition (25% to 48%) of EROO activity by Clophen A40 
(commercial PCB mixture) or individual PCB congeners was observed in vivo and in vitro in the 
flounder and scup (Stenotomus chrysops) (Gooch et al. 1989; Eggens & Boon 1996). A similar 
decrease in EROO activity was also seen in rainbow trout injected with PCB 160 at concentrations 
higher than 2.5mg/kg (Oonohoe et al. 1999). While the levels of EROO induction in this PhO 
research increased 20-fold with a 1 O-fold increase in the B[a]P dose concentration, a similar increase 
in EROO activity was not seen with Aroclor 1254 suggesting that PCB inhibition may have affected 
the EROO response. The temporal response to a single ip. exposures has been investigated in the 
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carp. Melacon & Lech (1983) showed that carp exposed to a range of ip. dose concentrations of 
Aroclor 1254 and then sampled 3, 6, and 10 days later, had consistently higher EROO activities at 
10 days. The use of coplanar and mono-artha coplanar PCB congeners (PCB-77, PCB-105, PCB 
126, and PCB 158) as experimental test compounds is more common due to their ability to induce 
EROO activity (Rice & Schlenk 1995; Eggens & Boon Unpublished; Palace et al. 1996; Beyer et al. 
1997; Sandvik et al. 1997; Courtenay et al. 1999). Exposure to sub-lethal concentrations of 
technical mixtures and single PCB congeners has been shown to induce EROO activity, to differing 
degrees, depending on the fish species (Melancon & Lech 1983; Forlin 1986; Myhre & Goks0yr 
1997; Besselink et al. 1998). For example, in trout and carp the optimal single ip. dose of Aroclor 
1254 and time of maximum response are 50mg/kg and 6-10 days following the ip. exposure 
(Melancon & Lech 1983). It has also been reported that exposure of flounders to a single dose of 
PCB 126 as low as 0.1 mg/kg was sufficient to cause a statistical increase in EROO activity (Eggens 
& Boon Unpublished). Similarly, European eels that were exposed to one ip. injection (5mg/kg) of 
a PCB congener (105) showed a 40-fold increase in EROO activity four days after injection, but then 
decreased by half after 13 days (Myhre & Gok0yr 1997). While Aroelor 1254 appears to consistently 
induce EROO activity in fish, the changes in P450 content are less predictable. An increase in 
cytochrome P450 content was measured in carp (Melancon et al. 1981), and sand flathead (Brumley 
1995), but not in rainbow trout (Elcombe et al. 1979), or the shortfinned eel (this PhO study), which 
further demonstrates the species-specific responses of this biomarker to PCBs and differences in 
P450 physiology. 
Based on dose concentration, B[ alP induced hepatic EROO activity more than Aroclor 1254. Aroclor 
1254 contains a mixture of PCB congeners, some of which have a decreased ability to interact with 
the Ah receptor and elicit a functional response (Safe 1994). In vitro, Ah receptor affinity studies 
(ability to displace radiolabelled TCOO from the Ah receptor) in male Wistar rat hepatic cytosol have 
found that specific coplanar and mono-ortho coplanar PCBs had Ah receptor binding affinities 
ranging from 100 to 35% and 6 to 1.5% respectively when compared to TCOO (Safe 1994). The 
binding affinity for coplanar PCBs is slightly lower than for B[a]P in hepatoma cells derived from 
C57UJ mice (96% binding affinity) (Bigelow & Nerbert 1982). This is supported by in vivo studies 
in the European eels that were exposed (ip.) to 5mg/kg of PCB-105 congener (2,3,3'4,4'-
pentachlorobiphenyl a moderate P450 inducer). After four days, EROO activity had increased 20-
fold compared to controls. However, this was two-fold lower than the induction response elicited 
from a similar cohort of eels using the same dose concentration of B[a]P (Myhre & Goks0yr 1997). 
In contrast, European flounder dosed with either 2.5mg/kg of B[a]P or PCB-156 (2,3,3',4,4',5-
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hexach lorobiphenyl) are more responsive to PCB-156 (12-fold induction) compared to B[ a jP (7 -fold 
induction) (Sandvik et al. 1997). However, the time taken to reach the maximum EROO response 
was quicker for B[ajP (4 days) compared to PCB-156 (8 days) (Sandvik et al. 1997). Clearly, the 
magnitude of EROO response is dependent not only on the nature of the PCB(s) present, but also 
on the test species which have differing responses to these compounds (Eggens & Boon 
Unpublished). 
10.4.2.3 Combined Aroclor 1254 and E2, and E2 exposures 
A combination of Aroclor 1254 (100mg/kg) and E2 (5mg/kg) increased EROO activity 7-fold in the 
shortfinned eel compared to the control. However, this was almost 20-fold lower than the level of 
EROO induction seen in eel exposed to Aroclor 1254 alone indicating an antagonistic effect. Other 
in vivo studies have shown that hepatic EROO and CYP1 A expression in female teleosts decreases 
during sexual maturation when Circulating E2 levels are high, or when winter flounder (Gray et al. 
1991) and brook trout (Pajor et al. 1990) are injected with E2. This effect has also been reported 
in in vitro studies using hepatocycte cultures (Anderson et al. 1996a; Navas & Segner 2000) after 
exposure to E2 or other estrogenic compounds. Attempts to elucidate the mechanisms of E2 
induced decrease in EROO activity have shown that both E2 and 4-NP are capable of reducing ~NF 
induced EROO activity and CYP1 A 1 protein concentration (Lee et al. 1996), via a pre-translational 
level mechanism. However, the E2 inhibition of these parameters was greater with 4-NP. 4-
Nonylphenol also caused a dose dependent decrease in EROO activity in juvenile Atlantic salmon 
after a single ip. dose(Arukwe et al. 1997). These in vivo findings are supported by studies in murine 
hepatoma (Hepa 1 c1 c7) cells, where co-exposure to E2 and TCOO caused a significant dose 
dependent reduction in EROO and CYP1 A 1 mRNA levels, compared to TCOO alone. Further 
investigations revealed that E2 reduced the transformation of the Ah receptor to a form that was 
capable of binding to XRE (Jeong & Lee 1998) (Figure 2.5). Exposing eels to a simple combination 
of different chemical compounds (E2 and Aroclor 1254), illustrates the interplay between two major 
biochemical pathways, and the resulting effects on a biological response. 
Cytochrome P450 content was higher in the E2, Aroclor 1254 combination group, compared to E2 
dose alone. However, these two dose groups were not significantly different to the control group. 
The HSI values were also no different to the control. 
10.4.2.4 E2, 4-NP and CP exposures 
As expected, EROO activity and P450 concentration, were not significantly increased in eels 
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exposed to E2, NP and CPo There is no evidence that these compounds interact directly with the 
Ah receptor and therefore they were not expected to induce these biomarkers. However, E2 has 
been shown to lower constitutive levels of CYP1 A and EROO activity via an E2 receptor dependent 
pathway (Pajor et al. 1990; Gray et al. 1991). Examination of the EROO responses in the E2 and 
4-NP treatment groups of this PhO research, showed that there was a small dose dependent 
decrease in EROO activity in eels treated with E2. However, this change was not significant. 
Ethoxyresorufin O-dealkylase activity in rat liver, murine hepatoma cells, and rainbow trout 
hepatocytes was not affected by exposure to 4-NP (Lee et al. 1996), bisphenol-A (Jeong et al. 
2000), or 4-tert-octyphenol (Navas & Segner 2000). In comparison, a small dose dependent 
decrease in EROO activity occurred in shortfinned eels treated with 4-NP, although this change was 
not significant. While CP did not alter EROO activity, some thioester-containing OPs have been 
shown to decrease ~NF induced EROO activity (Flammarion et al. 1996). Ethoxyresorufin 0-
dealkylase activity in rainbow trout that were first exposed to ip. injections of ~NF followed by 
exposures to an OP (methidathion), in water, were significantly reduced (61 %) compared to ~NF 
exposed fish (Flammarion et al. 1996). It has been postulated that the P450 mediated metabolic 
transformation (sulfoxidation) of thioester OPs to sulfoxides and then oxidation to oxons (Levi & 
Hodgson 1992), involves binding of the oxidated compound to the P450 enzymes thus leading to 
a decrease in monooxygenase activities (Levi et al. 1988). 
10.4.3 GST Activity 
10.4.3.1 CP exposures 
Existing research has shown that GST play an important role in the detoxification of OP pesticides 
(particularly dimethyl-substituted OPs such as CP) in mammalian (reviewed in Sultatos 1992; EI-
Sharkawy et al. 1994) and invertebrate studies (Syvanen et al. 1994; Ibrahim & Ottea 1995). The 
exposure of shortfinned eels to low and high dose concentration of CP resulted in a significant 
decrease (20%) in total GST activity with the high dose. In contrast, a 40% induction of total GST 
activity in crude hepatic extracts has been reported for the gilthead seabream (Sparus aurata) 
exposed to ip. injections of the OP malathion, for 2 and 7 days (Martinezlara et al. 1996). Similarly, 
a 50% increase in GST activity was seen in hepatopancreas primary cell cultures of red swamp 
crayfish that were exposed to the OP fenitrothion (1 j.tM) (Birmelin et al. 1998). 
10.4.3.2 B[a]P, Aroclor 1254 exposures 
Multiple injections of B[a]P to shortfinned eels at the doses and exposure durations used in this 
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study were insufficient to cause changes in total GST activity, although a small dose dependent 
decrease in GST activity was seen. A single ip. injection of B[ajP (8mg/kg) also reduced the total 
GST activity in sunfish hybrids (Lepomis macrochirus x Lepromis cyanel/us) (Oikari & Jimenez 
1992). An induction of GST activity has been reported for Black Sea bass (Centropristis striata) 
exposed to ip. doses of B[ajP (0.075, 0.75, and 7.5mg/kg) and sampled two days later (Fair 1986). 
However, a closer examination of the variation between control means from that study, suggests that 
the small induction seen in one specific experiment would not be significant relative to overall 
variation in control values. Another study also showed that a single oral exposure of dab (Limanda 
limanda) to 2 or 50mg/kg B[ajP caused no significant increase in GST activity compared to control 
(van Schanke et al. 2000). These results contrast in vitro studies using rat GST isoform gene (Va 
GST isoform) constructs where a number of PAH compounds, including B[ajP, were shown to 
activate transcription of the Va gene via interaction with the antioxidant response element 
(Rushmore et al. 1993) (Figure 2.3). In support of this, a number of in vivo studies have 
demonstrated that total GST activity was induced after exposure to ~NF (Washburn et al. 1996; 
Noble et al. 1998; Comacho et al. 2000). For example, it was shown that single ip. injections (25 
t0100mg/kg) of ~NF to European eels increased total GST activity (Fenet et al. 1996). In addition, 
temporal total GST response studies have shown that activity after exposure to ~NF reaches a 
maximum between four and seven days after exposure (Noble et al. 1996; Camacho et al. 2000). 
In general, maximal changes in total GST tend to require longer exposure times compared to EROD 
responses (Jensen et al. 1991). This does have implications for this PhD research on the 
shortfinned eel in terms of whether the sampling period coincide with the maximum biomarker 
response. 
Changes were not evident in total GST activity of shortfinned eels that were exposed to Aroclor 
1254. Similar results were seen in cytosolic GST activity when juvenile English sole were injected 
with Aroclor 1254 (100mg/kg,im.) (Collier & Varanasi 1991). Coplanar PCBs and other structural 
classes of PCB have been shown to induce GST activity (Safe 1994). Furthermore, studies in in 
vitro rat parenchymal primary cultures suggest that the induction of GST activity by coplanar PCBs 
may be mediated by the n GST isoform (Aoki et al. 1992). In fish, in vivo examination of individual 
isoforms by immunoanalysis or specific substrate studies have shown that the profiles of the GST 
isoforms change on exposure to PCBs or B[ajP, with GST isoforms jJ andn being induced (Machala 
et al. 1998; Gadagbui & James 2000; Perez-L6pez et al. 2000). 
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10.4.3.3 E2, 4-NP, and combined E2 and Aroclor 1254 exposures 
Glutathione S-transferase activity of shortfinned eels exposed to E2 was not affected. However, 
other studies in immature male and female plaice have shown marked seasonal variation in GST 
activity which could be due to hormonal and/or exogenous factors (George et al. 1990). In 
mammalian studies, the role that E2 has on GST activity has been investigated with respect to 
hormone induced carcinogenesis. While total GST activity, using CDNB as a substrate, has been 
shown to remain unaffected by chronic E2 exposure (Nuwaysir et al. 1996; Pajovic et al. 1999), 
immunoanalysis of individual classes of GST has revealed subtle changes. In the epithelium of 
Syrian hamster vas deferens, a four week exposure to E2 resulted in a complete loss of a and ~ 
GST isoforms, while GST isoform TT remained unaffected (Hudson et al. 1998; Hudson et al. 1999). 
Similar to E2, exposing shortfinned eels to 4-NP doses resulted in no change to GST activity, 
although GST activity was decreased slightly compared to the control. Literature on the effects of 
4-NP on GST activity could not be found, although the mammalian in vitro experiments described 
previously suggests that compounds that are able to interact with the E2 receptor may have similar 
effects on GST isoforms as E2. 
In the absence of a significant change in total GST activity in the E2 and Aroclor 1254 treatment 
groups, the finding that the E2 combined with Aroclor 1254 also failed to elicit changes in activity was 
not surprising. 
10.4.4 Plasma Vtg concentrations 
10.4.4.1 E2 exposures 
As expected, shortfinned eels that were exposed to multiple ip. doses of E2 (5mg/kg) in ip. 
experiment 1 produced a 22-fold increase in plasma Vtg concentration compared to controls. Under 
the same dosing regime, the plasma Vtg concentration in eels that were exposed to E2 at a lower 
dose (0.05mg/kg) were not significantly greater than control. However, the E2 low dose 
concentration used in this exposure was slightly lower than those used in Atlantic halibut and 
rainbow trout (Norberg 1995; Anderson et al. 1996b). Analysis of plasma E21evels in control eels 
showed that there were very low levels of circulatory E2. This supports other findings that showed 
plasma E2 levels were low in non-migratory shortfinned eels (Lokman et al. 1998). Administration 
of multiple E2 doses at 0.05mg/kg, caused a 14-fold increase in plasma E2levels. Furthermore, the 
high E2 dose (5mg/kg) caused a 36-fold increase in circulatory E2. Compared to migrating female 
shortfinned eels, these elevated levels of E2 are still greater than the plasma E2 levels in migrating 
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female shortfinned eels (1.3ng/ml) (Lokman et al. 1998). However, the plasma Vtg concentrations 
of eels from ip. experiment 2 that were exposed to E2 (5mg/kg) were not significantly different 
(P>0.05) from the control group. Despite this lack of plasma Vtg induction, the average E2 plasma 
concentration of this treatment group was slightly higher compared to eels from ip. experiment 1 that 
were exposed to the same dose concentration of E2. Each experiment was carried out at different 
times of the year (ip. experiment 1, [early summer], ip. experiment 2 [beginning of spring]) 
suggesting that this response could reflect seasonal variation. But how this could have modulated 
the results to such an extent is not known. Alternatively, a large intraspecies variation between 
individuals could also reflect a decreased sensitivity of the cohort of eels that were used for that 
experiment as Komatsu & Hayashi (1998) reported that plasma Vtg in juvenile Japanese eels 
injected with E2 varied markedly (3% to 30% total plasma protein). However, this seems unlikely 
to be the sole cause of this observation because many of the eels from ip. experiment 2 that were 
exposed to 5mg/kg E2 produced very low levels of Vtg. The use of sexually immature eels in this 
PhD research was designed to reduced sex-related differences in biomarker response between 
immature female and males. However, a recent study on the sex-specific Vtg response to E2 
administered via the diet to immature rainbow trout found that the Vtg response was 3 to 4-fold 
greater in sexually immature female fish compared to immature males (Carlson & Williams 1999). 
If the sex distribution of males and females was different between the two ip. experiments, and 
assuming that immature male and female eels respond differently to ip. exposures, then this may 
have been responsible for the lack of a vitellogenic response in eels from the ip. experiment 2 that 
were exposed to 5mg/kg E2. 
The use of E2 as a model inducer of vitellogenesis (Chapter 2.4.1) has been reported for a range 
of fish species (Hara et al. 1993; Anderson et al. 1996b; Arukwe et al. 1999a, b; Cooke & Hinton 
1999), including the European and Japanese eels (Komatsu et al.1996; Luizi et al. 1997; Peyon et 
al. 1997; Komatsu & Hayashi 1998). Compared to other fish species, the genus Anguilla appears 
to be less responsive to E2 exposure, a finding that is also reported for this study in shortfinned eels. 
For example, studies that used salmon and trout species required only a single ip. injection (1 to 
5mg/kg) to elicit a 40 to 90-fold increase in plasma Vtg (Anderson et al. 1996; Arukwe et al. 1999a, 
b). In contrast, studies using Anguilla species, including this PhD study, have used multiple 
injections of similar dose concentrations of E2 have resulted in plasma Vtg concentrations that are 
not differentto control groups (Burzawa-Gerard & Dumas-Vidal 1991 ; Burzawa-Gerard & Delevallee-
Fortier 1992; Peyon et al. 1997). The lack of Vtg induction seen in the low E2 dose group 
(0.05mg/kg), is probably due to an insufficient level of Circulatory E2 to exceed the E2-dependent 
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Vtg induction threshold that is greater in eels compared to most other fish species. While the 
0.05mg/kg dose concentration is still high compared to physiological concentrations of E2 in teleost 
species, the decision to administer E2 as a slurry with corn oil may have decreased the absorption 
of E2 into the circulation to a level that was insufficient to evoke a response. Similarly, the 
magnitude of Vtg induction in eels treated with 5mg/kg E2, while significantly higher than control, is 
still lower compared to magnitude of Vtg induction in other fish species exposed to a similar level of 
E2 (Anderson et al. 1996; Arukwe et al. 1999a, b). To ensure complete dissolution of the E2 into 
the corn oil vehicle, and hence maximise the absorption into the circulation, E2 could have been 
dissolved in acetone followed by corn oil and then the acetone evaporated under nitrogen. 
Alternatively, the unique sexually immature state that members of Anguilla family persist in while 
living in freshwater, may be due to the down-regulation, or non-expression of other factors which 
potentiate the effects of E2. 
Analysis of reported temporal response of vitellogenesis to continuous E2 treatment revealed that 
peak Vtg concentrations in eels occurred anywhere from 10 to 33 days for in vivo studies (Burzawa-
Gerard & Dumas-Vidal 1991; Burzawa-Gerard & Delevallee 1992; Komatsu etal. 1996; Luizi.etal. 
1997), and 6 to 8 days for in vitro studies (Peyon et al. 1996; Peyon et al. 1998). In all cases, peak 
levels coincided with the last sampling period. Therefore, continued treatment may have seen these 
Vtg concentrations continue to increase to a point where Vtg will constitute the major circulatory 
protein (Kishida & Specker 1993). 
10.4.4.2 4-NP exposures 
Treatment with multiple doses of 4-NP (1 OOmg/kg) to shortfinned eels produced a small (3-fold) but 
non-significant increase in plasma Vtg. Exposure to a low dose (10mg/kg) of 4-NP was insufficient 
to produce any difference to control fish. These results support previous findings that eel Vtg 
induction is more resistant to a challenge by E2 and other compounds that act through the E2 
receptor than other fish species. For example, Atlantic salmon exposed to a single ip. injection of 
4-NP at 25 and 125mg/kg induced a 1.7 and 32-fold increases in plasma Vtg respectively (Arukwe 
et al. 1998; Arukwe et al. 1999a, b). Flounders exposed to 4-NP (10 to 200 mg/kg) 4 times/week 
for 2 weeks, showed a 10 to 80-fold increase in plasma Vtg (Bjerregaard et al. 1998). 
10.4.4.3 CP exposures 
Although CP alone is not considered to elicit increased Vtg concentrations, commercial OP sprays, 
such as Lorsbanqj\ contain a range of 'adjuvants' in their formulation that may have estrogenic 
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effects. Adjuvants, such as surfactants, are added to commercial mixtures to improve the application 
and efficacy of the active OP compound (Tominack 2000; www.helenachemical-ca.com/prod01.htm). 
However, many of the adjuvants, like 4-NP, are capable of inducing vitellogenesis ( 10.4.4.3) and 
other reproductive disorders (Jobling et al. 1996; Gray & Metcalfe 1997; Ashfield et al. 1998). Higher 
order reproductive impacts (smolt mortality) on Atlantic salmon and blueback herring (Alosa 
aestiva/is) populations as a result of historical application of a carbamate spray (MataciI1.8D) is 
hypothesised to have occurred due to the 4-NP component in the spray (Fairchild et al. 1999). 
Whether APE Os, or other Vtg inducing compounds are present in Lorsban® are proprietary to the 
manufacturing company. However, the exposure of shortfinned eels to a commercial grade of CP 
resulted in no appreciable change to plasma Vtg concentrations. This finding is not surprising given 
that eels were exposed to only very low ip. doses of Lorsban® to avoid any lethal toxic effects of CPo 
10.4.4.4 Aroclor 1254, combined E2 and Aroclor 1254, and S[a]p exposures 
Polychlorinated biphenyl compounds have been shown to be antiestrogenic to E2 induced 
vitellogenesis in vitro (Anderson et al. 1996a; Gagne et al. 1999), and in vivo (Chen et al. 1985; 
Anderson et al. 1996b; Donohoe et al. 1999). Unfortunately, the results from this experiment cannot 
be used to assess this effect in shortfinned eels. The lack of a vitellogenic response in eels exposed 
to E2 alone, make it impossible to determine whether Aroclor 1254 had an antiestrogenic effect on 
Vtg production when administered simultaneously with E2. 
The antiestrogenic properties of PAHs on E2-induced vitellogenesis have been demonstrated in vitro 
(Anderson et al. 1996b; Gagne et al. 1999; Navas & Segner 2000). Results from this PhD show that 
exposure to S[a]P in shortfinned eels does not increase plasma Vtg concentrations. However, 
doubts still remain as to the sensitivity of the cohort of eels used in this experiment to estrogenic 
effects on eel plasma Vtg concentration. Despite the inconclusive results with shortfinned eels, there 
is substantial evidence from other studies that demonstrate that the anti-estrogenicity of PAH and 
PCS compounds is an Ah receptor mediated process. Several mechanisms have been proposed 
to explain the anti-estrogenicity effects (Table 10.3). 
Table 10.3: Proposed mechanisms of activated Ah receptor mediated anti-
estrogenicity based on in vitro and in vivo mammalian and fish studies. 
Proposed mechanisms References 
I activated Ah receptor decreasing binding to the E2 receptor and/or Wang at al. 1993; Anderson at al. 
E2 receptor complex to ERE 1996b; Navas & Segner 2000 
II increasing E2 catabolism by potentiating CYP1 A 1-mediated Spink at al. 1990; Arcaro at al. 
hydroxylation 1999 
III activated Ah receptor down regulating E2 receptor by blocking White & Gasiewicz 1993 
receptor gene transcription 
IV activated Ah receptor blocking E2 responsive gene transcription Zacharewski at al. 1991 
through binding a repressor site within the promoter or inducing 
synthesis of a modulatory protein which binds the repressor site 
V metabolic activation of compounds that bind competitively to the E2 Arcaro at al. 1999 
receptor (eg PAHs) 
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Despite the evidence that links the activated Ah receptor to anti-estrogenic activity, other 
observations suggest a more complex relationship. For example, Anderson et al. (1996a) found a 
negative correlation between the degree of Ah receptor agonism and anti-estrogenic activity. 
Donohoe et al. (1999) similarly found that PCB-169 (3,31,4,41,5,51-hexachlorobiphenyl) induced 
EROD activity but not anti-estrogenic activity. Anderson et al. (1996b) also found that the 
antiestrogenic activity of PNF was dependent on the relative doses of E2 and pNF. These findings 
are significant as they suggest that the changing E2 levels in a maturing fish will modulate the anti-
estrogenicicty of Ah receptor agonists (Anderson et al. 1996b). However, a study by Navas & 
Segner (2000) could not replicate the pro-estrogenic effects of pNF. These examples provide further 
evidence for the interplay between different biochemical pathways and the modulating effects they 
have on a given biological response. 
10.4.5 AChE activity 
10.4.5.1 CP exposures 
Repeated weekly exposures to low and high doses of CP failed to inhibit brain AChE activity in the 
shortfinned eel. However, plasma AChE activity was reduced significantly (>50%) after exposure 
to the high dose of CP only. Overall, these results suggest that the doses used in this experiment, 
induced minimal changes in brain and plasma AChE activity. The most difficult issue with the CP 
exposure study was selecting an appropriate exposure dose. All available literature provides 
reference to LC values. However, because these experiments were designed for ip. exposures, the 
LC50 values were mathematically converted to an estimated oral LD50 value (Hodson et al.1984). 
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This value was then lowered by several orders of magnitude to ensure that acute toxicity would not 
occur. While reducing the derived oral LD50 value by an order of magnitude avoided occurrences 
of acute lethality, the dose concentrations of CP were closer to, and below, the lowest observed 
effect doses (LOED) for brain and plasma AChE activity. Eels are sensitive to OPs exposure. 
Exposure of European eels to three OPs (diazinon, fenitrothion, and thiobencarb) ranging from % 
to 1/60 of the 96h-LC5o value, reduced brain (40 to 70%), plasma (>90%), and muscle (>40%) AChE 
activities (Sancho et al. 1997a; Sancho et al. 1997b; Sancho et al. 1998; Fernandez-Vega et al. 
1999). Examination of the temporal responses of AChE activities in European eels after a 4 days 
of exposure to sub-lethal doses of fenitrothion in water revealed low brain, plasma, and muscle 
AChE activity (30, 50, and 30% respectively) even 8 days after the fish were transferred to clean 
water (Sancho et al. 1997a; Sancho et al. 1997b; Sancho et al. 1998). The variation in sensitivities 
of AChE of different fish species to OPs and carbamates is well documented (Zinkl et al. 1991; Gallo 
et al. 1995; Carr et al. 1997; Chuiko 2000). Based on the reported 96h LC50 values for fenitrothion 
(Sancho et al. 1998) and diazinon (Ceron et al. 1996a, b) European eels appear to be more sensitive 
to OPs compared to other fish species such as trout, carp, and bluegill (Worthing & Hance 1991). 
Exposure to test compounds B[a]P, Aroelor 1254, E2, or 4-NP did not have any effect on brain or 
plasma AChE activity of shortfinned eels. Despite these findings, other research findings raise 
questions about the long held notion that reduced AChE activity in muscle, brain and plasma is an 
indicator of OP or carbamate exposure (Payne et al. 1996; Guilhermino et al. 1998; Garcia et al. 
2000). For example, a number of in vitro and in vivo studies in fish have shown that exposure to 
metals, surfactants, and hydrocarbons inhibit brain, plasma and muscle AChE activity (Gill et al. 
1991; Labrot et al. 1996; Payne et al. 1996; Garcia et al. 2000). Although the mechanisms of AChE 
enzyme activity inhibition due to these 'non-classical' inhibiting compounds are still being elucidated, 
it again highlights the complexity and interplay between biochemical pathways that can affect a 
biomarker response. 
10.4.6 General Conclusions 
To conduct these ip. exposures a purposely built wet-laboratory had to be constructed and tested. 
Analysis of key water parameters, and eel appearance and survival during these experiments, 
suggests that the physiological well-being of the eels was not compromised during these periods. 
However, at other isolated times, periodic pulses of high levels of dissolved gasses that exceeded 
the dissipating capacity of the water retention system did result in fish deaths. To improve this 
system the construction of a water trickle tower system which will more effectively dissipate high 
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levels of dissolved gasses would be advantageous. 
Results from the ip. exposures showed that under the experimental conditions of this study the 
shortfinned eel was less sensitive to the test compounds that were used in this research (Table 
10.4), compared to other fish species, including other eel species (European, Japanese), from which 
the dose concentrations forthis experiment were derived (Chapter 1 0.1). Alternatively, ip. exposures 
are not as effective in non-trout fish species. 
However, EROO activity was again the most sensitive and consistent biomarker measured when 
eels were exposed to classical inducing chemical compounds, as well as chemicals that decrease 
EROO activity. Total P450 levels followed similar trends to EROO activity, but these were not 
statistically significant. HSI values were also unaffected by exposure to the test compounds, but this 
was most likely due to the acute nature of the exposure period. 
Table 10.4: Summary of biomarker responses following exposure to multiple ip. 
injections of selected test compounds. 
ip. Experiment 2 ip. Experiment 2 
Biomarker E2 4-NP CP B[ajP Aroclor E2 Aroclor+ E2 
Response L H L H L H L H L H H 
H 
EROD ns ns ns ns ns ns + +++ + ++ ns ++ 
P450 ns ns ns ns ns ns ns ns ns ns ns ns 
HSI ns ns ns ns ns ns ns ns ns ns ns ns 
GST ns ns ns ns ns - ns ns ns ns ns ns 
Vtg ns +++ ns ns ns ns ns ns ns ns ns ns 
AChE-plasma ns ns ns ns ns - ns ns ns ns ns ns 
AChE-brain ns ns ns ns ns ns ns ns ns ns ns ns 
Biomarker responses to the test compounds are represented by the following symbols; '+' Induction, '++' moderate 
induction, '+++' marked induction, '.' decrease, 'ns' not significantly different to the control. The test compounds are 
abbreviated as follows; E2 (estradiol), 4-NP (4·nonylphenol), B[ajP (benzo[ajpyrene, Aroclor (Aroclor 1254). Letters 
below the test compounds refer to low (L) or high (H) dose concentrations. 
Total GST activity in the shortfinned eel was largely non-responsive to the range of test compounds 
and doses used in this experiment, although GST activity did respond to CPo Marked differences 
in total GST activity responses between fish species as a result of exposure to specific chemical 
contaminants is well documented (Chapter 10.4.3). Studies in the European eel have generally 
found minor, or no changes in total GST activity after exposure to GST inducing chemicals (Lemaire-
Gony & Lemaire 1992; Fenet et al. 1996). Total GST activity measurements suffer similar 
inadequacies as measuring total P450 content (Chapter 5.4). A number of studies that have 
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investigated the changes in individual GST isoform and total GST activity, concluded that measuring 
the total GST activity with CONS may mask the more subtle but more specific, and toxicologically 
relevant, responses of individual GST isoforms (Gallagher et al. 1996; Washburn et al. 1996; 
Camacho et al. 2000). Therefore, it may be more prudent to measure individual GST isoforms. 
The induction of shortfinned eel Vtg as a biomarker of E2 exposure responded well to high levels 
of E2 in eels used for ip. experiment 1, indicating that sexually immature eels are responsive to 
challenge with E2. However, the marked reduction in response in eels used in ip. experiment 2 
suggests that other cues such as seasonal changes, and or, sexually immature dimorphism may 
modulate the vitellogenic response in shortfinned eels to estrogen and estrogenic chemicals. 
The inhibition of eel plasma and brain AChE activity to the CP doses employed in this experiment 
were marginal. In retrospect, the decision to set a conservative ip. dose, in light of the sensitivity of 
European eels to OPs (Sancho et al. 1998; Ceron et al. 1996a), contributed to the minimal changes 
to plasma and brain AChE activity that were measured in these experiments. Although there are 
reports that brain, plasma and muscle AChE activity can also respond to chemical contaminants 
other than OPs and carbamates, there is no evidence that shortfinned eel AChE activity is affected 
by the chemicals used in this research. 
An attempt to study the interaction between two different chemical compounds highlighted a number 
of issues that were pertinent to ex situ or in situ exposures to complex chemical mixtures. In contrast 
to the considerable knowledge about biomarker responses pertaining to single compound 
exposures, the interactions between major biochemical and physiological pathways after exposure 
to complex chemical mixtures is still in its infancy. Exposing shortfinned eels to a combination of 
only two different chemicals revealed that one compound can have a modulating effect on specific 
biomarker responses and vice versa. This adds another dimension to the interpretation of biomarker 
responses in complex chemical mixtures (commercial formulations like pesticide sprays, run-off or 
industrial or municipal effluents), and highlights the value and necessity of complimentary chemical 
residue data which can aid in the interpretation of biological responses. 
The implications of using wild eels in this research must be also be considered when interpreting 
these results. Firstly, the decision to use sexually immature eels of both sexes was prompted by 
difficulties in determining sex based on external morphological features. Therefore, it was assumed 
that sexual differences in biomarker responses would be occluded. Secondly, the age of eels was 
not determined. Although only eels of a similar size were selected, the low growth rate in eels can 
161 
mean that small difference in size can relate to significant differences in eel age. Thirdly, there was 
no knowledge of previous exposure history. However, in the absence of a commercial eel farming 
operation, this source of eels represented the most logical choice. 
To conclude that the shortfinned eel is non-responsive to the test compounds employed and is 
therefore not suitable for inclusion in field studies is premature. Attempting to integrate a range of 
different biomarker measurements into a sampling regime that utilised one sampling point and a 
common pool of control animals, may have been unfeasible. Each biomarker has a unique 
mechanisms of action and therefore a unique window of time at which the response is maximal. 
Similarly, each test compound has a unique absorption, and pharmacokinetics, and this varies 
between species. The final sampling time was chosen primarily on information available in the 
literature, and may have compromised the maximum biomarker responses for a number of 
combinations of biomarkers and test compounds. In addition, these series of ip. experiments, while 
using pharmacological dose of compounds, cannot replicate the complex chemical mixtures and 
therefore the potential additive, antagonistic, or synergistic effects that they may have on biomarker 
responses under field conditions. 
Chapter 11 
IN SITU CAGE EXPOSURE AT 
CONTAMINATED SITES 
11.1 Introduction 
Chemical contamination of the aquatic environment due to deliberate discharges, run-off from 
terrestrially contaminated sites, orthe partitioning of atmospheric contaminants in stormwater events, 
makes the aquatic ecosystem a receiving body of extremely complex chemical mixtures. Although 
regular chemical inputs into the aquatic environment may occur at point-source discharges, like 
sewage treatment plant outfalls, a majority of chemical inputs are likely to be modulated by rainfall 
both directly, (run-off, partitioning of atmospheric pollution into rain) and indirectly (resuspension of 
contaminated sediment by stormwater events). Therefore, to assess the exposure, or risk potential 
of a contaminated waterway to wildlife or human populations, a model that can integrate chemical 
exposures over a temporal scale is more preferable than techniques which sample at a specific point 
in time and space. 
Fish have been used for many years as an experiment model in laboratory-based mechanistic 
studies to determine the biological effects of a wide range of chemicals (Chapter 2.6.2). Fish 
physiology and the analysis of chemical residues in environmental matrices, and wild or caged fish, 
formed the basis of early environmental research. The emergence of biological effects based testing 
was followed by an explosion of fish research to complement the more traditional chemical residue 
analyses, and population effect studies. 
To investigate the in vivo effects of complex chemical mixture exposures on fish, several 
experimental approaches (ex situ laboratory exposures, in situ caging, sampling of wild populations) 
have been used by researchers (Chapter 2.2.4). For the purposes of this PhD, a caging system was 
developed, tested, and then employed in situ. While each experimental approach has its own merits, 
the in situ caging strategy was deemed the most appropriate method of fulfilling the requirements 
of this PhD research. To perform water bourne ex situ exposures using a flow through system 
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requires either the development of an elaborate recirculating water system, or a detailed resource 
consent to discharge contaminated waste into the municipal waste water system. Therefore, for 
financial, technical and ethical reasons an in situ caging approach was chosen over a water bourne 
exposure regime. Caging was also preferred over sampling wild fish because of the inherent 
difficulties associated with sampling wild fish such as, fulfilling sample number requirements, fish 
mobility, and difficulties relating the magnitude of chemical exposure. In addition, the effects of 
chronic exposure of fish to organic pollutants showed that responsive biomarker responses can be 
down-regulated (Celander & Forlin 1995; Jeong et al. 2000), and even selected against during 
natural selection processes (Celander et al. 1996; Prince & Cooper 1995; Bello et al. 2001). 
In this caging experiment, three field locations in the Canterbury region were selected to deploy 
caged eels. Sites were selected primarily on the basis that caged eels are likely to be exposed to 
point source or non-point source chemical contaminants. Extensive consultation was held with 
Environment Canterbury (Regional CounCil), the Christchurch City and Waimakariri District Councils, 
Tangata Whenua, and Commercial and Iwi Maori Fishing Authorities to assist in the site selection. 
Other criteria that were used to determine suitable locations were that the locations: 
• Have an 'impacted' downstream and 'reference' upstream site, that will facilitate the 
interpretation and subsequent statistical analysis of the results. 
• Are adequately isolated from the general public (sites located on private property), but 
provide reasonable access for deploying, regular checking, and retrieving cages. 
• Have a constant flow of water, and provide sufficient shade against the sun. 
• Have appropriate hydrological and chemical residue records. 
The unique geographic character of the Canterbury region bestows to the area a wealth of spring-fed 
waterways. This provided a number of possible field sites that satisfied the above selection criteria. 
Together with the assistance of the above organisations and private landowners, field sites on the 
Heathcote River (characteristic urban run-off), the Halswell River (characteristic of agricultural run-
off), and South brook Creek (urban and treated sewage discharges) were selected. 
11.1.1 Field sites: The Halswell River 
The Halswell River catchment includes areas immediately West of Christchurch City and extends 
South to Lake Ellesmere (Gilson 1996; Gilson & Mitchell 1999). The river has a total catchment area 
of 180km2, 65% of which is generally flat arable land. The remaining 35% is moderately steep hill 
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country. A significant proportion of the Halswell river flow is attributed to a number of spring-fed 
tributaries. While non-point source contamination inputs from agriculture are expected along most 
of the length of this river, Knights Stream, which flows into the Halswell in the upper reaches, 
receives discharges from a waste water retention basin that serves an industrial area (Gilson 1996; 
Gilson & Mitchell 1999). An MfE commissioned New Zealand-wide survey of environmentally 
persistent organochlorine compounds, stated that tissue levels of polychlorinated p-dibenzo dioxins 
(PCDDs) and polychlorinated p-dibenzo furans (PCDFs), and p,p'-dichlorodiphenyltrichloroethane 
(DDT), p,p'-dichlorodiphenyldichloroethane (TOE), and DOE in eels trapped in the lower reaches of 
the Halswell River (McCartys Bridge) were the highest recorded for any fish sampled in the study 
(MfE 1998b). Therefore the impacted site was located in the lower reaches of the Halswell river at 
a site 3kms upstream of McCartys Bridge (Figure 11.1). A reference site was selected approximately 
0.5 to 1 km from the spring source of Dawsons Creek (Figure 11.1). Dawsons Creek flows into the 
Halswell River approximately 500m downstream of the cage location. 
11.1.2 Field sites: The Heathcote River 
The Heathcote River and its tributaries are primarily spring-fed and generally slow moving and 
meandering, and have a total catchment of 103.4km2. A substantial portion of this catchment is 
rural, of which one-third is hill-catchment (Gilson 1996; Gilson & Mitchell 1999). A reference site was 
selected approximately 500m from the spring source of an unnamed creek that flows into the 
Cashmere stream, a major tributary of the Heathcote River (Figure 11.1). The impacted site was 
located in an urban area immediately downstream of the convergence of Cashmere Stream and 
Heathcote River (Figure 11.1). Upstream of this convergence, two drains (Hay tons Drain and 
Curtletts road Drain) that collect run-off from industrialised areas, discharge directly into the 
Heathcote River (Gilson 1996; Gilson & Mitchell 1999). Therefore, the potential sources of chemical 
contamination at the impacted site are non-point source run-off from roads and urban dwellings, and 
point-source discharges into the Heathcote River from the Haytons and Curtletts road Drains. 
11.1.3 Field Sites: South brook Stream 
The South brook Stream runs through Rangiora, a township of approximately 9000 people situated 
30km North of Christchurch. The spring fed headwaters of the Southbrook Stream are located 
amongst primary agricultural land. The reference site was deployed 1 km downstream from the 
spring source and on the South-West corner of the Rangiora township. From this point the 
South brook Stream flows through a mixture of residential and industrial estates and finally past the 
165 
South brook Sewage Treatment Facilities, that serves the Rangiora district and discharges tertiary 
treated effluent into the South brook Stream. The impacted site was located approximately 20m 
downstream of the discharge point. 
Figure 11.1: A map of the South-East region of Christchurch indicating the exact 
caging locations. Cages were deployed at a reference (* , Map 36, 73.1 East, 33.3 
North) and an impacted site (+ ,Map 36, 72.2 East, 27.2 North) in the Halswell 
River, and at a reference (* , Map 36, 74.4 East, 35.8 North) and an impacted site 
(+ ,Map 36, 79.1 East, 37.1 North) in the Heathcote River 
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11.2 Methods 
11.2.1 Preliminary caging trials 
After consultation with Maori and commercial fishermen, two cage designs were developed and pilot 
trials were carried out to assess eel survival over a 3 week period. Both cage prototypes were 
constructed of steel mesh. With a view towards ease of transportability, one cage was collapsible, 
while the other was a fixed tapered design that permitted cages to be stacked within each other. 
The latter design had a larger mesh size which was fitted with a nylon mesh fyke net insert. All 
cages contained short lengths of PVC pipe to provide for shelter for the fish. Trials were conducted 
at I rwe II , South Canterbury, in a spring-fed creek. After 3 weeks, eel survival and general 
appearance were noted. 
Following the selection of an appropriate cage design, a further trial was conducted at Curtletts Road 
Drain, upper North West reaches of the Heathcote river in order to test the cage under normal 
deployment conditions at a contaminated site. Eel survival and general morphological appearance 
(skin lesions, colour, cases of fin rot, bacterial/fungal infections) were assessed after 3 weeks. 
11.2.2 Experimental design 
Eels were collected from Lake Ellesmere and transported to the wet laboratory (details of capture, 
transport, and husbandry are in Chapter 3.1.3) where they were randomly allocated to one of six 
tanks corresponding to each study site. Fish were acclimatised in the wet-laboratory for a period of 
three weeks before being deployed at the study sites (10 fish per cage). To facilitate sampling 
logistics, eels were deployed at the field location in a staggered fashion. The Halswell sites were 
deployed first, followed by Heathcote four days later, and finally the Southbrook site (two days after 
the Heathcote). To synchronise the cage deployment, and minimise the time that the eels spent in 
transit, the impacted and reference site cages were deployed simultaneously by one of two teams. 
Cages were left at each site for a period of three weeks. Two teams were used to retrieve the cages 
and transport the eels back to the laboratory for tissue sampling (a maximum transit time of 40 
minutes). 
11.2.3 Weather and water parameter measurements 
Daily rainfall and air temperatures at the Christchurch International Airport, were collected from the 
Christchurch Press Online Weather Service (www.stuff.co.nz/inl/index/0.1008.Oa1894a8.FF.html) 
and used to compile an overview of the weather conditions during the exposure period. Water 
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parameter measurements (water temperature, dissolved oxygen, pH, ammonium, ammonia, and 
conductivity, using multi-parameter environmental monitoring data sonde, YSllnc. Ohio) were taken 
at four points over a 6h period (between 8:00am and 4:30pm) from each site to look at the 
fluctuations in these selected parameters during the day. At each time point, measurements were 
recorded every 15 seconds for 5 minutes. All values were then averaged to provide a mean value 
for that time point and the maximum, minimum, and mean daily values for each site were tabulated. 
A total of two daily site measurements were taken one day after cage deployment and one day 
before cage retrieval. Measurements were captured electronically by the data sonde and transferred 
to Windows compatible software (EcoWatch, YSllnc., Ohio) for tabulation and graphing. 
11.2.4 Biomarker analyses 
11.2.4.1 Liver microsomal EROO activity and P450 content 
Liver microsomal EROO activity (Chapter 3.3.1 for microsome preparation and storage) was 
measured using a fluorometric technique adapted from Kennedy & Jones (1994) and optimised for 
use in eels (Chapter 9.1.2.1). Total P450 content was measured according to the 
spectrophotometric method of Matsubara et al. (1976) and standardised against microsomal protein 
concentration (Bradford 1976). 
11.2.4.2 Liver GST activity 
Hepatic S-9 fraction GST activity was measured spectrophotometrically according to the method of 
Habig et al. (1974) that was optimised for eels (Chapter 9.2). Activity was standardised against S-9 
protein concentration (Bradford 1976). 
11.2.4.3 Plasma and brain AChE activity 
Plasma and brain AChE activity were determined using the spectrophotometric method of Ellman 
et al. (1961) as modified by Ceron et al. (1996) and optimised for the shortfinned eel (Chapter 9.3). 
Activity was standardised against plasma protein and homogenate protein concentration (Bradford 
1976). 
11.2.4.4 Plasma Vtg concentration 
Plasma Vtg concentration was measured by indirect ELISA (Chapter 3.5). 
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11.2.5 Carcass and sediment PAH, and ac residue analysis 
Muscle tissue samples from eel carcasses from the Halswell and Heathcote sites were submitted 
to LincLab (Lincoln) for PAH and OC analyses (see Appendix IV for details of sample collection and 
analysis). Unfortunately, carcases and sediment residue data were not available for inclusion in this 
thesis. However, results will be published in peer reviewed journal. 
11.2.6 Statistical analysis 
Data (EROD, P450 content, Vtg, ChE, GST, and HSI) were assessed for normality and homogeneity 
of variance. A two-tailed t-Test was used to distinguish differences between the reference and 
impacted site means at each study location. Unfortunately, the cage deployed at the Southbrook 
reference site was vandalised one day prior to its retrieval. Differences in the sampling day and the 
physical, chemical and biological characteristics at each of the three sites made it statistically 
unacceptable to pool the reference sites and analyse data from the South brook impacted site. 
However, data means from the impacted site are included in the graphs for qualitative purposes only. 
11.3 Results 
11.3.1 Preliminary caging trials 
No mortality was measured in any of the caging trials over the three week deployment period. 
However, there was a high escape rate of eels (60%) from the collapsable cage. In addition, many 
of the eels in the collapsable cage developed skin lesions. In contrast, no eels escaped from the 
fixed cages containing a fyke net insert, and there was no evidence of skin lesions. In addition, the 
gross morphological observations of eels housed in these fixed cages showed improved eel 
condition compared to the start of the deployment period. Gut analysis of eels at the reference site 
revealed that they were feeding on aquatic invertebrate fauna. In contrast, there was no evidence 
of food in the gastrointestinal tract of eels caged at the impacted site. 
11.3.2 Weather and water parameters 
Prior to, and during, the deployment of cages in the field, the Canterbury region experienced three 
periods where rainfall on one or two days exceeded 4mm/day (Figure 11.2). On February 171h 2000, 
while all cages were still deployed, a large rainfall event occurred where 13mm of rain fell during a 
24h period. Ambient air temperatures fluctuated considerably over the deployment period. 
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Maximum air temperature varied between 30 ° and 13 DC, and the minimum air temperature varied 
between 15 0 and 5°C. 
The daily water measurements taken at each field site showed that there were differences between 
the reference and impacted sites (Tables VIII.I, VIILlI, VIII,III). In general, the water temperature, 
pH, conductivity, and ammonium nitrogen levels were higher at the impacted sites compared to the 
reference sites. Dissolved oxygen and ammonia were similar. There was little difference in the 
selected parameters between the three locations, although the ammonium nitrogen levels at the 
impacted Southbrook site were approximately 30-fold higher than any other site. 
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Figure 11.2: Daily rainfall and air temperatures measured during the field 
experiment. Recordings were taken at the Christchurch International Airport and 
published in the Christchurch Press. Rainfall (mm) is represented by the vertical 
bars (I). Maximum (-) and minimum C .... ) air temperatures (DC) are also shown. 
The horizontal bars at the top of the graph correspond to respective eel exposure 
period (days) at each study site. 
11.3.3 Field site exposures 
11.3.3.1 EROD activity 
Two-sided t-tests showed that hepatic microsomal EROD activity in shortfinned eels caged at the 
Heathcote impacted site was significantly higher than the mean EROD activity in eels from the 
reference site (P<0.001) (Figure 11.3). There was no significant difference (P=0.582) in EROD 
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activity between the two Halswell sites. The EROD activity was slightly higher in eels caged at the 
Southbrook impacted site, compared to other reference sites. However, the lack of a corresponding 
reference site meant that this data cannot be used for statistical analysis. 
11.3.3.2 P450 content 
There was no significant difference, or data trend in the total P450 content between the reference 
and impacted site at either the Heathcote (P=O.772) or Halsweillocations (P=O.957) (Figure 11.3). 
The mean P450 content in eels caged at the Southbrook impacted site was also similar to the values 
at other sites. 
11.3.3.3 HSI 
No significant difference was seen in the HSI values between eels caged at the reference and 
impacted site at either the Heathcote (P=O.372) or Halswell (P=O.290) locations (Figure 11.3). The 
P450 content in eels caged at the Southbrook impacted site was also very similar to the values at 
other sites. 
11.3.3.4 GST 
There was a trend of the hepatic GST activities being lower at the impacted sites compared to the 
reference sites. However, results of two-sided t-tests showed that there was no significant difference 
in mean hepatic GST activities between the reference and impacted sites at either the Heathcote 
(P=0.412) or Halswell (P=O.852) locations (Figure 11.4). 
11.3.3.5 Vtg Concentration 
The mean plasma concentration of Vtg measured at all sites was below the calculated limit of 
detection. In the absence of any induction the results were not analysed (Figure 11.5). 
11.3.3.6 AChE activity 
T-test analysis of plasma and brain AChE activity between the impacted and reference sites 
revealed that there was no significant differences at either the Halswell or Heathcote sites (Plasma 
AChE activity P=O.747 and P=O.052 for Halswell and the Heathcote respectively) (Brain AChE 
activity P=O.361 and P=O.338 for the Halswell and Heathcote respectively) (Figure 11.5). A closer 
examination of the means from each site showed that brain AChE activity was in general lower at 
the impacted sites compared to the reference sites. Similarly, the AChE activity at the Heathcote 
impacted site was lower than the corresponding control, although this was not significant. 
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Figure 11.3: Hepatic microsomal EROO activity (top), P450 content (middle), and 
HSI (bottom) in sexually immature eels following a three week exposure at either 
a reference (Prist) or impacted (Imp) site from one of three locations, Halswell 
(Hlswl), Heathcote (Hthcte), or South brook (Sthbrk). Treatment group values 
(mean +SO) are shown. Sample size is n=10, except for Hswl Prist and Sthbrk 
Imp where n=9. * denotes a significant difference to the corresponding reference 
site (P<0.001). 
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Figure 11.4: Hepatic S-9 GST activity in sexually immature eels following a three 
week exposure at either a reference (Prist) or impacted (Imp) site from one of 
three locations, Halswell (Hlswl), Heathcote (Hthcte), and Southbrook (Sthbrk). 
Treatment group values (mean +SO) are shown. Sample size is n=1 0, except for 
Hswl Prist and Sthbrk Imp where n=9. 
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Figure 11.5: The concentration of Vtg in diluted plasma from sexually immature 
eels following a three week exposure at either a reference (Prist) or impacted (Imp) 
site from one of three locations, Halswell (Hlswl), Heathcote (Hthcte), and 
Southbrook (Sthbrk). Treatment group values (mean +SO) are shown. Sample 
size is n=10, except for Hswl Prist where n=9, and Htcte Prist, Hthcte Imp, and 
Sthbrk Imp where n=8. SOL denotes that the Vtg concentration is below the 
calculated detection limit. LCO denotes the limit of detection for this assay. 
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Figure 11.6: Specific AChE activity in the brain (top) and plasma (bottom) from 
sexually immature eels following a three week exposure at either a reference 
(Prist) or impacted (Imp) site from one of three locations, Halswell (Hlswl), 
Heathcote (Hthcte), and Southbrook (Sthbrk). Treatment group values (mean 
+SD) are shown. Sample size is n=1 0, except for Hswl Prist where n=9, and Htcte 
Prist, Hthcte Imp, and Sthbrk Imp where n=B. 
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11.4 Conclusions 
11.4.0.1 Preliminary caging trial 
Other research using caged shortfinned eels at study sites in New Zealand rivers have shown a 
mean survival rate of 71 % , although a 100% mortality was measured at one site (Jones et al. 1995). 
Mortality in eels at the reference sites in that experiment, suggests that the cage design may have 
affected the eel survival rates. It was this finding that prompted the decision to design new cages 
for this PhD research. After the initial trials, the stainless steel cage containing a fyke net insert was 
chosen over the collapsible steel cage primarily because of the high escape rate in the collapsable 
cages. In addition, many of the remaining eels developed skin lesions as a result of contact with 
sharp metal edges on the body of the collapsible cage. The small mesh size of the fyke net insert 
not only permitted good water flow and the movement of stream fauna into the cage, but also 
prevented eels escaping, while keeping them away from metal edges. The stainless steel mesh 
frame provided good support and a deterrent against vandalism. Examination of gut contents 
revealed that all eels from the reference site were feeding. Gut contents were observed in a few eels 
caged at the impacted site. The reduced frequency of seeing gut content may have been due to the 
limited stream fauna that was available at the impacted site. 
11.4.1 Field exposures 
11.4.1.1 Water parameter status at field sites and local weather patterns 
Analysis of the daily site parameters, revealed generalised differences between the reference and 
impacted sites, however, these differences were small and unlikely to cause undue physiological 
stress to the animals (Svobodova et al. 1993). Ammonia, which is extremely toxic to fish, was not 
detected at any site. However, high levels of ammonium were measured at the South brook site that 
was immediately downstream of the sewage discharge. Given the likely constituents in this 
discharge, this finding was expected. Coinciding with the field exposures was a period of 
unseasonable and unsettled weather. This was reflected in the fluctuating maximum and minimum 
air temperatures that were recorded during this period, and most notably, the occurrence of three 
rainfall events during the exposure period. The last period of rainfall (up to 13mm in 24h) may have 
resulted in considerable non-point discharges (run-Off) into waterways, and resuspension of river 
sediments due to rising water levels and current flow. 
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11.4.1.2 EROO activity, P450 content, and HSI 
Reflecting the trend seen in the ip. experiment, hepatic microsomal EROO activity was the most 
responsive biomarker measured in the field studies. At the Heathcote impacted site, EROO activity 
was 10-fold higher compared to the corresponding reference site and both Halswell sites, implying 
that eels at the impacted Heathcote site were exposed to EROO inducing compounds. Similarly, the 
mean EROO activity at the South brook impacted site was higher (2-fold) than the reference sites 
(Halswell and Heathcote) suggesting that eels at this site may have also been exposed to EROO 
inducing compounds. The findings in this research corroborate well with other studies in the 
shortfinned eel (Jones et al. 1995) and the European eel (caged or sampled from the wild 
population) where EROO activity was found to respond well to in situ exposures (2 to 25-fold 
compared to reference sites) at sites contaminated with industrial, agricultural, and urban complex 
effluents (van der Oost et al. 1991; Fenet et al. 1996; van der Oost et al. 1996a; Agradi et al. 2000; 
Livingstone et al. 2000). 
High tissue residue levels of organic compounds such as PCBs, have been reported in eels 
inhabiting contaminated areas (Brusle 1991; Karl & Lehmann 1993; Tulonen & Vuorinen 1996; 
Weatherley et al. 1997; Hendriks et al. 1998; Harrad & Smith 1999;). Mechanistic studies in 
European eel elvers demonstrated that the majority of the uptake of PCBs came directly from the 
water column and not the sediment (Larsson 1984). This suggests that a transfer of PCBs from the 
sediment to the water occurred via desorption (van der Oost et al. 1996b) (Chapter 7) or bioturbation 
and mechanical turbation of the sediment (Larsson 1984). The biomagnification of PCBs in eels 
(van der Oost et al. 1988; van der Oost et al. 1996b) and spot (Leiostomus xanthurus) (OiPinto & 
Coull 1997) via food chain transfer has also been shown to be a major factor in PCB uptake. 
Significant differences in P450 content or HSI between eels caged at the impacted and reference 
sites were not evident at either the Halswell or Heathcote locations. The mean P450 content and 
HSI in eels caged at the South brook impacted site were also similar to the mean values from the 
other sites. In contrast, changes in P450 content and HSI have been reported in eels that have been 
sampled from wild populations (van der Oost et al. 1991; van der Oost et al. 1997; Roche et al. 
2000), further highlighting the sensitivity and need for biomarkers of chronic exposure. 
11.4.1.3 GST activity 
As shown in the ip. studies of this research, as well as other studies (Fenet et al. 1996; van der Oost 
et al. 1996a; Machala et al. 2000), total GST activity is less responsive than EROO activity to 
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exposure to certain chemicals. No significant differences in GST activity were found between 
reference and impacted sites in this PhD caging study. However, the mean GST activity at the 
Heathcote impacted site was lower than the reference site. The mean GST activity in eels caged 
at the South brook impacted site was similar to the Heathcote impacted site. In the European eel, 
no difference in GST activity was detected in a caging study at contaminated and reference sites 
(Fenet et al. 1996). These results are in line with results seen in ip. studies with model Ah receptor 
compounds where no changes in GST activity were seen (Lemaire-Gony & Lemaire 1992; Fenet et 
al. 1996). In contrast, elevated GST activity has been observed in European eels (van der Oost et 
al. 1996a) and roach (Rutilus rutilus) and chub (Leuciscuscephalus) (Lenartova et al. 1997; Machala 
et al. 2000) sampled at spatially different points along a river system. 
The differential expression of GST isoforms determines the sensitivity towards a variety of toxic 
compounds (Porte et al. 2000). Specific isoforms contribute resistence to carcinogens, anti-tumour 
drugs, environmental pollutants and products of oxidative stress. The liver induction of a ,u-class 
of GST, which is very active with several mutagens, in fish sampled at a contaminated site suggests 
that the fish could be exposed to potentially detrimental environmental compounds (Lenartova et al. 
1997). This finding supports laboratory ip. exposure studies of induction of individual GST isoforms 
after exposure to PCBs and B[a]P (Machala et al. 1998; Gadagbui & James 2000; Perez-L6pez et 
al.2000). This also highlights the special link between biotransformation pathways I and II and 
possible toxicity. If fish are chronically exposed to low levels, or acutely exposed to high levels, of 
complex mixtures containing organic compounds (PAHs, PCBs, HCHs) and the capacity of the 
phase II enzymes (like GST) is insufficient to conjugate the toxic metabolites formed by the induced 
phase I biotransformation reactions, toxic effects may occur (van der Oost et al. 1996a). This 
highlights the need to further characterise the response of specific GST isoforms in order to increase 
sensitivity and physiological relevance of GST measurements in fish exposed to environmental 
chemicals (Chapter 10.4.6). 
11.4.1.4 Plasma Vtg 
Plasma Vtg concentrations seen in this PhD research were below the calculated limit of detection 
at all sites, and reflect other studies in the European eel that reported minimal or no induction of 
plasma Vtg in eels that were caged at, or sampled from a wild population inhabiting contaminated 
sites (pers com. Lars Myhre 1999; Livingstone et al. 2000). These results imply that there is 
insufficient in situ levels of endocrine disrupting chemicals to elicit a vitellogenic response in eels. 
It also suggests that sexually immature eels are less responsive to estrogenic compounds compared 
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to other fish species. A marked variation in the response of sexually immature shortfinned eels 
exposed to ip. injections of pharmacological doses of E2 (Chapter 10) suggests that this eel species 
has a variable sensitivity to compounds that interact via the E2 receptor. A large number of studies 
in a range of different fish species have reported induction of Vtg concentrations after in situ or ex 
situ exposure sewage, industrial and urban complex effluents (Sumpter & Jobling 1995; Harries et 
al. 1996; Harries et al. 1997; Lye et al. 1997; Larsson et al. 1999; Orlando et al. 1999; Folmar et al. 
2000). In contrast to many overseas reports, deployment of shortfinned eels at a site immediately 
downstream of a sewage discharge did not induce Vtg production even though it is well known that 
sewage discharge is likely to contain APEOs, (Stephanou & Giger 1982) and natural and synthetic 
estrogens (Larsson et al. 1999; Folmar et al. 2000). The suspended state of sexual immaturity that 
eels occupy for most of their freshwater cycle could be a major factor underlying the lower inducibility 
of Vitellogenesis compared to other fish species. A number of in vitro experiments have shown that 
E2-induced vitellogenesis in European and Japanese primary hepatocyte cultures is potentiated by 
growth hormone (GH), that alone has no effect on Vtg induction (Kwon & Mugiya 1994; Peyon et 
al. 1996; Peyon et al. 1998). The potentiating affect of GH was also observed in vivo when 
European eels were injected with carp or salmon GH (Burzawa-Gerard & Delevallee-Fortier 1992). 
Growth hormone is thought to potentiate the effects of pituitary gonadotropin (GTH) on 
steroidogenesis as well as E2 on vitellogenesis (Burzawa-Gerard & Delevallee-Fortier 1992). 
Assuming that GH will also potentiate the effects of any compound that acts via the E2 receptor, 
then GH injections to eels prior to deployment in field could potentiate the effects of estrogenic 
compounds present in the aquatic environment. 
11.4.1.5 AChE activity 
The brain and plasma AChE activities of eels caged at the impacted sites was not significantly 
different (P>0.05) to that observed in the eels at the reference sites. However, the mean brain and 
plasma ACh E activity at the Heathcote impacted site were lower (12 and 25% respectively) than the 
corresponding reference site values. Field studies, in the European eel and other fish species, at 
sites where OP or carbamate sprays have been used report much higher levels of AChE inhibition, 
particularly in instances where fish deaths have been reported (Galgani et al. 1996; Balint et al. 
1997; Giddings et al. 1997). In a review of AChE inhibition as an indicator of OP insecticide 
exposure, Fulton & Key (2001) suggested that inhibition of brain AChE inhibition by 20 to 70% could 
be diagnostic of OP insecticide exposure. They also reported that on average, mortality in fish was 
associated with a brain AChE inhibition of 70 to 80% or higher (Fulton & Key 2001). Sub-lethal 
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effects on fish swimming behaviour in sheepshead minnows showed that swimming behaviour was 
effected, but only at a concentration of OP pesticide that also inhibited brain AChE activity by more 
than 80% (Cripe et al. 1984). However, much lower levels of malathion induced brain AChE 
inhibition in brook trout, rainbow trout, and coho salmon which corresponded with decreases in 
speed and stamina, and an increase in turn frequency (Post & Leasure 1974; Beauvias et al. 2000). 
These observations are supported by the finding that the neurotoxic effect of carbofuran was 
localized to the brain regions that regulate motor activity and behaviour in fish (Gopal & Ram 1995). 
Research findings that showed inhibition of plasma, brain, and muscle AChE activities by chemicals 
other than OPs and carbamates (Chapter 10.4.5.1) are pertinent to the interpretation of results 
observed at the Heathcote impacted site. The heavy use of OP and carbamates was unlikely to 
occur in the predominately urban catchment. However, the presence of other contaminants such 
as metals and organic compounds, which are known to inhibit AChE activity, could have caused the 
observed trends in eel AChE activity. 
11.4.2 Overall conclusions 
The ability to successfully cage shortfinned eels in situ was clearly demonstrated in these studies. 
Although the inherent differences in the physical, chemical, and biological characteristics between 
the caging sites make it difficult to derive definitive statements about the degree of chemical impact. 
It is clear that the Heathcote impacted site caused the greatest changes in biomarker responses. 
Hepatic microsomal EROD activity again proved to be the most reliable and responsive biomarker 
in field studies. In light of the EROD responses in this fish species the measurement of PAH and 
OC metabolites in the bile collected during sampling will be useful. Mean liver GST and brain and 
plasma AChE activities, while not significantly different between the reference and impacted sites, 
showed some useful trends. In contrast, induction of plasma Vtg was not observed. Together, these 
results suggest that shortfinned eels caged at the site receiving urban and industrial run-off, were 
probably exposed to chemical compounds capable of antagonising and eliCiting the Ah receptor 
mediated response. 
The lower brain and plasma AChE biomarker responses, particularly at the impacted Heathcote 
location, suggest that biomarker effects may be effected by compounds other than OPs or 
carbamates. If true, then this supports other studies that have questioned the use of AChE activity 
as a 'chemical-specific biomarker' response, and highlights the complex interplay that can occur 
between biochemical pathways on exposure to complex chemical mixtures. Furthermore, the 
integrative capacity of in vivo test systems, while often viewed as advantageous, can also make 
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interpretation of biomarker responses to in situ exposures difficult due to the possible additive, 
synergistic, or antagonistic effects of complex chemical mixtures. However, when used in 
association with in vitrotechniques, the environmental realism of in vivo exposures can be combined 
with the mechanistic focus of in vitro technologies to provide a powerful ecological risk assessment 
approach. 
The influence of weather patterns, particularly rainfall, has a dramatic effect on the magnitude and 
type of chemicals that aquatic system organisms are exposed to. During this caging experiment, 
periods of marked rainfall may have caused significant terrestrial run-off and resuspension of the 
river sediments that would have not only introduced novel chemicals into the river, but also increased 
the level of sediment bound contamination into the water column (Bonnet et al. 2000). However, 
after surface contamination has been washed into the aquatic environment further rainfall would 
begin to decrease chemical concentrations in the water column. This has implications for in situ 
monitoring, especially at locations where non-point source run-off, or historical contamination are 
issues of concern. Coordinating animal sampling with major rainfall events, and the optimal 
biomarker response period (Chapter 10.4.6), may provide a more realistic assessment of a worst 
case scenario of chemical impacts on aquatic ecosystems. 
Chapter 12 
SHORTFINNED EELS AS A BIOMARKER 
RESEARCH MODEL - CONCLUSIONS 
12.1 Conclusions 
The establishment of a wet laboratory and a field caging system designed specifically for carrying 
out laboratory and field studies, and the implementation of appropriate animal husbandry contributed 
to the success of the shortfinned eel ip. and field exposure experiments. Another contributing factor 
was the innate ability of eels to tolerate a wide range of environmental conditions and experimental 
manipulation that have been stressful and sometimes fatal to other fish species (Fenet et al. 1996; 
Knights 1997). There were sporadic incidents of mortality in eels maintained in the wet laboratory. 
However, this was identified as being due to a fault in the water system, that was rectified, and not 
an indication of the susceptibility of eels as an ex situ experimental test species. 
Although eels can tolerate a wide range of environmental conditions, the ip. exposure experiments 
demonstrated that shortfinned eels are biologically responsive to sub-lethal doses of selected 
chemical compounds. For example, EROD activity was found to be a sensitive and a reliable 
biomarker to chemical contaminants that elicit affects via the Ah receptor, a finding that has also 
been reported in other eel species (Chapter 11.4.1.2). While chemical induced changes in other 
biomarker responses were less forthcoming, it is clear that more fundamental research is required 
to better characterise appropriate chemical doses, biomarker response kinetics, and the relationship 
between biomarker responses, biotic and abiotic factors. For example, discrepancies observed in 
the Vtg induction responses following ip. exposure to E2 suggest a high degree of complexity in eel 
reproductive physiology. Therefore, to conclude that the shortfinned eel is an unsuitable test species 
for assessing the effects of estrogenic compounds is premature, especially when further research 
into the unique endocrine processes of eels may reveal ways to hypersensitise eels to chemicals 
acting through the E2 receptor. Similarly, immunological or substrate specificity studies to 
characterise the responses of specific GST isoforms to chemical compounds may provide more 
toxicologically relevant and sensitive effect based techniques compared to the measurement of total 
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GST activity. 
The sensitivity of EROD activity was further demonstrated in the field caging experiments. However, 
in the absence of tissue and sediment chemical residue analysis its is difficult to conclude what class 
of chemical was responsible for the observed effect at the Heathcote impacted site, and therefore 
establish a proper cause-effect relationship. However, the induction of EROD activity strongly 
suggests that these inducing factors are acting via the Ah receptor and therefore further studies at 
this site are warranted. This finding also highlights the discriminatory capabilities of biomarker 
responses exposed to complex effluents. Therefore, a realistic role for biomarkers in the risk 
assessment process is as a tool to aid in the characterisation of a suspected contaminated site and 
the results of which could then be used to decide whether further investment of scientific or 
regulatory resources is necessary. 
While marginal changes in the biomarker responses in eels caged at other sites possibly suggests 
that the caged eels were exposed to minimal chemical contaminants at that site, it is premature to 
conclude this without chemical data. However, the lack of biomarker changes coupled with standard 
water quality indices provided moderate assurance that the quality of the water is satisfactorY. 
The magnitude of chemical exposure in situ is dependent on a wide range of factors, the least of 
which are meteorological factors such as rainfall. During the field exposure period three rainfall 
events were registered which would have had increased the influx of non-point source chemicals into 
the aquatic environment, as well as releasing historical contamination via resuspension of 
contaminated sediments into the water column. While defined exposure periods provide uniformity 
to any experimental design, coinciding sampling (which whould also be influenced by the biomarker 
response kinetics) with meteorological events such as rainfall may provide a more realistic indication 
of a maximum exposure scenario. 
The application of a suite of biomarkers to characterise complex chemical mixtures using in situ 
technologies is still the most effective approach despite the inherent difficulties including coinciding 
sampling time with maximal biomarker responses. A number of generalised and specific biomarkers 
that respond rapidly and markedly to a range of chemical compounds (PAHs, PCBs, E2, CP) were 
used. However, the literature suggests that none are specific, or sensitive to low metal levels. The 
upper Heathcote River catchment serves an industrial area that contribute significant levels of zinc, 
chromium, copper, and lead into the waterways (Gilson & Mitchell 1999). Therefore, the integration 
of a sensitive and reliable biomarker for metals would have been advantageous. In addition, 
182 
information of a biomarker that responds to high metal concentrations would have been useful 
because there are many aquatic sites in New Zealand that have high loadings of metals due to 
discharges and run-off from urban, sewage, and industrial effluents (Taylor et al. 1997). Research 
in wild European eels have demonstrated high metal levels in the muscle of animals inhabiting 
contaminated sites (Batty et al. 1996; Zimmermann et al. 1999), while eel liver and kidney 
metallothionein levels have also been shown to be a sensitive biomarker of generalised metal 
exposure(Linde et al. 1999). 
The use of wild eels in this research also has a number of implications. Prior chronic exposure to 
specific environmental chemicals can have a considerable bearing on biomarker measurements. 
For example, wild fish sampled from a contaminated environment were resistant to both the toxicity 
of TCDD, and the ability of TCDD to induce EROD activity, compared to fish sampled from a 
reference site (Prince & Cooper 1995). Similarly, it was reported that there was a decreased 
responsiveness of EROD activity following prolonged exposure to Clophen A50 (Celander & Forlin 
1995; Celander et al. 1996). Furthermore, in vitro studies have demonstrated a link between a 
decline in the nuclear E2 receptor and exposure to Ah receptor antagonists (Wang et al. 1993). 
Therefore, the evidence suggests that previous exposures to chemicals have the potential to up- or 
down-regulate biological responses to ambient levels of contaminants, or subsequent chemical 
challenge depending on the chemical(s) exposed to. 
While reared fish would provide a more homogeneous group (Chapter 2.2.4), it has been proposed 
that wild eels are more adapted to field studies (Fenet et al. 1996). Furthermore, the induction of 
EROD and GST was found to be less responsive in wild European eels compared to farmed eels 
(Fenet et al. 1996). In contrast, the cortisol responses in the European eel to stress (Santos & 
Pacheco 1996) and a study in red drum (Sciaenops ocellatus) (Flood et al. 1996) on EROD induction 
found that farmed fish were less responsive to chemical challenge compared with wild eels. The 
high lipid content of the diet in the latter was suspected to have caused this response in EROD 
activity. 
In conclusion, the mixed results obtained in these in vivo experiments in the shortfinned eel, highlight 
the need for further fundamental research to better characterise the eel physiological responses to 
contaminating chemicals. Future studies also need to investigate the linkages between exposure 
effects at the lower biological level and the ecologically relevant higher order effects (individual and 
population effects). For example, measurement of energetic parameters, blood biochemistry, and 
histopathological endpoints have been used in the European eel to establish direct evidence of 
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detrimental effects. Therefore, these more direct measures of effects, coupled with residue and 
metabolite concentration data, and biomarker responses together provide an excellent opportunity 
to establish links between cause and effect. 
Sustained research on these issues is further justified given the cultural, economic and scientific 
importance of this fish species to New Zealand. Furthermore, a MfE contracted review of 
environmental performance indicators for contaminated environments has identified eels (shortfinned 
and longfinned Anguilla dieffenbachit) as suitable indicator species in relation to toxic contaminants 
in New Zealand (MfE 1998b). 
Continued research into the development of environmental quality testing strategies in the eel may 
provide not only information about the quality of aquatic ecosystems but it also an indirect measure 
of the overall state of the environment. Arguably, the state of human health is also intricately linked 
to the state of the environment. Eels are an important fishery and therefore a significant food source 
both nationally and internationally. Eels have been shown to accumulate significant tissue levels of 
metals and organic compounds from contaminated environments (Mason 1993; Batty et al. 1996; 
Tulonen & Vuorinen 1996; Weatherley et al. 1997; Hendriks et al. 1998; Zimmermann et al. 1·999). 
Therefore, utilisation of the shortfinned eel in New Zealand as a regular food source, particularly by 
the indigenous Maori, raises a number of questions relating to the human health effect of consuming 
contaminated eels (Karl & Lehmann 1993; Harrad & Smith 1999; Kuhnlein & Chan 2000). 
Chapter 13 
GENERAL CONCLUSIONS 
13.1 The Mouse and Eel Experiments 
The integration and routine use of biomarker responses alongside other conventional risk 
assessment tools, has considerable promise. In this research programme, a range of biomarker 
assays representative of biological effects to specific and generalised chemical contaminants, were 
successfully established for both the C578U6 mouse and shortfinned eel. Confirmation of the dose 
responses in each biomarker following ip. exposures to model environmentally relevant chemical 
compounds met with mixed success. Liver EROO activity consistently displayed dose dependent 
responses to compounds that elicit affects via the AhR, in both shortfinned eels and C578U6 mice. 
Although different exposure and sampling regimes were adopted for the ip. experiments conducted 
in eels and in mice, useful comparisons can be made of the EROO activities and P450 content 
between eels and mice following ip. exposure to 8[a]P. Even though the mouse high and low 
treatment groups were both exposed to a higher dose of 8[a]P (>1 O-fold) compared to the 
corresponding eel treatment groups, the level of EROO induction was slightly higher in eels. This 
could reflect a greater capacity that mice posses to metabolise and excrete 8[a]P and its metabolites 
compared to eels, or the greater sensitivity of the eel AhR to 8[a]P. In addition, EROO induction in 
the eel appeared to be relatively more sensitive to lower levels of 8[a]P, and possibly other AhR 
agonists, compared to mice. Other biomarker responses (P450 content, HSI, GST, Vtg, AChE) were 
less pronounced particularly in the eel. A number of possible causes for these results have been 
presented. It is clear that further fundamental research is required to confirm whether the general 
unresponsiveness of biomarkers observed is due to the insensitivity of eels to respond to chemical 
exposures employed in this research, or an artifact of the experimental design, before an animal 
model is deemed unsuitable. In addition, interpretation of these biomarker results must be 
considered in relation to the characteristics of the animal models used. While the mice were 
genetically identical, of the same age and sex, with a known exposure history, the eels were, in 
contrast, derived from a wild population, and sex, age and exposure history were largely unknown. 
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An attempt to confirm dose responses in mice in the laboratory under environmentally relevant 
conditions, was unsuccessful. In retrospect, the simplistic approach taken during the design of this 
exposure experiment did not adequately address key issues such as the length of exposure to the 
chemicals and the soil bioavailability. This experiment demonstrated that soil spiked with a single 
PAH will not elicit the same biological, or toxicological effects that an equivalent ip. dose would 
produce. Similarly, the expectation that spiking soil with environmentally relevant concentrations of 
B[a]P (a highly bioactive PAH compound) will produce biomarker responses similar to 'real' 
contaminated soil is unrealistic. This assumes that biomarker responses following exposure to 
contaminated soil are due to a few bioactive compounds and ignores the potential additive or 
synergistic effects of other compounds that may be present. 
In general, measurement of the biomarkers following ex situ or in situ exposures to complex 
chemical mixtures confirmed the responsiveness of EROO activity to chemical compounds that 
mediate their effects via the AhA. Soil and carcass residue analyses have confirmed the presence 
of chemicals that are AhR agonists in the mouse ex situ exposures, further demonstrating the 
combined interpretive power of biomarker and residue analyses. Unfortunately, sediment and tissue 
residue data is not available for interpretation of the eel biomarker responses and therefore the link 
between chemicals present and a biomarker effect cannot be confirmed at this stage. 
The design of the mouse ex situ exposures was a major factor in the success of these experiments. 
The ability to control a number of exogenous factors (temperature, photoperiod, diet) and 
endogenous factors (genetic homogeneity, sex, age) minimises inter-individual variation and 
facilitates the generation of standardised data. In addition, the ease of experimentation coupled with 
the volume of contaminated samples that can be processed through this system, make this in vivo 
testing framework amenable to routine assessment and characterisation of contaminated sites. 
Similarly, the eel in situ exposure design also worked well. Caging provides an ecologically relevant 
exposure while permitting more control over the age and exposure history compared to sampling 
directly from the wild population. The cage durability, transportability, coupled with the low mortality 
rate, make this system well suited for major field studies. 
13.2 Future Research 
A major advantage of in vivo models, such as mice and shortfinned eels, is their ability to manifest 
biological responses that can be indicative of chemical stress after integrating a multitude of 
exogenous and endogenous processes. However, the assignment of causality to specific chemical/s 
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becomes increasingly difficult as the number of factors that could be modulating the biological 
response increases. This difficulty is further magnified when attempts are made to link the presence 
of a chemical(s} and a biological response to higher order effects. The sheer complexity of these 
interactions underlays the paucity of clear mechanistic data demonstrating these links. This 
underlies a general reluctance amongst regulatory authorities to adopt biomarker technologies in risk 
assessment. Therefore, if the integration of in vivo based biomarkers in the mouse and shortfinned 
eel is to be realised, future research needs to be carried out to progress our knowledge in the 
following areas: 
• Broaden the suite of biomarkers to encompass responses that are also specific for metals. 
Metal contamination is prevalent in the New Zealand aquatic and terrestrial ecosystems 
(Taylor et al. 1997). Therefore, developing the in vivo capacity to measure the effects of 
metals will assist in the identification and characterisation of metal contaminated sites. 
• Biomarker baseline levels in these test species need to be further characterised to establish 
variation due to endogenous or exogenous factors so that the chemical induced effects can 
be clearly distinguished. 
• Further investigation of biomarker response kinetics and cross-talk between biochemical 
pathways is required following exposure to model and novel chemicals. This information 
will provide fundamental mechanistic data that can aid in the design and interpretation of 
complex mixture exposures 
• Establishing a quantitative and a qualitative relationship between chemical exposure, 
biomarker response and higher order (individual or population) adverse effects. This is the 
ultimate goal for any biomarker response. Elucidation of the fundamental mechanisms 
underlaying biomarker responses and physiological, behavioural and population responses 
will eventually provide the conceptual framework to establish cause and effect relationships. 
• Exploring the use of alternative models such as in vitro assays. These assays may provide 
the best opportunity to demonstrate mechanisms of action of chemicals and mixtures of 
chemicals. In some instances where multiple tests are required, or where mechanisms of 
action are being investigated, in vitro assays are more suitable than whole animal tests. 
• Whole model test systems still play an integral component of biomarker and risk assessment 
studies. Destructive sampling has been the most common form of sampling technique. 
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However, the development of sensitive non-destructive and non-invasive sampling 
techniques that provide a more ethically acceptable approach to whole animal studies 
should be explored. 
13.3 Concluding remarks 
The findings described in this PhD research represents a significant step forward with respect to 
environmental testing in New Zealand using in vivo vertebrates models, and provides a foundation 
for future research. In particular, characterisation of biomarker responses in a native species 
following chemical exposures represents not only a step towards more New Zealand specific data, 
but also a move that could lead to a more integrative and holistic form of environmental quality 
assessment. This research is timely from the point of view that under the RMA, environmental 
agencies are developing techniques that provide qualitative or quantitative evidence of adverse 
biological effects on fisheries, aquatic ecosystems, and taonga species resulting from anthropogenic 
activities such point-source and non point-source chemical contamination. Similarly, there-is an 
increasing emphasis on activities that require resource consent permits to effectively demonstrate 
minimal biological effects. Therefore, under the RMA guidelines, there is a real need for robust and 
standardised toxic effects based tests as well as an integrated approach that incorporates effects 
based testing with chemical residue assays for 'real world' scenarios. In instances where 
contaminated site remediation or pollution monitoring is required, chemical assays will ascertain site 
levels of contaminants with respect to established guideline levels. Biological effects based testing 
could establish that biological or toxic effects have been eliminated. Verification by both approaches 
using a species that has scientific and community credibility will not only progress current knowledge 
in this area but also ratify the role of the RMA to protect and sustain the life supporting capacity of 
New Zealand's land, water and air ecosystems for future generations. 
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Appendix I 
CHEMICAL LIST 
Chemical Name [ ] denotes abbreviation used in text Chemical Formula 
~-mecaptoethanol HS.CH2.CH20H 
~-Nicotinamide Adenine Dinucleotide Phosphate, Sodium salt [NADPH] C21H30N7017P304CsH13N 
1-Chloro-2,4-dinitrobenzene [CDNB] CsH3CIN204 
1,2 Benz(a)anthracene (BA) C1aH12 
1 ,5-bis(4-Allyldimethylammoniumphenyl)pentan-3-one dibromide [BW 284c51] C27H3aN20Br2 
3,4 Benzo[ajpyrene (BaP) C2oH12 
5,5'-Dithio-bis(2-nitrobenzoic acid) [DTNB] C14HaN20aS2 
Acetic acid CH3COOH 
Acetonitrile CH3CN 
Acrylamide (10% pre-made solution) CH2CHCONH2 
Agarose 
Ammonium persulphate 
Anti-mouse IgG (whole molecule) peroxidase conjugate developed in goat 
Aprotinin 
Aroclor® 1254 
Benzocaine (ethyl p-Aminobenzoate) 
Bovine serum albumin, Albumin [BSA] 
Bovine serum albumin (ELISA grade) [BSA] 
Mixed congeners 
CSH11N02 
Fraction V 
Brilliant blue R-250 C4sH44N307S2Na 
Bromophenol blue (3' ,3'" ,5' ,5" -Tetrabromophenolsulfonephthalein) C1sHsBr40SSNa 
Carbon monoxide CO 
Chlorpyrifos 0,0 diethyl 0-3,5,6-trichloro-2-pyridyl phosphorothioate (Lorsban® 40EC,) 
Coomassie brilliant blue (G-250) C47H4aN307S2Na 
Corn oil 
Dimethyl sulfoxide [DMSO] 
di-Potassium hydrogen orthophosphate (anhydrous) 
di-Sodium hydrogen orthophosphate (anhydrous) 
Dithiothreitol [DTT] 
C2HsSO 
K2HP02 
Na2HP04 (CHOHCH2SH)2 
Grade 
Biochemical™ 
98% 
98% purity 
95% purity 
97% purity 
AnalaR® 
AnalaR® 
LE 
AnalaR® 
Technical 
98-99% 
GibcoBRL 
Food Grade 
Technical grade 
Biochemical 
Food grade 
99.9% pure 
AnalaR® 
AnalaR® 
Biochemical™ 
Manufacturer 
BDH, Laboratory Supplies, England 
Boerhinger Mannheim, Germany 
SIGMA, Chemical Co., St Louis, USA 
SIGMA 
SIGMA 
SIGMA 
SIGMA 
BDH 
BDH 
BIO-RAD Laboratories, California, USA 
Boerhinger Mannheim 
BDH 
SIGMA 
Boehringer Mannheim 
AccuStandard®, Florida, USA 
SIGMA 
SIGMA 
Life Technologies, Auckland, New Zealand 
SIGMA 
SIGMA 
BOC Gases, New Zealand 
DowElanco, USA 
BDH 
Trents, New Zealand 
SIGMA 
BDH 
BDH 
BDH 
Ethanol C2HsOH AnalaR® BOH 
Ethoxyresorufin (7-Ethoxy-3H-phenoxazin-3-one) C14H11N03 SIGMA 
Ethylenediaminetetra-acetic acide [EOTA] [CH2N(CH2COOH)2]2 AnalaR® BOH 
Fluorescamine (Spiro(furan-2(3H),1 '(3'H)- isobenzofuran)-3,3'-dione, 4-phenyl) C17HlOO4 Molecular Probes Inc., Oregon, USA 
Gentamycin sulphate SIGMA 
Glutathione Reduced form Free Acid [GSH] ClOH17N306S SIGMA ultra SIGMA 
Glycerol CH2OHCHOHCH2OH AnalaR® BOH 
Heparin (Sodium heparin ate) (C12H16NS2Na3)20 Oavid Bull Laboratories, Australia 
Hydrochloric acid HCI AnalaR® BOH 
Liquid nitrogen N2 >99% University of Canterbury, New Zealand 
Lithium acetate dihydrate C2Hs02Li .2H2O AnalaR® BOH 
NNN'N'Tetramethylethylenediamine[TEMEO] [(CH3)2NCH2CH2N(CH3h] Electran BOH 
Nonylphenol [NP] CSH1SC6H40H Technical Aldrich Chemical Comp., Milwaukee, USA 
o-Phenylenediamine [OPO] C6H4(NH2)2 BOH 
Pepsin SIGMA 
Perchloric acid 70% [PCA] HCI04 AnalaR® BOH 
Phenanthroline C12HSN2 AnalaR® BOH 
Phenylmethylsulfonyl fluoride [PMSF] C7H7F02S >99% (GC) SIGMA 
Physostigmine Salicylate salt [Eserine] C1sH21N3,C7H603 SIGMA 
Polyethylene glycol 4000 H-(OCH2CH2)n -OH SIGMA 
Potassium chloride KCI AnalaR® BOH 
Potassium dihydrogen orthophosphate KH2P04 AnalaR® BOH 
Resorufin (7 -HydroxY-3H-phenoxazin-3-one) C12H6NNa03 SIGMA 
S-Acetylthiocholine iodide [ATChl] C7H161NOS BOH 
S-Acetylthiocholine iodide [ATChl] C7H161NOS 98% SIGMA 
S-Butyrylthiocholine iodide [BuTChl] CSH20NOSI 98% SIGMA 
Sodium azide NaN3 Lab. Reagent BOH 
Sodium chloride [NaCI] NaCI AnalaR® BOH 
Sodium dithionite Na2S204 Laboratory BOH 
Sodium dihydrogen orthophosphate NaH2P04 AnalaR® BOH 
Sodium dodecyl sulfate [SOS] C12H2S04SNa BIO-RAO 
Sodium hydroxide pellets [NaOH] NaOH AnalaR® BOH 
Sodium bicarbonate NaHC03 AnalaR® BOH 
Sulphuric acid H2SO4 AnalaR® BOH 
Tetraisopropyl pyrophosphoramide [iso-OMPA] C12H32N403P2 SIGMA 
Tris base (Tris (hydroxymethyl) methylamine 
Trizma base (Tris(hydroxymethyl)aminomethane) 
NH2·C(CH20H)3 
C4H11N03 
AnalaR® 
>99.9% (Ultra) 
SDH 
SIGMA 
Appendix II 
BUFFERS AND SOLUTIONS 
11.1 Cytochrome P450 Assays 
11.1.1 Part 1: Liver perfusion buffer 
Stock Solution Phosphate Buffer-acid 
0.1M KH2P04 
1mM EOTA 
1.1S% KCI 
Stock Solution Phosphate Buffer-base 
0.1M K2HP04 
1mM EOTA 
1.1S% KCI 
Working Solution of Perfusion Buffer 
13.609g/l 
0.2923g/l 
11.Sg/l 
22.822g/l 
0.2923g/l 
11.Sg/l 
Add the phosphate acid to the base until pH 7.4 is reached. Store at 4 DC. 
11.1.11 Part 2: Hepatic microsome preparation 
Homogenising Buffer - Stock Solution Phosphate Buffer-acid 
0.1M KH2P04 
1mM EOTA 
0.1M KCI 
Homogenising Buffer - Stock Solution Phosphate Buffer-base 
0.1M K2HP04 
1mM EOTA 
0.1M KCI 
Homogenising Buffer - Working Solution 
13.609g/l 
0.2923g/l 
7.4S6g/l 
22.822g/l 
0.2923 gil 
7.4S6g/l 
Add the phosphate acid to the base until pH 7.4 is reached. Make sure that the total volume of 
buffer is over SOO ml. Into a volumetric cylinder, dispense SOO ml. Store at 4-8 D C. Into this 
dissolve: 
1mM 
0.1mM 
on 
Phenanthroline 
0.0771 g/SOOml 
0.00991 g/SOO,u1 homogenising 
buffer 
Sonicate phenanthroline for S mnutes then mix well before adding to buffer. The last two ingredients 
are added immediately before buffer is used because they have a limited efficiency in aqueous 
solutions. NOTE: Phenanthroline is extremely toxic so extreme care must be taken when handling 
this chemical 
Resuspension Buffer - Stock Solution Phosphate buffer-acid 
0.12SM KH2P04 8.S0Sg/S00ml 
Glycerol (2S% v/v) 12Sml 
Mix glycerol with phosphate acid and make up to SOOml with ultra-pure (MQ) water. Store at 4-8 DC. 
Resuspension Buffer - Stock Solution Phosphate buffer-base 
0.12SM K2HP04 . 14.264g/S00ml 
Glycerol (2S% v/v) 12Sml 
Mix glycerol with phosphate base and make up to 500ml with MQ water. Store at 4-8°C. 
Resuspension Buffer - Working Solution 
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Add the acid to the base and bring up to pH 7.4 with 5N NaOH. Store at 4-8°C. This solution has 
a shelf life of approximately three months if stored under these conditions. 
11.1.111 Part 3: Spectral analysis of hepatic cytochrome P450 content 
Resuspension buffer 
As detailed above (Part 2) 
Dithionite solution 
1.14M dithionite (0.19848g/ml MQ water). Pre-weigh dithionite powder into a brown vial and keep 
on ice with the lid screwed firmly. Wrap with parafilm. 
II.I.IV Part 4: Ethoxyresorufin dealkylase (EROD) activity assay 
Sodium Phosphate Assay Buffer (Buffering range 5.8-8.0 at 25 ° Dawson et al. 1986) 
0.05M NaH2P04 3.00g/500ml 
Adjust buffer pH to 6.5 (eel EROD assay) or pH 7.6 (mouse EROD assay) with 5M NaOH. Store at 
4-8°C. 
Ethoxyresorufin Substrate 
Dissolve ethoxyresorufin in 1:1 methanol:DMSO to give a 0.5 mM stock solution (1.25 mg/10 ml). 
Dispense the stock substrate into 1 ml aliquots, wrap in foil and store at -20°C. Working solutions 
are made by diluting 500ftl of the stock solution in a volumetric flask containing 25ml of either 0.05M 
assay buffer pH 6.5 (eel) or 25m I of 0.1M assay buffer pH 7.6 (mouse). Ethoxyresorufin is light 
sensitive and must be stored in the dark. 
Resorufin Standard 
Dissolve 5.3mg of resorufin in 5ml of 0.01 N NaOH. Resorufin is difficult to dissolve therefore vortex 
for 1-2mins (Solution A). Accuracy when weighing out the resorufin is not essential because the 
exact concentration is calculated spectrophotmetrically using the Beer-Lamberts Law. This solution 
is stable at room temperature but is photosensitive and so must be kept in the dark (Pohl & Fouts 
1980). 
Take 100ftl of Solution A and dilute it up to 5ml with MQ water (Solution B). Mix well. 
Dispense 1 ml of SoluUon B and diluting it to 5ml MQ water (Solution C). Mix well and read on a 
spectrophotometer at 571 nm (UV2 uv/vis scanning spectrophotometer, Unicam, UK) to calculate 
concentration. Then add 50ftl of Solution C to 4.95ml of MQ water to produce solution D which is 
the working standard solution. 
NADPH Co-factor Solution 
Dissolve 5.625mg in 25ml of NaP04 buffer to give a 0.2699mM stock solution. 50ul added to the 
wells to give 0 .. 0675mM per well concentration. 
lI.tV Part 5: Fluorescamine assay 
Fluorescamine Stocks 
50mg/ml Fluorescamine 100mg/2ml of acetonitrile 
Fluorescamine is dissolved in acetonitrile. Aliquots (60ftl) are dispensed into eppendorf tubes and 
then vacuumed dried (Speedvac concentrator and refrigerated condensation trap, Savant 
Instruments Inc., USA) until the acetonitrile has evaporated off leaving 3mg dried fluorescamine. 
These stocks were stored desicated in the dark at -20°C until required. Caution: Acetonitrile is 
a carcinogen and therefore appropriate precautions should be taken. 
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Fluorescamine Working Solution 
Fluorescamine stock is dissolved in 10ml of acetonitrile to give a concentration of 0.3mg/ml. This 
is added directly into the assay. 
BSA stock solution 
2.4mg/ml BSA 1.2g BSAl500ml buffer 
Bovine serum albumin is dissolved in 0.05M NaH2P04 assay buffer (pH 6.5) and dispensed into 
eppendorf tubes and stored at -20°C. This is added directly to the assay to generate the 
appropriate standard concentrations. 
11.11 Glutathione 5-transferase activity assay 
GST homogenising buffer stock solution 
0.2M KH2P04 27.218g/1000ml 
Shelf life of 3 months. 
GST homogenisation buffer working solution 
0.02M KH2P04 25ml of 0.2M stock solution 
25ml Glycerol 
2mM GSH 0.15365g/2 
Make up to approx 240 ml with MQ water. Adjust pH to 7.4 with 5M NaOH and adjust volume to 
250ml. This solution can be stored overnight at 4-8°C without degradation of GSH. NOTE: An 
absence of GSH in the homogenisation buffer can result in a decline in activity of approximately 
17%. This is because GSH prevents enzyme oxidation of GST protein (Motoyama & Oauterman 
1978). 
GST assay buffer 
0.02M KH2P04 5ml of 0.2M stock solution 
Add approximately 40ml MQ water 
7mM GSH 0.107555g/50ml 
Adjust pH to 7.6 with 5M NaOH and then bring volume up to 50ml with MQ water. NOTE: This 
solution needs to be prep8,(ed fresh each day. 
100mM CONB (1-chloro-2.4-dinitrobenzene) stock solution 
100mM CONB 0.081 02g/1 Oml ethanol 
Mix well and store at 4-8 ° C in the dark. This solution is stable for 10 days if stored at 4-8 ° C in dark 
conditions. This concentration of CONB represents the maximal concentration soluble in water. At 
higher concentrations CONB will precipitate out in aqueous solutions. 
11.111 Vitellogenin ELISA development 
11.111.1 Part 1: Fast protein liquid chromatography (FPLC) 
Aprotinin 
200 Tlu/L = 200 X 26 X 0.17 jig = 0.884mg/L. 
In 10mg of crystalline aprotinin there are 2262 TIU (trypsin inhibitor unit i.e. amount of aprotinin 
required to completely inhibit 1 U of trypsin in less than 1 Omin at pH 6). The crystalline aprotinin was 
dissolved in 2260jil of MQ (1 TIU/jil). Aliquots (200jil) were dispensed into tubes and frozen at-
20°C. 
Buffer A 
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50mM Tris base 6.057g/l 
Dissolve in MQ H20 and bring to pH 8 with 0.1 M HCI. Filter sterilise buffer under vacuum by 
passage through a 0.22Jlm membrane filter (Steritop 250ml, Millipore) into a Schott boUle (one 
Steritop used to filter sterilise 1 L of buffer). Prior to use add 200TIU/L buffer of aprotinin (Boehringer 
Mannheim) and degas for 20 min under vacuum with stirring in order to reduce air bubbles (which 
can reduce the total available surface binding in the column) and remove excess CO2 (can effect pH; 
mainly of concern when using a pH gradient). Store at 4-8°C. 
Buffer B (50mM Tris base) 
50mM Tris base 6.057g/l 
0.5M NaCI 29.22g/l 
Dissolve in MQ H20 and bring to pH 8 with 0.1 M HCI. Supplement with 0.5M NaCI. Filter sterilize 
buffer under vacuum by passage through a 0.22Jlm membrane filter (Steritop, Millipore) into a Schott 
bottle (one Steritop used to filter sterilise 1 L of buffer). Priorto use add 200TIUlL buffer of Aprotinin 
and degas for 20min under vacuum (2Otorr) with stirring. Store at 4-8°C. 
Pepsin (0.2%) 
Dissolve 200mg of pepsin into 100ml of 0.1 M HCI and store at 4-8°C. 
Sodium azide (0.1 %) 
Dissolve into buffer to a strength of (0.1 %w/v) and store at 4-8 ° C. 
11.111.11 Part 2: Polyacrylamide gel electrophoresis - Reducing Conditions 
1.5M Tris pH 8.8 
1.5M Tris base 54.45g/300ml 
Dissolved Tris base in 150ml MQ H20.Adjust pH to 8.8 with 5N HCI. 
Bring up to volume with MQ water. Store at 4-8°C (1yr shelf life) 
0.5M Tris pH 6.8 
0.5M Tris base 6g/100ml 
Dissolve Tris base in 60ml MQ H20. Adjust pH to 6.8 with 5N HCI. Bring up to volume with MQ H20 
and store at 4-&OC (1yr shelf life). 
10% SDS (BIO-RAD ready made solution) 
Store at room temperature. 
10% Ammonium persulphate 
100mg dissolved in 1 ml MQ water. Note this solution must be made fresh for both the stacking gel 
and the resolving gel. 
Sample buffer: Stock 
0.5M Tris-HCI (pH 6.8) 
Glycerol 
10% SDS 
0.1 % Bromophenol blue 
MQ water 
Store at 4-8°C for up to one month. 
1.2ml 
tOml 
2.0ml 
0.5ml 
4.8ml 
Sample buffer: SDS Reducing sample buffer (20% ~-mecaptoethanol) 
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~-mecaptoethanol 25/11 
Sample buffer (stock) 475/11 
Using sample buffer with insufficient or old ~-mecaptoethanol may result in doublets at the soybean 
trypsin inhibitor and ovalbumin bands. Buffers containing ~-mecaptoethanol can be stored at -20 D C 
for up to 3 months. 
10X Running buffer 
25mM Tris base (final) 30g 
192mM Glycine (final) 144g 
1 % SDS (final) 10g 
Dissolve in 1 L MQ water. Warm to 37 D C if precipitation occurs. Dilute 30ml stock solution with 
270ml MQ water for one electrophoretic run. 
Coomassie blue solution 
0.15% Coomassie blue 150mg 
30% Methanol 30ml 
10% Acetic acid 10ml 
Bring volume up to 1 OOml with MQ water. Store at room temperature. After gel has been stained, 
the excess solution can be re-used. 
Destainer solution 
30% methanol 300ml 
. 10% acetic acid 100ml 
Bring volume to 1 L with MQ water. Store at room temperature. 
SDS-PAGE Gels Resolving gel (7.5%) 
1.5M Tris HCI 2.67ml 
40% Acrylamide 2.0ml 
10% SDS 100,u1 
MQ water 5.8ml 
Add reager:]ts to an Erlenmeyer flask. Place under a 18Otorr vacuum for 15min with stirring to de-gas 
solution. Then add the following solutions which must be fresh. 
TEMED 10,u1 
10% Ammonium persulphate 100,u1 (this must be added last) 
Gently swirl and then add the gel to the assembled gel casting mold. Total volume (10.68ml) 
Stacking gel (3%) 
1.5M Tris HCI 570,u1 
40% Acrylamide 450,u1 
10% SDS 45,u1 
MQ water 3.58ml 
Add reagents to an Erlenmeyer flask. Place under vacuum (18Otorr) for 15min at room temperature 
(23-25 DC best) with stirring to de-gas solution. Then add the following solutions which must be fresh. 
TEMED 4.5,u1 
10% Ammonium persulphate 45,u1 (this must be added last) 
Gently swirl and then add the gel to casting mold. Total volume (4.69ml) 
11.111.111 Part 2: Western blot analysis (Reducing conditions) 
Transfer buffer (pre-chill to 4 DC before using) 
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2SmM Tris base 30g 
192mM Glycine 144g 
1% SDS 10g 
Dissolve in 1 L MQ water. Warm to 37°C if precipitation occurs. Dilute SOml stock solution with 
4S0ml MQ water for one transfer run. Prepare a second batch of transfer buffer to equilibrate the 
gel, blotting paper, and pads. 
TBS (pH 7.B) 
0.01M Tris base 1.211g (or 10ml of a 1M stock) 
0.1SM NaCI B.766g (or 30ml of a SM stock) 
Add to approx BOOml of MQ water. Adjust pH to 7.B with 1 N HCI and then bring volume up to 1 L with 
MQ water. 
TBS-T (pH 7.B) 
0.01 M Tris base 1.211 g (or 10ml of a 1 M stock) 
0.1SM NaCI B.766g (or 30ml of a SM stock) 
Add to approx BOOml of MQ water. Adjust pH to 7.B with 1 N HCI and then bring volume up to 1 L with 
MQ water. Add 1 ml of Tween-20 detergent. 
Blocking solution 
2.S% BSA 1.2g 
Dissolve BSA in 40ml of TBS. Use 20ml/Ab to block the membrane. 
·TBST (pH 7.B) + 1% BSA 
1% BSA O.Sg 
Dissolve BSA in SOml of TBST. 
Primary ahtibody (raised by Dr Peter Elder, Canterbury Health Laboratories) 
Rabbit anti eel Vtg Ab 1000ftl 
Add to 19m1 of TBST (pH 7.B + 1% BSA). 
After probing membrane with antibody decant into plastic container and freeze at -BO°C. This 
solution can be re-used a number of times (up to 30 times). 
Secondary antibody (1 :3000 dilution) 
Goat anti-rabbit conjugated with alkaline phosphatase 6.7 ftl 
Add to 20ml of TBST (pH 7.B + 1 % BSA). 
BIO-RAD colour development solutions 
2Sx buffer BOOftl 
Solution A 200ftl 
Solution B 200ftl 
Add concentrated buffer to 1B.Bml of MQ water. Add remaining solutions and mix by inverting. 
II.IIUV Part 3: Immunoelectrophoresis 
0.1 M Tris-HCI pH B.B (2L) 
12.11g Trizma® Base/l MQ water therefore 24.22g/2L MQ water. Dissolve Trizma® Base in 1.5L 
MQ water. Adjust to pH B.B with 1 N HC!. Make up to 2.0L with MQ water. Buffer can be stored at 
4-BoC for up to 1yr. 
1 % Agarose Gel 
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Weigh 200mg of agarose LE into a 100ml Schott bottle and add 20m I of 0.1 M Tris-HCI pH 8.8. 
Microwave on high for 1 min (stop at 30sec and swirl contents). Watch carefully and remove from 
oven and swirl contents when solution boils (30, 45 and 55sec). Check that all agarose has 
dissolved (ie. no flecks of agarose remaining). 
Sample loading buffer (9.5ml) 
0.1M Tris-HCI 
Glycerol 
0.1 % Bromophenol blue 
MQ water 
Saline 0.9% (500ml) 
1.2ml 
1.0ml 
0.5ml 
6.8ml 
0.9% NaCI 4.5g/500ml of MQ water 
Coomassie Brilliant Blue G-250 (100ml) 
Coomassie blue 
EtOH 
MQ water 
Acetic acid 
(1% in ethanol:water:acetic acid; 9:9:2 v/v) 
Gel Destain (500ml) 
. EtOH 
MQ water 
Acetic acid 
II.III.V Part 4: Enzyme-linked immunosorbant (ELISA) assay 
Sodium bicarbonate buffer 
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45ml 
45ml 
10ml 
225ml 
225ml 
50ml 
50 mM NaHC03 4.2g 
Gentamycin 5mg 
MQH20 1000ml 
Adjust pH to 9.6 with 1 M NaOH. Store at 4-8 °C for up to 6 months. 
Tris buffered saline-Tween-20 (TBS-T) pH 7.5 
Working soln. 
10mM Tris-base 1.221 9 
0.15M NaCI 8.766g 
0.1% Tween (20) 1ml 
Gentamycin 5mg 
MQH20 1000ml 
Adjust pH to 7.5 with 5M HC!. Store at 4-8°C for up to 6 months. 
TBS-T-BSA (TBS-T + 0.5% bovine serum albumin) 
BSA (ELISA grade) 0.5g 
TBS-T buffer 100ml 
10 x soln. 
12.11g 
87.66g 
10ml 
50mg 
1000ml 
Adjust pH to 7.5 with 5M HC!. Store at 4-8°C for no more than 3 weeks (if a precipitate forms the 
solution cannot be used). 
PBS-T -Gelatin (Phosphate buffered saline + 0.1 % Gelatin) 
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To prepare 1 litre (O.02SM) 
SmM NaH PO 0.66g 
20mM Na2HPO~ 2.9g 
1S0mM NaCI 8.8g 
0.1 % (v/v) Tween-20 1 ml 
0.2SmM Thiomersal 0.1 g 
Add MQ water (approximately 700 ml) and adjust to pH 7.4 using SM NaOH. Add Tween-20 and 
thiomersal. 
0.1 % (w/v) Gelatin 1 g 
Add gelatin to 100ml of MQ water and heat to dissolve. Add to buffer preparation and make up to 
1 L with MQ water. Store at 4°C and prepare at least fortnightly. 
Alternatively prepare one litre of 10x assay buffer. 
200mM Na2HP04 
SOmM NaH PO .H20 
1.SM NacT 4 
28.76g 
6.S6g 
90g 
1% Tween-20 10ml 
2.SmM Thiomersal 1 g 
1 % Gelatin 10g 
Dissolve in buffer salts in 700-800ml of MQ water. Dissolve gelatin in 1 00-1 SO ml MQ water and 
dissolve using microwave and add to dissolved buffer salts. Add Tween-20 and make up to one litre. 
Add thiomersal and stir until dissolved. Store buffer in SOml plastic bottles at 4 ac. Dilute to 1 x as 
. requiredby heating two bottles of the 10x buffer in a water bath and adding to 900ml of warmed 
water with stirring. The pH of the 10x concentrate is 6.S-7.0, while the pH of the 1x is 7.3 at 21°C. 
pH does not normally need to be checked. 
Ammonium acetate-citric acid solution (AACA) 
. (A) Ammonium acetate solution 
SOmM Ammonium acetate 
MQwater 
(B) Citric acid solution 
0.38Sg 
100ml 
SOmM Citric acid 0.S2Sg monohydrate 
0.480g anhydrous 
MQ water SOml 
Adjust pH of solution (a) to S.O with solution (b). Store at room temperature for up to 3 weeks in a 
dark bottle. 
o-Phenylenediamine Dihydrochloride (OPD) solution 
O.Sg/L OPD 16mg 
O.SmI/L 30% hydrogen peroxide 16J11 
AACA solution 32ml 
Prepare just before use. OPD is highly toxic, always wear gloves. The above volumes are sufficient 
for two plates. 
Antiserum 
Rabbit anti-eel vitelilogenin primary antibody is diluted 1 :SOO times in TBS-T-BSA and stored in 
aliquots at -20°C. Optimisation studies revealed that a 1 :160,000 final dilution in TBS-T-BSA to be 
optimal. Goat anti-rabbit IgG conjugated secondary antibody (Horse radish peroxidase) is diluted 
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1:10 times in TBS-T-BSA buffer and frozen at -20°C in 100j.l1 aliquots. A working solution is 
'produced by diluting the stock solution to a final dilution of 1 :2000 using TBS-T-BSA buffer. 
II.lV Brain and Plasma Acetylcholinesterase Activity 
Stock assay buffer solution 
0.5 M KH2P04 68.045 giL 
Dissolve in MQ water. 
Homogenising buffer pH 7.6 
0.1 M Stock assay buffer 20ml 
10%(v/v) Glycerol 10ml 
Add approximately 60ml MQ water. Adjust pH to 7.6 with 5M NaOH. Make volume up to 100ml in 
a volumetric flask with MQ water. 
Working Assay Buffer Solution (0.1 M) pH 7.8 (optimised) 
Reconstitute 100ml of stock solution up to 400ml with MQ water. Adjust pH to 7.8 with 5N NaOH. 
Using a volumetric flask make up to 500ml with MQ water This solution has a shelf life of 
app~oximately 4 weeks. 
Dithiobisnitrobenzoic acid (DTNB) 
10mM (10 x 10-3 M) working solution 
Mr = 396.4 therefore in 10ml of 0.1 M phosphate buffer, pH 7.0, dissolve 0.03964g (3.964mg) of 
DTNB. To break undissolved DTNB sonicate for 2-3 seconds. 15mg of sodium bicarbonate 
(NaHC03) is added. This solution has a shelf life of 1-2 months if stored at 4-8 ° C and is more stable 
"at pH 7.0 than at pH 8.0. It has been reported only a small change in cholinesterase activity over 
a wide range of concentrations of DTNB indicating that the concentration of this substance was not 
critical to the performance of the assay. 
Acetylthiocholine iodide and butyrylthiocholine iodide working solutions 
78mM(78 x 10-3 M) acetylthiocholine iodide 
Mr = 289.2 therefore in 10ml of 0.1 M phosphate buffer (pH 7.0) will require 0.226g (226mg) 
Acetylthiocholine iodide was kept in a desiccator in the freezer. When dissolving the powder with 
buffer, sonicate for 5-10 seconds to break up undissolved substrate. The solution once made up 
can be stored for up to 2 days (Hill & Fleming 1982) or 10-15 days if kept at 4-0°C (Ellman et al. 
1961). 
II.V Bradford Assay 
Assay Buffer 
For instructions on these buffer see glutathione-S-transferase homogenising buffer; microsome 
resuspension buffer; and buffer A (purification of vitellogenin). 
1.84% PCA 
Add 2.63ml of 70% PCA to MQ water and make up to 100m!. 
Coomassie blue dye G250. 
Add 0.06 g of coomassie blue dye G250 to 100 ml of 1.84% PCA. Mix with magnetic stirrer and filter 
through Whatman No. 1 filter paper. Check that absorbance is between 1.3 and 1.5 at 465nm. 
BSA stock solution 
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125mg of BSA into 25ml of appropriate buffer. (5mg BSAlml buffer) 
Reconstitute BSA powder into appropriate buffer. Transfer 10ml of 5mg/ml sol. to 50ml volumetric 
flask mix well with appropriate buffer. (1.0mg BSAlml buffer) 
BSA Standards 
Oilute BSA stock solution as previously described. Transfer the BSA standard solutions into 
eppendort tubes in 1ml aliquots. Freeze at -20°C and use when required. 
II.VI Calibration Solutions for Water Quality Probe 
Condyctivity standards (2-point calibration) 
(1413jlS/cm @ 25°C; Hanna Instruments, Italy) 
(14130jlS/cm @ 25°C; Hanna Instruments, Italy) 
Ammonium standard (3-point calibration) 
(Ion Chromatography Standard 200ppm (200jlg/ml, ARISTAR®, BOH, Laboratory Supplies, 
England) 
pH calibration solutions (3-point calibration) 
(pH 4.00 +/- 0.02 @ 20°C, phthalate solution, BOH Laboratory Supplies, England) 
(pH 7.00 +/- 0.02 @ 20°C, Colourkey, BOH Laboratory Supplies, England) 
(pH 9.00 +/- 0.02, @ 20°C, borate solution, BOH Laboratory Supplies, England) 
Ammonium standard (2-point calibration) 
100mg/L Stock/Standard solution (very expensive to purchase) 
1 OOml of certified 200mg/1 NH/ -N standard was added to a 1 L volumetric flask. Next 5.2g of lithium 
acetate dihydrate (BOH) was added. The remaining volume was brought up to 1 L with Milli Q water. 
This was dispensed into large beacer with magnetic stir bar and a further 1 L of MQ water was added 
and mixed well. The contents were transferred to 2 x1 L schott bottles and 3 drops of concentrated 
HCI (100%) were added. 
1 mg/I Standard 
Exactly 10ml of the above solution (1 OOmg/L) was added to a 1 L volumentric flask. 2.6g of lithium 
acetate dihydrate was added and approximately 500mg of MQ water to dissolve reagents and then 
made up to the mark. The resulting solution was mixed well and transferred to 1 L schott bottle. 
Three drops of concentrated HCI were added and the bottle was seal and agitated to ensure 
homogeneity. 
II.VII Concentrated Acids and Bases for Adjusting pH 
II.VII.I Hydrochloric acid (SN) 
Concentrated HCI (sp gravity 1.18; 37%) solution has a Mr 36.46, therefore 37g HCI in 100ml or 
370g/1 L. If 36.46g of HCI in 1 L gives 1 M solution then: 
(370g/36.46g) x 1 M = 1 0.148M (concentrated stock) 
Therefore to prepare a 5M solution 5.0M/1 0.148M x 250m I = 123.18ml in 250m I 
II.VII.II Sulphuric acid (SM) 
Sulphuric acid is supplied as a 98% pure solution. So, there is 98g sulphuric acid/100mls or 
980g/1 L. If the Mr = 98.01 then the molarity of the concentrated stock is 9.999M or approximately 
10M. To make a 5M solution dilute the original stock by 1 :2. However, the density of sulphuric acid 
is approximately 2. Therefore 1 ml of the concentrated stock will weigh approximately 2g. Add 250ml 
of ddH20 to a large beaker and then weigh 250g of conc. H2S04 into the beaker. Make the 
remaining volume up with MQ water. Caution this solution gets very hot! 
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II.VII.l1I Sodium hydroxide (SN) 
Dissolve 1009 of NaOH pellets into 500ml of MQ water. Caution this solution gets very hot! 
Appendix III 
CALCULATION OF SPECIFIC 
ETHOXYRESORUFIN ACTIVITY 
111.1 Calculation of Resorufin Standard Curve 
The average fluoresence emitted by the standard wells was calculated over the last 1 ° readings. 
When average standard fluoresence was plotted against standard concentration the resulting curve 
was linear (FLU032 V3.01-0, BMG Lab Technologies; Microsoft Excel interface). 
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Figure 111.1: Calculation of the conversion factor that changes b.fluoresence/min to 
b.pmoles of resorufin formed/min ('conversion' worksheet) 
111.11 Derivation of the Conversion Factor 
To convert the rate of fluoresence production to rate of resorufin production the amount of resorufin 
and total fluoresence (minus blank) emitted by each standard (0 and @ respectively) was copied 
to the Microsoft Excel 'conversion' spreadsheet (Figure 111.1). 
The individual standard concentrations (pmoles resorufin/well) (0) and average fluoresence/well 
(minus blank) (@) were each summed then averaged (@ & 0). The average amount of 
resorufin/well (@) was then divided by the average level of fluoresence/well (0) to give the amount 
of resorufin (pmoles)/unit fluoresence (0) (Figure I). This factor was calculated for each run and 
used to convert the change in fluoresence/well to a change in resorufin pmoles/well. 
111.111 Convertion of Sample aFluoresence/well to apmoles of 
Resorufi n/well 
The rate of fluoresence formation/well was calculated for samples and internal standards over the 
linear region of the kinetic curve. In many cases, the increase in fluoresence over the first few 
readings is not linear (may be due to the presence of bubbles in the well). Similarly, if a sample has 
very high activity this can exceed the capability of the fluorometer to measure further increases 
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causing the kinetic curve to plateau. Therefore, it is important to determine when the plot of 
increasing fluoresence vs time is linear. This was done in either real time (active cell window) or 
post-reading within the software (FLU032 V3.01-0, BMG Lab Technologies; Microsoft Excel 
interface). The change in fluoresence/well for samples (0) and internal references (@)werecopied 
to the 'conversion' spreadsheet and multiplied by the conversion factor, to convert fluoresence/well 
to pmoles of resorufin/well (~ & 0) (Figure 2). 
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Figure 111.11: Conversion of 6fluoresence/min to 6pmoles resorufin/min 
('conversion' worksheet) 
III.lV Calculation of Well Protein Concentration (fluorescamine assay) 
Protein concentrations in the sample and internal reference wells were derived from the BSA 
standard curve which was fitted with the 4-parameter fit equation (FLU032 V3.01-0, BMG Lab 
Technologies; Microsoft Excel interface). This concentration data 0 was copied to the 'conversion 
spreadsheet (Figure III). 
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Figure IIL1I1: Calculation of protein concentration in sample and internal reference 
wells ('conversion' worsheet) 
III. V Calculation of Specific Activity 
The change in pmoles resorufin/min/well for samples and internal references were divided by their 
corresponding protein concentration/well to give the specific activity (Figure 4). Sample replicates 
were averaged and reported as sample activity (0). 
SaJroIe Descriol 
orlMilosl",,-
orlMilos hiQh 
orll'llllos km 
P450 ... ", I IVI r (pmoles ....,nr" protein) 
P450 Pctivity In plate """I 
LRep Rep 2 
001023 
. l148;!i 
.00730 
i J nicrosornaJ ,",olein) J rricrosornaJ IXolein) ISanlJIe Description 
1 Rep 3 Rep' IRep2 1 Rep 3 
0.001053E 0.000996645 1.023416318 063682035 I, IaN 034581 
0.001466C 0,0012847 1.46290291: 1.468(:g437" Chlor!¥ifoshigl 1.4112091 
0.0008312 0.000823979 0.730577984 0.631265792 
0.000400! O.~ 0.401082472 
0.0005491 0.000810457 0.59209774 
0.0011083 0.001037014 0.979537746 
0.0004959 0.00066852 0.62725605!! 
0.0009101: O.OIKl94T 0.884484184 
.1053249C 
0.495937177 
IaN 
!high 
. 0.46337~ 
037014051 I#38NP high 1.041625567 
0.6685198731#44 ChlorJlYI1fos km 
rOi 102< 0001792C 001 2131224 2.43775905 1.792096265 2. 
,higtl U.W/4/~, 
12.1203591l7E 
SaJroIe Descriol "otaJ P450JlctMty 
B'P J'!ep 2 Rep 3 
Eellnt Sid HiOh jJ.041C539J.81 0.043998241 0.08238310 
Eellnt.::;to .ON . 00310981 0.0IJ0987491 0.0 KJ674968 
.125366817 
0.548913: 
41.05391637 43.99824C lint. Sid High 149.1450671 
1598C 0.987491 0.6749656:IEellni. Sid LaN 10.859479941 
Figure IIL1V: Calculation of specific activity ('conversion' worksheet) 
Appendix IV 
Chemical Residue Analyses 
IV.I Polyaromatic hydrocarbon and organochlorine analyses 
IVJJ Mouse Carcasses 
Mice were stored at -20°C in plastic bags. A weighed portion of tissue was homogenised with a mix 
of Acetone:NaCI solution and PAH's extracted into hexane Interfering components in the hexane 
extract were removed by passing it through a Solid Phase cartridge system. The elutriate was then 
made to volume and PAH's determined with external standards by gas chromatography mass 
spectrometry in the selective ion monitoring mode (GCSMS-SIM). The GCMS configuration 
consisted of splitless injection into a fused glass capillary column and detection by electrical 
ionisation into a quadrapole mass separation system utilising selective ion monitoring (LincLab, 
Lincoln). 
IVJ.II Soil 
Soil was stored at -20 ° C in glass bottles. Prior to analysis, samples were thawed and 10g extracted 
into hexane. Analysis for PAHs from this point on was as described for mouse carcasses (LincLab, 
Lincoln). Total petroleum hydrocarbon content were detected using gas chromatography with a 
flame ionization detector (GC-FID). Briefly, hydrocarbons were extracted using n-pentane and a 
portion of the extract was analysed by GC-FID (Hill Laboratories, Hamilton). 
IVJ.II Sediment 
For all caging sites, sediment samples were collected at the beginning and at the conclusion of the 
exposure period. Surface sediment samples were from taken immediately upstream of the deployed 
cage and transferred into a precleaned, 1 OOml glass jar Excess water was decanted off from the top 
of the jar as the sediment settled. Samples were frozen at -BO°C until analysis. 
IVJJII Eel Carcasses 
For the PAH and OC analyses, a transverse section (approximately 60g) of whole eel body were 
taken immediately posterior of the anal vent using stainless steel dissection equipment. Whole 
sections were fu rther sectioned along the midline to provide 2 x 30g identical sections. Both sections 
were transferred to labelled plastic zip-lock bags. One half was used for the respective analysis, and 
the other half was stored at LincLab at -20°C as an identical back-up. Once sectioned the tissues 
were stored on ice and transported directly to LincLab. Tissue PAH residues were determined as 
described previously (LincLab, Lincoln). 
IV.II Plasma 17-P estradiol analyses 
Plasma samples were thawed and 200,u1 transferred to new eppendorf tubes. These were re-frozen 
and transported to Forest Research Institute on dry ice for E2 analysis. 17~-estradiol was measured 
in eel plasma by radioimmunoassay (RIA) Free and bound E2 in the plasma samples was extracted 
using ether, and the extract was reconstituted in a phosphate buffer system. 17~-estradiol was 
measured in a competitive RIA utilising radiolabelled E2 (2,4,6,7-3H-17~-estradiol) (Lower limit of 
detection 0.19ng/ml; Upper limit of detection 144.25ng/ml) according to the method of McMaster et 
al. (1992). 
Appendix V 
BEDDING SUBSTRATE: EFFECTS ON 
MOUSE CYTOCHROME P450 RESPONSES 
Vol Biomarker Responses 
There was no significant effect of bedding substrate (steel mesh orclean soil) on the P450 biomarker 
responses (Figure V.I). 
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Figure V.I: Cytochrome P450 responses in female C57BU6 mice 21 days following 
housing in cages containing stainless steel mesh flooring or clean soil. Treatment 
group means (+80) are shown (n=6). 
Appendix VI 
SPIKED SOIL EXPERIMENT 
VI.I BIOMARKER RESPONSES 
Analysis by ANOVA revealed no significant treatment effects in EROO activity or HSI. However, 
significant treatment effects which were dependent upon the week of sampling and the day of 
sampling were measured for total P450 concentration. Examination of the raw data to interpret 
these complicated interaction effects revealed that there were differences in P450 concentration 
between days which in turn was creating the highly significant interaction effects between day of 
sampling, week of sampling and treatment which in effect was creating a false significance. From 
a biological perspective these results are difficult to justify. In the absence of any main effects in 
EROO activity, which is the most sensitive biomarker to PAH contamination, there are unlikely to be 
major changes in total P450 concentration. 
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Figure VI.I: Hepatic EROO activity (back-transformed mean +SO) in female 
C57SU6 mice (n=6) 1, 2, and 3 weeks following exposure to one of two soil 
concentrations of S[a]P or SA. 
257 
0.6 
_1 Week 
IIlI!IiI 2 Weeks 
c 0.5 _ 3 Weeks 
'(j) 
+-' 
e 
0. 
(ij 0.4 
E 
0 (/) 
0 
... 0.3 (,) 
'E 
0) 
E 0.2 en 
Q) 
'0 
E " 
c 0.1 , 
0.0 " 
o (Control) 0.2 (S[a]P) 20 (S[a]P) 0.2 (SA) 20 (SA) 
PAH Soil dose concentration 
Figure VI.II: Total hepatic cytochrome P450 concentration (mean +8D) in female 
C57BU6 mice (n=6 except for O.2mg/kg BA at week 3 and 20mg/kg at week 2 
where n=5) 1, 2, and 3 weeks following exposure to one of two soil concentrations 
of B[a]P or BA. 
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Figure VI.III: Hepatosomatic indices (mean +8D) in female C57BU6 mice (n=6) 
1, 2, and 3 weeks following exposure to one of two soil concentrations of B[a]P or 
BA. 
Appendix VII 
CALCULATING AN IP. DOSE FOR THE EEL 
CHLORPYRIFOS EXPOSURES 
The use of LCso bioassays is traditionally longer, more expensive, and involves contaminating a 
water source with the test compound. Hodson et al. (1984) proposed using ip.-LDso values to 
perform the same task which was quicker, cheaper and did not involve contaminating the water 
supply. They discovered that when the ip.-LDso value was divided by the logarithm of the octanol-
water partitioning coefficient (Row) there was a good correlation (r2 = 0.82) between this value and 
the square of the LCso value (Hodson et al. 1984). An outline of the calculations used to generate 
an appropriate ip. dose for chlorpyrifos are given below (Equation VII.I). 
I LD~o =O.3483+103x10·4x(LC sO )2 where: 
og ow 
LC so for chlorpyrifos = 3J.lg I L 
MW for chlorpyrifos = 350.6 
Row for chlorpyrifos = 50,000 
Rearranging the above formula to solve for LDso we get: 
LDso (mmoles/kg) = 0.3483+103x10·4 x(LCsO }2 (J.lmoles/L) 
LC so =3M/L (Worthing & Hance 1991) 
MW = 350.6 
Row =50,000 
Step 1: Convert LC value from J.lg I L into m moles I L 
3x10·6 gIL 
350.6 8.556 x 1 O-flmoles I L = 0.008556J.lmole I L 
therefore (LC 50}2 = 6.4 x 1 0-0 J.lmmoles I L 
Step 2: Substitute values into rearranged formula 
LDso (mmoles/kg}=0.3483+103x10·4 x6.4x10-O x log 50,000 
therefore LD50 = 0.3483m moles I kg 
Step 3: Convert LD value from mmoles I kg to mg I kg 
0.3483 x 350.6 = 122mg I kg (LD50) 
Equation VII.I: Mathematical conversion of a Leso value to a LDso value. 
Using published LCso values for rainbow trout (Worthing & Hance 1991), combined with the Row, MW 
for chlorpyrifos, an LDso value was estimated (Hodson et al. 1984) (Equation VII.I). This value 
(122mg/kg) was decreased by one and two-orders of magnitude to provide the high (10mg/kg) and 
low (1 mg/kg) chlorpyrifos ip. doses respectively. 
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Appendix VIII 
WATER PARAMETER VALUES FROM THE IN 
SITU CAGING EXPERIMENT 
The maximum, minimum and mean values for selected water parameters at the impacted and 
reference sites are given below. The values represented below are derived from four separate 
readings that were taken every two hours beginning at 8:00am (pristine site) and 8:30am (impacted 
site). A total of two readings were taken at each site over the course of the exposure. 
Table VilLI: The maximum, minimum and mean values for selected water 
parameters at the impacted and reference Halswell sites. 
HALSWELL Data Collection 28-1-2000 Data Collection 16-2-2000 
Pristine site Min. Max. Mean Min. Max. Mean 
Temperature (CO) 13.2 15.1 14.4 13.2 13.91 13.5 
00(%) 65.5 104 74.45 69.2 81.5 74.7 
pH 6.77 7.58 7.24 7.14 7.28 7.2 
Conductivity (mS/cm) 0.133 0.14 0.137 0.134 0.136 0.135 
Ammonium (mglL) 0.36 0.15 0.26 7.24 9.83 8.35 
Ammonia (mglL) 0 0 0 0 0 0 
Impacted site Min. Max. Mean Min. Max. Mean 
Temperature (CO) 15.1 16.5 16 14.4 14.6 14.4 
00(%) 77 80.7 82.52 65.3 89.5 73.95 
pH 7.41 8.36 7.88 7.22 7.5 7.36 
Conductivity 0.155 0.158 0.157 0.148 0.15 0.149 
Ammonium (mglL) 0.6 0.31 0.43 9.39 15.42 11.8 
Ammonia (mglL) 0 0 0 0 0 0 
Table VIILlI: The maximum, minimum and mean values for selected water 
parameters at the impacted and reference Heathcote caging sites. 
HEATHCOTE Data Collection 1-2-2000 Data Collection 20-2-2000 
Pristine site Min. Max. Mean Min. Max. Mean 
Temperature (CO) 13.3 13.7 13.5 14.1 15.8 15 
00(%) 67.66 77.2 72.3 87.4 103.51 94.97 
pH 7.3 7.54 7.4 7.99 8.17 8.08 
Conductivity (mS/cm) 0.15 0.15 0.15 0.15 0.16 0.153 
Ammonium (mg/L) 0.03 0.02 0.03 1.67 2.28 1.89 
Ammonia (mg/L) 0 0 0 0 0 0 
Impacted site Min. Max. Mean Min. Max. Mean 
Temperature (CO) 13.4 14.13 13.7 14.1 16.82 15.4 
00(%) 76.7 93.8 85.65 82.7 101.42 90.54 
pH 7.2 7.61 7.44 7.89 8.04 7.97 
Conductivity 0.1 0.17 0.144 0.17 0.19 0.183 
Ammonium (mg/L) 0.04 0.04 0.04 3.58 8.56 6.44 
Ammonia (mg/L) 0 0 0 0 0 0 
Table VIILlII: The maximum, minimum and mean values for selected water 
parameters at the impacted and reference Southbrook caging sites. 
SOUTBROOK Data Collection 3-2-2000 Data Collection 22-2-2000 
Pristine site Min. Max. Mean Min. Max. Mean 
Temperature (CO) 12.8 13.5 13.2 13.4 16 14.7 
00(%) 88.4 93.66 90.26 85.99 95.04 90.01 
pH 7.12 7.3 7.21 7.29 7.58 7.39 
Conductivity (mS/cm) 0.09 0.09 0.09 0.07 0.09 0.08 
Ammonium (mg/L) 1.13 1.26 1.18 0.85 1.3 1.05 
Ammonia (mg/L) 0 0 0 0 0 0 
Impacted site Min. Max. Mean Min. Max. Mean 
Temperature (CO) 13.7 14.6 14.1 14.2 17.1 16 
00(%) 95.3 101.78 98.31 52.9 112.18 91.96 
pH 7.49 7.9 7.71 7.35 7.66 7.57 
Conductivity 0.12 0.13 0.125 0.12 0.14 0.13 
Ammonium (mg/L) 27.57 30.29 29.04 25.57 39.47 34.81 
Ammonia (mg/L) 0 0 0 0 0 0 
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